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1 Introduction 

Filamentous fungi are ubiquitous, evolutionarily successful group of eukaryotic 

organisms that play various vital roles in Earth’s ecosystem (Smith and Read, 2008). They are 

efficient and essential decomposers of complex organic matter (especially that of plant 

origin), including cellulose, lignin, chitin and keratin. They are involved in processes of 

nutrient recycling and humification, thereby affecting biogeochemical cycles of various 

elements (Gamauf et al., 2007; Klein and Paschke, 2004). Their importance in terrestrial 

habitats is also highlighted by their significance in formation and stabilization of soil 

aggregates. There is also an aspect of various types of mutualistic symbioses that makes fungi 

essential for wide range of organisms (Christensen, 1989). 

Diverse in morphology, physiology and ecology, fungi have also negative impact on human 

welfare as agents of plant diseases, biodeterioration or as animal and human pathogens 

(Arzanlou et al., 2015). However, they have been also harnessed for their metabolic activity in 

commercial applications. They are useful in production of proteins or some simple organic 

compounds (McNeil and Harvey, 2006); and fermented foods and beverages have been part 

of human diet for millennia (Bennett, 1998). 

All ecosystem-level functions carried out by filamentous fungi will be influenced in 

contaminated areas, where metal and metalloid pollutants can negatively affect their survival, 

fitness, and physiology, such as hyphal growth and the ability to produce extracellular 

enzymes or secondary metabolites (Dighton, 2016). To minimize the adverse effects of 

exposure to critical concentrations of toxic metals and metalloids, fungi execute various 

morphological, physiological and molecular changes to maintain the cell homeostasis. 

Various extracellular and intracellular mechanisms increase metal(loid) tolerance in fungi by 

avoiding entry of metal(loid)s and reducing their burden in cytosol (Bellion et al., 2006). 

However, these natural “detoxification” processes can be also exploited for (i) remediation of 

contaminated areas or (ii) recovery of metals and metalloids from secondary ore and waste 

materials. This includes mostly processes of biosorption, bioaccumulation, biovolatilization 

and bioleaching which are shortly discussed in this work. 
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2 Fungal cell wall and its significance for toxic metal(loid)s 
immobilization 

The fungal hyphae consists of chains of elongated cells which expand from the top 

apex of the cell (Brand and Gow, 2009). Its growth is accompanied by secretion of 

exoenzymes involved in lysis of substrates and cell wall synthesis (Archer and Wood, 1995). 

Cell wall of filamentous fungi consists mainly of crosslinked polysaccharides. This dynamic 

structure protects cells against changes in osmotic pressure and various environmental 

stressors. Cell wall’s major chemical components are chitin, glucans, mannans, and 

glycoproteins (Bowman and Free, 2006). 

Fungal cell wall is rigid, but flexible “exoskeleton”. The flexibility of this structure is 

essential for rapid and effective response to external and internal stimuli. Microscopic 

filamentous fungi dynamically change their internal pressure, in accordance with the effect of 

(exo)enzymes, in order to control the hyphae growth in direction of nutrient gradient or 

chemoatractors (e.g. hormones), and to avoid unsuitable habitats (Steinberg, 2007). 

Fungal cell wall is a very complex structure. The components of the fungal cell wall are 

divided into: (i) structural components, in particular chitin, β(1-6) -glucan and the β(1-4) -

glucan; (ii) intra-structural component known as a matrix, formed mainly of mannoproteins, 

galacto-oligosaccharides, xylo-mannoproteins, glucuronate-mannoproteins and α(1-3)-glucan. 

Other major chemical components are various amino acids covalently or non-covalently 

linked to polysaccharides, and lipids and their derivatives (Feofilova, 2010). The fibrils of 

chitin (poly-N-acetyl-D-glucosamine) in complex with glucans form the basic structure of the 

cell wall. 

The cell wall’s biopolymers provide a wide range of functional groups which interact with the 

dissolved ions of potentially toxic elements in the environment. These are in particular 

carbonyl, carboxyl, hydroxyl, thiol, and amino groups. If deprotonated, these Lewis bases 

interact with metal cations on cell wall surface to create internal or external surface 

complexes. Ions and molecules, however, may interact with the cell wall in terms of a three-

dimensional structure and can be incorporated into its matrix (Gadd, 2009). Thus, fungal 

biomass provides structurally diverse functional groups that can effectively bind and 

immobilize potentially toxic components from the environment via mechanism of 

biosorption. The chemical composition and structure of the fungal cell wall is therefore 
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essential for its use in the remediation processes. Any change in chemical composition or 

structure may significantly affect biosorption efficiency. Our experimental results, depicted 

on Fig. 1, show that treatment of Aspergillus niger and Neosartorya fischeri biomass surface 

with 0.1 mol.L-1 HCl resulted in decrease of biosorption capacity for As(V). This was not 

unexpected, as similar results were reported by Sathishkumar et al. (2008) who studied As(V) 

uptake by native and pre-treated biomass of Aspergillus fumigatus in column mode adsorption 

study where acid treated fungal biomass showed minimum As(V) removal. In our batch 

experiment, acid treatment had more pronounced effect on N. fischeri strain’s biomass 

sorption capacity compared to that of A. niger. Such significant difference in sorption 

performance of studied fungal strains after acid treatment points to potentially distinct 

composition of their cell walls. Besides other chemical modifications of cell wall’s 

biopolymers, hydrochloric acid hydrolyses intrachain glycosidic linkages and glycosidic 

linkages of branching points (Jelsma and Kreger, 1975) which affects distribution of available 

sorption loci, and thus, the overall biosorption performance. 

 

Fig. 1: Biosorption of As(V) by native and chemically modified fungal biomass with 1.0 mg.L-1 initial As(V) 
concentration (Littera et al., 2011). 

Structure and properties of the cell wall and cell surface are also affected by the presence and 

availability of potentially toxic elements in the fungal environment. They mostly affect (i) 

morphology and structure of the mycelium, (ii) physiological functions of membrane and the 

cell wall, (ii) activity of exoenzymes and (iv) synthesis and the secretion of secondary 

metabolites and building blocks of cell wall’s polymers (Mishra and Malik, 2013). This 
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results from the general ability of potentially toxic metals and metalloids to form strong 

coordination bonds and thereby (i) block the essential functional groups in macromolecules, 

(ii) substitute essential metals in biologically important molecules, (iii) alter their 

conformation and (iv) undermine the integrity of the cell membrane (Kiss and Osipenko, 

1994; Ochiai, 1987). 

A common manifestation of stress on a macroscopic scale is modification of structure and 

morphology of mycelium. This relates to (i) distortion of catabolic pathways and ATP 

synthesis which reduces the growth rate, and (ii) alteration of the growth apex activity and 

reduction in branching of hyphae which result in the disruption of the mycelium’s edge and 

reduction of its surface area (Lundy et al., 2001). In the latter case, it is a natural phenomenon 

that manifests in a hostile environment which forces fungus to change its growth strategy. In 

the presence of Cu(II) the Trichoderma virens strain produces long, unbranched hyphae which 

main purpose is to survey the substrate. At the end of the hyphae, the aggregated mycelial 

structures are formed. Their formation is probably inspired by efforts of microorganism to 

reduce the toxic metal exposure (Fomina et al., 2003). However, there is also a local pre-

concentration of extracellular detoxifying agents with chelating properties (e.g. organic acids, 

siderophores), precipitating agents (e.g. oxalate), metal-binding pigments (e.g. melanin) and 

polysaccharides (Baldrian, 2003; Gadd, 1993). This strategy significantly increases the 

viability of filamentous fungi in presence of toxic contaminants (Gadd et al., 2012). 

Ions of metal(loid)s are also responsible for changes in cell wall’s pigments and other 

secondary metabolite production. Synthesis of pigments, which effectively bind metals (Mani 

et al., 2015), is intensified in presence of toxic metal(loid)s. Fungal isolate Penicillium sp. 

significantly increases production of yellow pigment in the presence of Zn2+ (Ezzouhri et al., 

2009). These pigments are important components of the fungal cell wall (Pihet et al., 2009); 

and because of the presence of various active groups with high affinity to a toxic elements, 

they also significantly contribute to reduction of fungal sensitivity towards the elevated 

concentrations of potentially toxic metal cations (Caesar-Tonthat et al., 1995; Fogarty and 

Tobin, 1996). Similarly, the extracellular surface active compounds reduce the toxic effects of 

the elements. Curvularia lunata produces glycoprotein type compound which contributes to 

filamentous fungal resistance to Cd2+, Zn2+ and Pb2+ (Paraszkiewicz et al., 2007). 



Urík, M.: Interactions of toxic metals and metalloids with fungi 
 

 
Bratislava, 2017  6 
 

Production of all above mentioned metabolites, however, is non-specific response to stress, 

including exposure to toxic metals. Their production is mostly dependent on the availability 

of nutrients which are not limited in standard laboratory cultivation media. Laboratory 

cultivation enables microorganisms to produce secondary metabolites without restriction of 

nutrient availability. This factor should therefore be taken into account when extrapolating 

laboratory based experiments for more limited in situ conditions. 

 

Fig. 2 Relative biomass dry weight increase or decrease compared to Sb(III)- and hausmannite-free control after 
14-day cultivation period in hausmannite treatments (MP) and treatments without mineral phase (NMP). Values 
in legend indicate initial antimony concentrations in culture media (Milová-Žiaková et al., 2016). 

We have reported that excess of nutrients eases the toxic metals and metalloids’ negative 

effect on growth parameters. For example, uptake and distribution of manganese is critical for 

proper function of various manganese-requiring enzymes, including free radical detoxifying 

enzymes (Whittaker, 2010). Unambiguously, manganese excess enhances fungal growth and 

disrupts the deleterious effects of Sb(III) (Milová-Žiaková et al., 2016). Fig. 2 highlights that 

the biomass dry weight in hausmannite [(Mn2+Mn3+)2O4] presence was significantly higher 

compared to control, even in Sb(III) treatments. This finding is also explained by (i) excellent 

sorption properties of applied mineral phase restricting antimony bioavailability in culture 

media during initial growth phases and (ii) its role as fungal growth enhancing nutrient (Ball 

and Banik, 2011; Behera et al., 2013). 
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2.1 Biosorption 

Almost all interactions of metals and metalloids with cell wall’s components that lead 

to immobilization of designated toxic chemical species is generally described as process of 

biosorption. Therefore, biosorption, in context of this work, is defined as a process of pre-

concentration of various soluble potentially toxic elements and their species from liquid 

medium onto/into biological surfaces (Gadd, 1990). In case of filamentous fungi, the 

biological surface is considered the cell wall and outer part of plasmatic membrane. It is also 

the first barrier to avoid the entry of substances into the intracellular space. Biosorption, in 

contrast to bioaccumulation, is process which is independent on metabolic energy (Tobin et 

al., 1994). However, metabolic processes can influence the biosorption efficiency indirectly, 

e.g. by metabolically induced changes in speciation of given analyte, and by actively 

regulating the formation, composition and behaviour of the cell wall, as indicated previously. 

Biosorption is an extremely complex process which involves various physical and chemical 

interactions on outer surface and within the cell wall. This includes metabolically independent 

and mechanistically complex processes of complexation/coordination, microprecipitation, 

adsorption, ion exchange and redox reactions (Tsezos, 2014) which usually take place 

simultaneously. Fungal Rhizopus arrhizus biomass sequesters U(VI) from aqueous media at 

least by three processes which include coordination and adsorption within the cell-wall chitin 

structure and microprecipitation of uranylhydroxide (Tsezos and Volesky, 1982). However, 

the precise binding mechanism is usually unknown and ranges from physical to chemical 

binding (ionic and covalent) (Brady and Tobin, 1995). 

Because biosorption of monovalent and divalent cations (most studied toxicants in biosorption 

experiments) is usually accompanied by hydrogen cation or Ca(II) or Mg(II) displacement 

from the biomass, various authors suggest that biosorption occurs mainly via ion exchange 

(Davis et al., 2003; Naseem Akthar et al., 1995). Thus, biosorption is considered reversible 

process, except when microprecipitation is involved which may significantly inhibit 

desorption and shift the equilibrium unpredictably (Naja and Volesky, 2011). This happens by 

formation of new sorption loci on precipitates and also nonspecific deposition of precipitated 

substances in cell wall. Furthermore, precipitation may occur independently in bulk solution 

as a result of secondary metabolite production or leaching of substrate. Dolomite leaching by 

unknown species of Mucor and Rhizopus and simultaneous production of oxalate leads to 

sequential precipitation of Ca-oxalates which engulfs the fungal hyphae and lines the inner 
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cell wall (Kolo and Claeys, 2005). Similarly, our results highlight the formation of new 

biogenic mineral phase during 14-day cultivation of A. niger (Milová-Žiaková et al., 2016). 

Filamentous fungi naturally produce great amount of oxalic acid (Aung and Ting, 2005; 

Santhiya and Ting, 2005) which is a suitable substrate for manganese biomineralization. The 

newly formed manganese containing biomineral was identified by XRD (Fig. 3) as oxalate 

monohydrate - lindbergite [Mn(C2O4).H2O)]. This unique fungal ability of rapid manganese 

biotransformation indicates the possible role of filamentous fungi as geoactive agent in 

manganese transformation (Mohanty et al., 2017) which also possesses capability to affect 

environmental fate of some nutrients and pollutants via sorption processes. Such newly 

formed biogenic mineral phase may serve both as a sink of heavy metals and natural barrier 

preventing entering cell interior (Fomina et al., 2005). This is why some authors differentiate 

between biosorption (as initiation of precipitation) and microprecipitation (Chubar et al., 

2013), while others highlight precipitation significance for metal and metalloid biosorption by 

listing it as one of the biosorption mechanisms (Wang and Chen, 2006). 

 

Fig. 3 XRD patterns of synthetically prepared and biotransformed manganese mineral phases highlight fungal 
transformation of hausmannite [(Mn2+Mn3+)2O4] to lindbergite [Mn(C2O4).H2O)] (Milová-Žiaková et al., 2016). 

Nevertheless, the sorption experiments using common fungus Rhizopus arrhizus (Brady and 

Tobin, 1995) indicate that ion exchange is neither the sole nor the main biosorption 

mechanism, and while hard metals exhibit ionic bonding, borderline ions exhibit significant 

degree of covalent bonding. Therefore, the soft ions (e.g. Pb2+ and Ag+) are sorbed 

preferentially, and biosorption capacity of given biomass positively correlates with the 

covalent index of metal ions (Chen and Wang, 2007; Kogej and Pavko, 2001). Especially the 
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amino groups on the chitin and chitosan (deacetylated form of chitin) chain serve as efficient 

chelation sites and can be considered a strong Lewis base. In acidic solutions, these can be 

easily protonated and cause electrostatic attraction for anionic metals and metalloids (Guibal, 

2004). Thus, chitosan and chitin have been applied successfully as efficient sorbents in 

various studies (Liu et al., 2013; Wang and Chen, 2014). On the other hand, esterification of 

carboxylic groups in fungal biomass of Penicillium chrysogenum and Trichoderma reesei 

significantly decreases the removal efficiency of Zn2+ by 55% and 70%, respectively (Fourest 

et al., 1996). This highlights the significant contribution of other cell wall functional groups in 

biosorption, and that the biosorption mechanism is mostly affected by chemical and physical 

properties of the fungal cell wall, analyte chemistry, but also involvement of environmental 

factors and metabolic processes prevailing in outer and inner cell environment (Bellion et al., 

2006; Gadd, 2009). Furthermore, cell wall has some type of individual building structure 

hierarchy that determines its functionality and variability and also reflects the unique external 

and internal factors of the organism. It is clear that the presence of specific functional groups 

is important for biosorption phenomenon; however, it is also necessary to know structural and 

morphological characteristics of the cell walls. Therefore, studies on the chemical properties 

and binding force of certain reactive sorption position on cell wall must be also 

complemented with information on its structural availability. Some highly reactive functional 

groups cannot be made available due to the fact that they are blocked within the structure of 

cell wall’s biomacromolecules, or are located in the hydrophobic parts of the cell wall (Tigini 

et al., 2010; Torkkeli et al., 2002). 

 

2.2 Evaluation of uptake kinetics and sorption properties of fungal biomass 

Evaluation of biosorbent’s sorption performance in removal of potentially toxic metals 

and metalloids from aqueous media is generally oversimplified and mostly applies empirical 

equations of sorption kinetics and isotherm models. However, there is an extensive effort 

given to understanding of theoretical basis behind these mathematical models with 

overwhelming scientific discussion (Azizian, 2008; Liu and Liu, 2008). Although these 

empirical models usually describe the experimental data well, they cannot provide any 

relevant information on exact mechanism of sorbate binding (Kratochvil and Voleski, 1998). 

The reason behind is that the theoretical basis of any model is hardly applicable to all types of 

biosorption mechanisms which act simultaneously. As discussed previously, this involves 
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physical sorption (electrostatic interactions, van der Waals forces), but also the chemisorption 

(ion exchange, complexation/chelation) (Davis et al., 2003). 

Table 1 Most common models of sorption isotherm (modified from their original form) which are applied in 
biosorption experiments (Seq is the amount of solute sorbed per unit weight of sorbent (mg.g-1); Ceq is the 
equilibrium concentration of solute in the bulk solution (mg.L-1); R is the universal gas constant (8.314 J.mol-1.K-

1); T is the absolute temperature (K)). 
Isotherm model Equation Parameters Reference 

Langmuir 

eq
bC

eq
bCS

eq
S




1

max
 

b is the constant related to free energy of 
sorption (L.mg-1); Smax is the maximum 
sorption capacity (mg.g-1) 

Langmuir 
(1918) 

Freundlich 
n

C
F

K
eq

S
/1

  
KF is a Freundlich constant indicative of the 
sorption capacity at unitary Ceq (L.g-1), n is a 
sorption site heterogeneity factor 

Freundlich 
(1906) 

Temkin  eqCTA

Tb

RT
eqS ln  

AT is a Temkin isotherm equilibrium binding 
constant (L.g-1); bT is a Temkin isotherm 
constant related to heat of sorption (J.mol-1) 

Temkin (1941) 

Dubinin-
Radushkevich 





































2

1
1lnexp

eqC
RTDBDSeqS  

SD is a Dubinin-Radushkevich constant 
related to sorption capacity; BD (kJ2.mol-2) is 
a constant related to the mean free energy of 
sorption 

Dubinin and 
Radushkevich 
(1947) 

Redlich-Peterson 
eqCRa

eqCRK

eqS



1

 

KR (L.g-1) and aR  (L.mg-1) are the Redlich-
Peterson isotherm constants; β is the 
exponent, which transform equation into 
Langmuir isotherm and Henry’s law at 
values of 1 and 0, respectively 

Redlich and 
Peterson (1959) 

Sips 
 
 deqCSk

d
eqCSk

m
S

eqS



1

 
Sm is Sips maximum sorption capacity 
(mg.g-1); kS is the Sips constant (L.mg-1); d 
is the exponent of the Sips model 

Sips (1948) 

 

In terms of isotherm analysis, these mathematical models, given in Table 1, correlate 

biosorbent’s sorption capacity at equilibrium (Seq) and equilibrium concentration of analyte 

(sorbate) in solution (Ceq). Thus, sorption capacity has to be experimentally measured for 

different initial concentrations of sorbate solution at given pH, temperature and 

biosorbent/solution ratio (Volesky, 2007). 

Generally, the biosorbent’s sorption capacity increases with initial concentration of sorbate in 

the solution up to biosorbent’s saturation, while the removal efficiency decreases. This 

highlights the limited availability of sorption sites provided by biosorbent, and chemical 

equilibrium basis of this interaction. This also allows us to calculate maximum sorption 

capacity (Smax) which is often used as a practical indicator of sorbent’s sorption properties 

compared to other sorbents. Table 2 exemplifies this approach by applying equations of 

Langmuir and Freundlich isotherms on removal of Bi3+ by pelletized biomass of Aspergillus 

clavatus. Calculated Smax value approximates 0.35 mmol.g-1, thus indicating that bismuth 

immobilization by A. clavatus fungal biomass is more effective than sorption to sorbents 
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based on activated carbon prepared from coconut flakes whose Bi3+ Smax value was 

approximately 0.26 mmol.g-1 (Sartape et al., 2012), and that it is superior to sorption to 

polymeric sorbent prepared from polyurethane at almost 0.19 mmol.g-1 (El-Shahawi and Al-

Mehrezi, 1997). 

Table 2 Calculated Langmuir and Freundlich isotherm parameters for Bi3+ sorption onto pelletized A. clavatus 
biomass (T = 298.15 K; 130 rpm) (Boriová et al., 2015a), where KF is a Freundlich constant indicative of the 
sorption capacity at unitary Ceq (L.g-1), n is a sorption site heterogeneity factor, b is the constant related to free 
energy of sorption (L.mmol-1); Smax is the maximum sorption capacity (mmol.g-1); Akaike weight indicates the 
statistical probability that the model is the best among the whole set of candidate models. 
Isotherm KF n Smax b R2 Akaike weight 

Freundlich 0.33±0.02 3.7 - - 0.92 0.58 

Langmuir - - 0.35±0.04 9.8 0.89 0.42 

 

However, there are some special cases when biosorption performance increases with initial 

concentration. This is mostly because of new sorption sites formation due to specific 

properties of sorbate, e.g. precipitation of metals or their salts with subsequent deposition in 

cell wall (Rearte et al., 2013). Precipitation may occur in presence of redox active metal and 

metalloid species, such as Se(VI) which can be transformed to zerovalent selenium by 

microbial exometabolites. Zhang et al. (2003) reported up to 95% reduction efficiency of 

2 mg.L-1 Se(VI) by bacteria in a 7-day cultivation. However, our results (Urík et al., 2016) 

indicate that only negligible Se(VI) was reduced to a non-soluble zerovalent selenium residue 

by filamentous fungus A. clavatus. The reduction efficiency was less than 0.4% in case of the 

initial Se(VI) concentration of 89 mg.L-1. 

As we mentioned previously, composition of the cell wall has a significant impact on the 

process of biosorption of potentially toxic metals and metalloids as the distribution, type and 

spatial availability of functional groups between fungal species may differ significantly. This 

diversity is to the extent that some methods, including Fourier transform infrared 

spectroscopy combined with high-throughput liquid micro-cultivation, have been successfully 

applied for differentiation of fungi on the phylum, genus and species level (Shapaval et al., 

2013). The pH of aqueous solutions may then affect fungal biosorption efficiency as each 

functional group have its specific optimum for metal binding. While at pH below 5 only 

carboxylic groups contribute significantly to metal removal, in neutral and alkaline solutions 

the contribution of phosphate, hydroxyl and amino groups to biosorption efficiency increases 

significantly (Chojnacka et al., 2005). However, since the zero point charge of fungal biomass 
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is generally below pH 4, in highly acidic solutions the positive charge on biomass surface 

prevails (Aytar et al., 2014; Bairagi et al., 2011; Mukhopadhyay, 2008). This limits binding 

efficiency of metallic cations onto fungal biomass at low pH due to repulsive Coulombic 

forces. 

Besides sorption site dissociation and protonation, pH also affects the solution chemistry of 

metals and metalloids such as hydrolysis, complexation with organic or inorganic ligands, 

redox reactions, and precipitation (Esposito et al., 2002; Yang and Volesky, 1999). This 

strongly influences speciation and biosorption availability of metals and metalloids in the 

solution. These differ in their binding efficiencies at given pH with various values of pH 

optimal for their most efficient immobilization in biomass (Tahir et al., 2017). 

Complexity of pH effects on mutual interactions of metal(loid)s and fungal biomass is well 

documented in our thermodynamic study on A. niger and N. fischeri strains’ sorption 

properties (Littera et al., 2011) where unmodified, native fungal biomass of A. niger had a 

higher biosorption capacity at pH 5, whereas N. fischeri biomass was more efficient in As(V) 

removal at pH 7. This reflects the significance of both fungal biomass composition and 

behaviour of As(V) under different environmental conditions in removal of pollutants. It also 

highlights the complexity of biosorption process which is influenced by physical and 

chemical properties of the sorbate (e.g. ionic radii, oxidation state, molecular weight) and 

biosorbent (e.g. the structure and composition of the cell surface), as well as the conditions 

under which process is carried out (pH, temperature, concentration of sorbate and biosorbent) 

(Michalak et al., 2013). Furthermore, efficient immobilization of heavy metals by mycelial 

surfaces can be significantly altered by the presence of other ions or molecules, including 

humic acids. Although humic acids adsorption onto mineral phase surfaces or their presence 

in batch sorption system enhanced the removal efficiency of bivalent heavy metals (Arias et 

al., 2002; Lai et al., 2002), our study showed that the increasing amount of (pre)adsorbed 

humic acids onto A. niger biomass surfaces had different effect on the fungal sorption 

capacity for Zn2+ (Urík et al., 2014b). Mutual interactions between humic acids and pelletized 

fungal biomass on Zn2+ immobilization indicates that zinc affinity is higher for the fungal 

surface than for humic acids. These do not provide sufficient active zinc sorption sites, thus 

resulting in the decreased sorption capacity of mycelial pellets modified with humic acids 

compared to the unmodified biomass. 
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Table 3 Most common models of sorption kinetics (modified from their original form) which are applied in 
biosorption experiments (Seq is the amount of solute sorbed per unit weight of sorbent at equilibrium (mg.g-1); St 
is the instantaneous sorption capacity at time t (mg.g-1)). 
Kinetics model Equation Parameters Reference 

Pseudo-first order   tkeqStS 1exp1   
k1 is the pseudo-first order 
kinetic constant (min-1)  

Lagergren (1898) 

Pseudo-second order 

t
eq

S

tk
eq

S

t
S




1

2

2

 
k2 is the pseudo-second order 
kinetic constant (g.mg-1.min-1) 

Ho and McKay (1998) 

Pseudo-nth model     p
tnkp

p
eqSeqStS







1/1
1

1
 

kn is the pseudo-nth order 
kinetic constant 
(min−1.(mg.g-1)1−p) with p 
indicating reaction order 

Özer (2007) 

 

 

Fig. 4 Bismuth sorption kinetics onto A. clavatus biomass with initial Bi3+ concentration of 0.39 mmol.L-1, 
temperature 25°C, 120 rpm (Boriová et al., 2015a). 

Another important aspect of biosorption is the rate at which the contaminants are removed 

from the aqueous media. There are numerous kinetic models that are capable of describing the 

mechanism through which the biosorption process takes place (Table 3). Experimentally, 

biosorption kinetics usually have biphasic character with rapid initial sorption of metal ions to 

the surface groups of the biomass followed by slow diffusion of metal to internal binding sites 

during the second phase, referred as intraparticle diffusion (Liu et al., 2006). This is in good 

agreement with our previous statement on the cell wall’s three-dimensional structure 

significance for pollutant removal. 

Biphasic character of biosorption is also highlighted in Fig. 4 (Boriová et al., 2015a). Sorption 

of bismuth onto fungal biomass is a relatively fast process due to rapid attachment and the 

large number of sorption sites available at the commencement of this process. Subsequent 
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slower sorption is attributed to intraparticle diffusion (Sen Gupta and Bhattacharyya, 2011). 

Our study on kinetics of Se(IV) removal by A. niger biomass (Urík et al., 2011) supports rapid 

selenium biosorption process where dynamic equilibrium was reached after 20 min, although 

the calculated 1.1 µmol.g-1 maximum biosorption capacity is negligible and with no practical 

perspective in waste-water treatment. 

Table 4 Biosorption performance of fungal biomass. “Sorption capacity” indicates parameter of maximum 
sorption capacity Smax calculated from Langmuir isotherm. 

Fungus Biomass modification Metal(loid) 
Sorption 
capacity 
(mmol.g-1) 

Reference 

Aspergillus clavatus - Bi3+ 0.35 Boriová et al. (2015a) 
Aspergillus niger  Cr(VI) 0.10 Vale et al. (2016) 
Aspergillus niger pretreated with NaOH Cu2+ 0.53 Dursun (2006) 
Aspergillus niger - Ni2+ 0.12 Amini et al. (2009) 
Aspergillus niger - Ni2+ 0.16 Shahverdi et al. (2016) 
Aspergillus niger pretreated with NaOH Pb2+ 0.17 Dursun (2006) 
Aspergillus niger  Zn2+ 0.06 Vale et al. (2016) 
Aspergillus ustus immobilized on nanosilica Cr(VI) 6.47 Mahmoud et al. (2015) 
Aspergillus ustus immobilized on nanosilica Cr3+ 2.47 Mahmoud et al. (2015) 
Fusarium nivale - Ag+ 3.30 Tyupa et al. (2017) 
Fusarium oxysporum - Ag+ 6.20 Tyupa et al. (2017) 
Fusarium sp. - Th4+ 0.02 Yang et al. (2015) 
Fusarium sp. cetyltrimethyl ammonium bromide U(VI) 1.50 Hou et al. (2016) 
Fusarium verticillioides immobilized on nanosilica Cr(VI) 6.40 Mahmoud et al. (2015) 
Fusarium verticillioides immobilized on nanosilica Cr3+ 2.67 Mahmoud et al. (2015) 
Mucor racemosus - Cr(VI) 0.89 Liu et al. (2007) 
Mucor sp. - Cd2+ 0.71 Xia et al. (2015) 
Paecilomyces lilacinus - Cd2+ 0.69 Xia et al. (2015) 
Penicillium canescens - As(III) 0.35 Say et al. (2003b) 
Penicillium canescens - Cd2+ 0.91 Say et al. (2003b) 
Penicillium canescens - Hg2+ 0.27 Say et al. (2003b) 
Penicillium canescens - Pb2+ 0.15 Say et al. (2003b) 
Penicillium chrysogenum - Cd2+ 0.89 Xu et al. (2012) 
Penicillium chrysogenum - Cr3+ 0.36 Tan and Cheng (2003) 
Penicillium chrysogenum - Ni2+ 0.22 Tan and Cheng (2003) 
Penicillium chrysogenum - Zn2+ 0.10 Tan and Cheng (2003) 
Penicillium funiculosum immobilized on nanosilica Cr(VI) 3.80 Mahmoud et al. (2015) 
Penicillium funiculosum immobilized on nanosilica Cr3+ 1.87 Mahmoud et al. (2015) 
Penicillium glabrum - Ag+ 1.90 Tyupa et al. (2017) 
Penicillium griseofulvum - Cr(VI) 1.44 Ambigail et al. (2015) 
Penicillium purpurogenum  As(III) 0.67 Say et al. (2003a) 
Penicillium purpurogenum  Cd2+ 1.11 Say et al. (2003a) 
Penicillium purpurogenum  Hg2+ 0.40 Say et al. (2003a) 
Penicillium purpurogenum  Pb2+ 1.38 Say et al. (2003a) 
Penicillium simplicissimum - Cd2+ 0.54 Fan et al. (2008) 
Penicillium simplicissimum - Pb2+ 0.42 Fan et al. (2008) 
Penicillium simplicissimum - Zn2+ 1.19 Fan et al. (2008) 
Penicillium sp. biomass with cross-linked chitosan on fabric Cu2+ 1.01 Zhang et al. (2011) 
Rhizopus arrhizus - Cr(VI) 1.12 Saǧ and Kutsal (1996) 
Rhizopus arrhizus - Fe3+ 0.62 Saǧ and Kutsal (1996) 
Trametes versicolor - Ni2+ 3.62 Subbaiah and Yun (2013) 

 

Besides these factors that must be considered for efficient metal and metalloid removal, there 

are some other conditions that need to be addressed before practical implication of biosorption 

for treatment of contaminated aqueous media. This includes availability and cost of the 

sorbent, and the ease of biosorbent regeneration and modification for various reactor 

configurations (Bishnoi and Garima, 2004). Furthermore, while biosorbent with strong 
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affinity towards the contaminant is more efficient at low pollutant concentration in large 

effluent volumes, biosorbent with high uptake capacity is required at high total dissolved 

pollutant values in small volume of effluents (Hansda et al., 2016). Thus, all fungal sorption 

capacities given in Table 4 which characterize fungal biomass performance under specific 

(mostly optimized) conditions are adequate only for material screening purposes. For the 

realistic evaluation of equilibrium sorption performance of fungal biomass, the batch 

experiment needs to be supplemented by process-oriented studies of its kinetics and 

eventually by dynamic continuous-flow tests (Volesky and Holan, 1995) as biosorption 

performance decreases with increase in flow rate (Ballester et al., 2017). Thus, the 

applicability of biosorbent should be also evaluated in a real life situation applying a real 

wastewater under continuous flow rate (Abdolali et al., 2017). 

Other properties of biosorbents commonly addressed in biosorption studies are their chemical 

stability and mechanical strength. The best option to overcome issues with small particle size, 

elevated dispensability and its buoyancy and degradability of biomass, is to immobilize or 

pelletize biomass in supportive material. For such proposes various polymeric substances 

have been applied, including polyvinyl alcohol and alginate (Cai et al., 2016; Carabajal et al., 

2016; Chew and Ting, 2016; Liu et al., 2012) with supplemented substances which help to 

increase sorption efficiency. This helps significantly to overcome disadvantages when fungal 

biomass alone is used for metal and metalloid removal from wastewater. 

 

3 Assessment of fungal growth inhibition in presence of potentially 
toxic metals and metalloids 

To assess the effects of metals and metalloids on fungus, the minimum inhibitory 

concentration of biomass growth is usually determined under optimized laboratory conditions. 

It is certainly the easiest way to evaluate the effect of potentially toxic metals and metalloids 

on microorganism. Thus, most of available experimental studies evaluate growth inhibition 

using culture medium which is nutritionally very rich and therefore may not reflect the real 

capability of microorganism to grow in a competitive environments of contaminated soils or 

other substrates with limited or poorly available nutrients (Iram et al., 2013; Srivastava and 

Thakur, 2006). Growth inhibition is also influenced by the type of applied media. While the 

availability of potentially toxic elements in liquid growth media is higher, in agar media the 
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microorganisms appear to be more resistant, most likely due to restricted mobility of these 

toxic elements (Basu and Paul, 1999). 

Valix et al. (2001) introduced the concept of tolerance index which is expressed by the 

proportion of selected growth parameter (usually a diameter of fungal colony and biomass 

weight) of toxicant-treated microorganism and toxicant-free control. This index is dependent 

on the growth stage of the microorganism and reflects the prolonged lag phase after exposure 

to toxic compound. Later on, Valix and Loon (2003) also incorporated time factor to this 

index (e.g. rate of change during the growth phase) to express fungal adaptive tolerance. 

    1/expexp  tAeAy m   (1) 

In case of time dependent fungal growth assessments of filamentous fungi, it is more 

appropriate to apply any of the logistic models (Deng et al., 2013). Particularly interesting is 

modified Gompertz model (1) (Zwietering et al., 1990) which includes defined growth 

parameters: λ - length of the lag phase, µ - the specific growth rate, and A - the maximum 

value of the time dependent growth parameter. 

Fungal biomass weight although being strain specific, is considered a direct indicator of 

biological sensitivity to contamination. Nevertheless, in some instances this parameter is 

insufficient to reflect the degree of fungal sensitivity towards certain toxicants. In our 

previous study (Urík et al., 2017) the presence of aluminium oxohydroxide did not 

significantly change the calculated maximum biomass weight. However, fungal growth 

parameters have clearly shown that aluminium slightly prolonged the lag phase and decreased 

the maximum value of growth rate. Thus, other growth parameters also need to be taken into 

consideration to evaluate adverse effects of metals and metalloids on fungus. 

Adaptation of fungi exposed to toxic concentrations of metals and metalloids is quite common 

phenomenon which facilitates fungal activity even in highly contaminated substrates (Fig. 5). 

Adaptability of microscopic filamentous fungi was exploited in several works, concluding 

that one can obtain highly tolerant strain if the potentially toxic substance is applied 

sequentially with increasing concentrations (Anahid et al., 2011). This process allows 

isolation of resistant mutants, or leads to a rapid physiological adaptation of fungal isolate 

which, among all other resistance mechanisms, may control the metal(loid) bioaccumulation 

more efficiently by producing metal-binding metabolites or, in some cases, is capable of 
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biological transformation of toxicant into volatile derivatives via biovolatilization (Dönmez 

and Aksu, 1999; Fazli et al., 2015; Le et al., 2006; Sazanova et al., 2015). It is less likely that 

this adaptation relates to increasing fungal sorption capacity (Zafar et al., 2007). 

 

Fig. 5 Biomass dry weight of selected strains of Cladosporium cladosporioides evaluated after cultivation at 
different initial mercury concentration (Urík et al., 2014c). Indicated strains were collected from mercury 
contaminated soils A, B and C with total mercury concentration of 20.2, 6.9 and 30.9 mg.kg-1, respectively. 

Fungal physiological response to potentially toxic metals and metalloids during cultivation 

can also be indicated by changes in culture medium’s pH which indirectly reflects inhibition 

of fungal metabolism. The growth parameters are often used for evaluation of toxicity (El-

Sayed, 2015), while the pH is usually omitted in studies dealing with potentially toxic 

elements’ effects on microorganism. However, the pH differences reflect the fungal struggle 

to efficiently uptake nutrients because the membrane located ATP-driven proton pump is 

responsible for maintaining the electrochemical proton gradient necessary for nutrient uptake 

(Manavathu et al., 1999). 

 

4 Extracellular resistance mechanisms of filamentous fungi to toxic 
metals 

As mentioned previously, some isolates of microscopic filamentous fungi are 

extremely resistant to elevated concentrations of toxic metals and metalloids (Cánovas et al., 

2003; Congeevaram et al., 2007). However, various strains of the same species manifest 

significant differences in responses to toxic metals and metalloids (Cánovas et al., 2004), 

because the exact mechanism that ensures efficient resistance is not uniform. In general, these 
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mechanisms can be divided according to place where the effect occurs on (i) extracellular and 

(ii) intracellular resistance mechanisms. 

We have already briefly mentioned some of extracellular mechanisms of resistance. This 

includes (i) binding of metal(loid)s onto the cell wall, and (ii) changes in the fungal growth 

strategy. Another important general extracellular resistance mechanism relates to (iii) 

synthesis and secretion of low-molecular weight metabolites capable of binding, or chelating 

of metal(loid)s. 

From the energetic point of view, the least demanding resistance mechanism is passive 

binding of potentially toxic elements on the cell wall which is negatively charged in slightly 

acidic and alkali environments (Das et al., 2007; Deng and Ting, 2005). Filamentous fungi 

may also actively form specific morphological structures where the concentration of cell 

wall’s active (metal(loid) binding) functional groups is increased, and therefore, resistance to 

potentially toxic substances in the environment is elevated (Fomina et al., 2003). Another 

strategy is the incorporation of melanin or other substances with high affinity towards 

metal(loid)s into the cell wall. Besides increasing sorption capacity by providing new 

functional groups for binding potentially toxic ions (Almeida-Paes et al., 2012), melanin 

deposition into cell wall also affects zeta potential of the fungal surface (Wargenau et al., 

2013). The cell wall is thus a dynamic structure that can be remodelled by fungus according to 

current stress conditions and to some extent its chemical composition is adjustable. Exposure 

to toxic concentrations of zinc changes expression of chitin synthetase (Lanfranco et al., 

2004). This influences the deposition of chitin in the cell wall and its morphology (Lanfranco 

et al., 2002). The chitin-rich cell wall enhances sorption capacity and thus also increases 

immobilization efficiency of toxicants from the cell’s environment (Bedioui et al., 2015). 

More energetically demanding is the direct secretion of secondary metabolites in the 

extracellular environment. The chemical properties of these secreted substances significantly 

vary. However, in most cases they can be characterized as low-molecular weight organic 

compounds. Their presence in the environment is essential, as they are involved in the 

regulation of ecotoxicity of organic and inorganic pollutants, as well as mobility and 

bioavailability of essential elements, mostly via adsorption and chelation/complexation 

processes (Xiao and Wu, 2014). The synthesis and excretion of low-molecular weight organic 

acids by filamentous fungi and their subsequent binding with the cations of zinc, copper and 
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cadmium can lead to immobilization of these potentially toxic elements in the crystalline 

phase of biogenic minerals (Fomina et al., 2005). Therefore, increasing production of such 

metabolites leads to a significant reduction of the adverse effect of metal cations on the 

filamentous fungi (Sazanova et al., 2015). However, extracellular metal chelating agents may 

also be macromolecular organic substances, such as glomalin. Glomalin is a glycoprotein 

produced by mycorrhizal fungi (Wright and Upadhyaya, 1996) and is highly effective 

biostabilizer of potentially toxic metals (González-Chávez et al., 2004). 

 

Fig. 6 Schematic description of organic acids and H+ relevance in metal mobilization form ferric ochres by 
filamentous fungi. 

 

4.1 Bioleaching 

Unfortunately, microbial organic acid exudation has also significant impact on metal 

mobilization in fungal microenvironment; and thus, affects bioavailability of hazardous 

substances and their further transfer to other organisms (Fig. 6). Our published data (Urík et 

al., 2014a), depicted in Fig. 7, support this observation as fungus A. niger was capable to 

release (pre-adsorbed) arsenic from surface of amorphous ferric oxohydroxide phase. This 

biologically induced extraction of metals and metalloids from solid phases is generally termed 

bioleaching. Although, this process is well studied in bacteria and mostly focuses on metal 

extraction from low-grade ore and mineral phases concentrates by autotrophic bacterial strains 

(Bosecker, 1997), application of (heterotrophic) filamentous fungi has become lately a hot 

topic in relevance to biogeochemistry of metals (Boriová et al., 2016), as well as metal 

recovery from highly alkaline substrates which are not suitable for bacterial leaching 
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(Ramanathan and Ting, 2013; Urík et al., 2015). To be more specific, efficiency of 2-hour 

bio-assisted extraction of metals from 1% fly ash suspension using A. niger supernatant 

(Jadhav and Hocheng, 2015) is comparable to that of sulphur-oxidizing and iron-oxidizing 

bacteria mixed cultures incubated with fly ash for 5 days (Ishigaki et al., 2005). 

 

Fig. 7 Changes in concentration (log scale) of arsenic in culture medium during the 15-day cultivation of 
Aspergillus niger strain in presence of ferric oxohydroxides FeOx (○), in the absence of FeOx (●), and changes 
in arsenic concentration in the presence of FeOx without fungal strain (▲) (Urík et al., 2014a). 

Fungal bioleaching is most likely mediated by two mechanisms: (i) decreasing the culture 

medium pH which induces the dissolution of substrate that binds the pollutant and (ii) 

exudation/production of metabolites which form readily dissolvable organo-metal complexes 

in the medium or compete with pollutant for sorption loci (Burgstaller and Schinner, 1992). 

Because of the intensity of these processes, after 15-day cultivation fungus A. niger extracted 

into culture medium, in aforementioned study of Urík et al. (2014a), almost 45% (1.8 mg) of 

arsenic pre-adsorbed onto ferric oxohydroxides. 

This phenomenon may even occur in the environment where major environmental hazards 

were considered stable, and where general extraction techniques indicated only low 

concentrations of mobile metal fractions. This controversy also highlights the necessity to re-

evaluate the significance of microbial exometabolites in mobilization of toxic metals and 

metalloids in the environment, as it is well known that their mobility and toxicity is affected 

by soil concentration of low molecular weight organic compounds with chelating properties 

as well as by soil pH (Dijkstra and Fitzhugh, 2003; Van Hees et al., 2000). Thus, the pH 
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stratification and microbial organic exometabolites’ concentrations in the closest fungal 

environment should be considered when studying mobile metal and metalloid fractions in 

environmental samples. This was also the main objective of our previous study, more 

specifically, the implication of (biogenic) organic acids in determination of soil bioavailable 

aluminium fraction (Boriová et al., 2016). Our study clearly shows that the organic acid 

mixture, which mimics composition of A. niger strain’s exudates, is more efficient in 

aluminium extraction compared to more concentrated or aggressive extractants applied in 

single extraction procedures (Fig. 8), such as 0.5 mol.L-1 HCl or 0.2 mol.L-1 (NH4)2C2O4 

(Matúš et al., 2006). 

 

Fig. 8 Extraction efficiencies of aluminium from soil samples by single step extraction using 0.5 mol.L-1 HCl 
and 0.2 mol.L-1 (NH4)2C2O4 compared to extraction by mixture of organic acids prepared to according organic 
acid composition of culture media from the 12th cultivation day of A. niger (oxalic acid 52.2 mmol.L-1; citric 
acid 2.0 mmol.L-1; gluconic acid 11.6 mmol.L-1; pH 1.45) (Boriová et al., 2016). 

 

Fig. 9 Aspergillus niger G-10 (a) and Penicillium crustosum G-140 (b) extracellular organic acid concentrations 
and culture medium pH in 7-day incubation at red mud presence (Urík et al., 2015). 
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Some fungal strains, such as A. niger, are used in food and pharmaceutical industry for 

production of organic acids (Magnuson and Lasure, 2004) which accumulate in the 

extracellular environment and their concentrations easily reach up to hundreds of mmol.L-1 

(Santhiya and Ting, 2006). As highlighted in Fig. 9, organic acid production is strain specific 

and time dependent. Because the fungal extraction efficiency most likely reflects the actual 

concentration of effective extracting agents in medium, it can significantly vary with strain 

applied in extraction procedure. Therefore, the preliminary estimation of extraction 

efficiencies of desired element from specific substrates is always necessary (Fig. 10) in order 

to achieve research objective. 

 

Fig. 10 Aluminium (bio)extracted from red-mud into the culture medium by fungal strains of genus Aspergillus, 
Emericella and Eurotium (a), and Penicillium (b) after 7-day cultivation (Urík et al., 2015). 

Table 5 Extraction efficiency (%) of selected metals from electronic scrap by Aspergillus niger, 0.05 mol.L-1 
oxalic and citric acids and distilled water (Kolenčík et al., 2013b). 

 Aspergillus niger Oxalic acid Citric acid H2O 
Metal     

Cu 68.3 13.3 67.4 0.10 
Pb 27.9 7.4 91.4 0.01 
Zn 4.1 1.8 92.0 0.45 
Cd 21.9 38.9 70.8 0.10 

 

Due to their capability to produce enormous amounts of organic acids and effectively acidify 

media, filamentous fungi have been applied for metal extraction from various waste materials 

in biohydrometallurgy (Amiri et al., 2012; Kolenčík et al., 2013a; Santhiya and Ting, 2006). 

This exceptional fungal quality has been also exploited in mineral phase and e-waste material 
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processing by our research group (Kolenčík et al., 2013a; Kolenčík et al., 2013b; Kolenčík et 

al., 2011), and it was compared to extraction efficiencies by standard organic acids (Table 5). 

 

5 Bioaccumulation 

Extracellular immobilization of metal(loid)s is not ultimately effective; and a portion 

of these potentially harmful substances goes through cell wall barrier and cytoplasmic 

membrane directly to the cytosol. Here, the homeostasis must be kept to such an extent as not 

to disrupt cellular metabolism. Therefore, the regulation of free ions’ intracellular 

concentration of potentially toxic substances must be addressed. This includes (i) their 

binding to various organic molecules within the cytosol, (ii) their sequestration in the specific 

membrane and non-membrane structures in the cell, (iii) their exudation from the cytosol 

across the outer membrane after (bio)chemical transformation, and (iv) regulation of their 

concentration by activity of membrane transporters responsible for removal of unwanted 

elements from cytosol (Eide, 2003; Ge et al., 2011; Su et al., 2011). 

Intracellular sequestration of heavy metals in order to maintain homeostasis and detoxify the 

harmful metals is usually achieved by synthesis of metallothioneins (Averbeck et al., 2001). 

These low molecular weight polypeptides contain high percentage of cysteine (up to 33%) 

which is involved in the complexation of the metal cations and their subsequent sequestration. 

Their synthesis is usually induced by oxidative stress which relates to metals’ presence 

(Pagani et al., 2007; Waalkes and Goering, 1990). 

Another efficient metal(loid) sequestering molecule is glutathione and its derivatives (Xu et 

al., 2014) which participate in the transport of undesirable element to the vacuole by specific 

molecular transporters (Lee et al., 2011). However, its function and thus its importance in the 

cell is much more diverse; and it is also involved in various cell stress responses. This 

includes non-enzymatic inactivation of reactive oxygen species (Pócsi et al., 2004). 

In terms of long-term maintenance of the organism resistance, it is essential to continuously 

control the concentrations of the stress-inducing elements below a certain concentration level. 

This is allowed by intensification of the outflow of these elements from cytosol in the form of 

unchanged or (bio)transformed species through the cytoplasmic membrane. The transporters 



Urík, M.: Interactions of toxic metals and metalloids with fungi 
 

 
Bratislava, 2017  24 
 

involved in this particular mechanism mostly belong to the group of CDF (cation diffusion 

facilitators). Their primary biological function is to discharge metals from the cytosol to 

various cell organelles or to the extracellular environment (González-Guerrero et al., 2005). 

Another significant group are ABC (ATP-binding cassette) transporters that use energy from 

ATP to transport a wide range of substances (Bauer et al., 1999). Their MRP subfamily 

(multidrug resistance-associated proteins) is involved in the detoxification of vacuolar 

glutathione conjugates (Li et al., 1996). 

Synthesis of insoluble polyphosphate granules also appears to be associated with increased 

resistance to toxic metals and metalloids. Their exact role in the resistance of filamentous 

fungi is not entirely clear (de Lima et al., 2013) as various reports suggest that the presence of 

heavy metals decreases the polyphosphate content in the cell (de Lima Freitas et al., 2011). 

Table 6 Bioaccumulation efficiency of fungal strains. 

Fungus Metal(loid) 
Substrate type Initial metal(loid) 

concentration 
(mmol.L-1) 

Removal 
efficiency 
(%) 

Reference 

Aspergillus flavus Pb2+ 
refinery effluent + peptone and 
glucose 

not reported 64.2 
Abdulmajeed et al. 
(2016) 

Aspergillus flavus Hg2+ culture medium 0.005 97.5 Kurniati et al. (2014) 

Aspergillus niger Zn2+ 
refinery effluent + peptone and 
glucose 

not reported 72.4 
Abdulmajeed et al. 
(2016) 

Aspergillus niger Cd2+ culture medium 0.035 19.4 Pal et al. (2010) 

Aspergillus niger Cr(VI) culture medium 1.9 41.0 
Thippeswarny et al. 
(2012) 

Aspergillus niger Pb2+ culture medium 0.12 91.1 George et al. (2012) 
Fusarium 
oxysporum 

As(III) culture medium 0.53 5.3 Feng et al. (2015) 

Microsporum 
nanum 

Cd2+ 
refinery effluent + peptone and 
glucose 

not reported 87.8 
Abdulmajeed et al. 
(2016) 

Penicillium 
janthinellum 

As(III) culture medium 0.53 4.3 Feng et al. (2015) 

Trichoderma 
asperellum 

As(III) culture medium 0.53 7.6 Feng et al. (2015) 

Trichoderma 
harzianum 

Ag+ agar culture medium 3.06 46.4 Cecchi et al. (2017) 

 

All previously mentioned processes which relate to active fungal resistance during toxic metal 

and metalloid exposure and, at the same time, result in intracellular and extracellular binding 

of metals and metalloids by living biomass are generally termed as bioaccumulation 

(Table 6). Chojnacka (2010) characterizes bioaccumulation as non-equilibrium process which 

occurs in two stages. While the first stage is a fast passive uptake which resembles 

biosorption, the second stage is relative slow and relates to (i) active or passive membrane 

transport (both efflux and influx), (ii) intracellular transformation and subsequent (iii) 

deposition of metals and metalloids in cellular structures, as discussed previously. This 
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concept is very complex and involves deposition of ions within specific organelles, their 

enzymatic detoxification and influx/efflux processes (Srinath et al., 2002). 

Actual distinction between bioaccumulation and biosorption can be very difficult, as indicate 

our published data (Urík et al., 2016) which show that apparent bioaccumulation capacity of 

A. clavatus is very similar to maximum 2.6 mg.g-1 sorption capacity calculated from Langmuir 

isotherm model using concentration data from 14-day cultivation (Fig. 11). Arguably this 

suggests passive sorption and formation of selenium monolayer on biomass surface, saturated 

over 60 mg.L-1 Se(VI) concentration in medium, rather than its regulated storage in cell 

vacuoles. Therefore, we should expect cell’s effective selenium efflux or its transformation 

into volatile form via biomethylation pathway (Eswayah et al., 2016). 

 

Fig. 11 (a) Bioaccumulation of Se(VI) after 14-day A. clavatus incubation and (b) experimental accumulation 
data evaluated by Langmuir isotherm with 2.56 mg.g-1 calculated maximum sorption capacity (Urík et al., 2016) 

 

6 Biovolatilization of metals and metalloids 

Most unique microbial mechanism for metal and metalloid removal from intracellular 

environment is biovolatilization via biomethylation or bioreduction pathway. Volatile 

derivatives of potentially toxic metals and metalloids were identified in samples of gases 

released from various natural and anthropogenic substrates (Meyer et al., 2007; Michalke et 

al., 2000). Some of these compounds are of anthropogenic origin or products of natural 

transalkylation (Mitra et al., 2005), while others originate from biologically induced formation 

of methylated derivatives or metal hydrides (Boriová et al., 2015b; Wang et al., 2015). 
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Formation of volatile derivatives of metals and metalloids is an important part of 

biogeochemical cycles of various elements, especially since the resulting volatile forms are 

easily transported in the atmosphere (Jakob et al., 2010). Such volatile derivatives are of 

particular interest of environmental toxicology because their toxicity usually differs from their 

inorganic precursors (Kobayashi, 2010). 

In case of microscopic filamentous fungi, the transformation of metals and metalloids into 

their respective volatile derivatives is often (and sometimes incorrectly) referred as 

biomethylation. A pioneer in this field of research was Gosio (1897) whose primary concern 

was the formation of volatile toxic derivatives of arsenic. The enzymatic transformation of 

inorganic arsenic into methylated compounds, however, was explained more than half a 

century later and is depicted on Fig. 12. This is the so-called oxidative methylation pathway 

which was suggested according to analytical study of Challenger (1951). Oxidative 

methylation involves the transfer of the methyl group from S-adenosylmethionine donor to a 

substrate containing trivalent arsenic while it is oxidized to its pentavalent form. Thus, the 

arsenic reduction is necessary before each methylation step. In this particular metabolic 

pathway, glutathione poses as a reducing agent (Thomas, 2007). 

  

Fig. 12 Oxidative (left) and non-oxidative (right) methylation pathway of arsenic, adapted from Hayakawa et al. 
(2005). GSH, glutathione; SAM, S-adenosylmethionine; Cyt19, arsenic methyltransferase. 

An alternative mechanism of arsenic’s oxidative biomethylation was proposed currently, and 

since then has been generally accepted metabolic pathway. This biotransformation involves 

non-oxidative methylation via S-adenosylmethionine originated methyl group binding to a 

substrate (Fig. 12). To prevent oxidation, Hayakawa et al. (2005) assume the formation of 

complex with glutathione. A similar mechanism is probably involved in methylation of 

antimony, bismuth, selenium and tellurium (Wuerfel et al., 2012) 
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Filamentous fungi induce the formation of volatile forms of various metals and metalloids. 

This has been proven directly by analysis of the gases from fungal headspace, or indirectly by 

quantifying the loss of metal(loid) content from cultivation system (Boriová et al., 2014; 

Boriová et al., 2015a; Jenkins et al., 1998; Zeng et al., 2015). These authors also consistently 

consider biovolatilization an effective detoxifying mechanism which increases fungal 

resistance to available potential toxic metals and metalloids in the environment (Bentley and 

Chasteen, 2002; Urík et al., 2014c). 

  

  

Fig. 13 Mercury biovolatilization efficiency during 7-day cultivation of fungal strains (a) Cladosporium 
cladosporioides, (b)  Alternaria spp., (c) Aspergillus niger and (d) Trichoderma atroviride. Indicated strains 
were collected from mercury contaminated soils A, B and C with total mercury concentration of 20.2, 6.9 and 
30.9 mg.kg-1, respectively (Urík et al., 2014c). 

Our extensive research on arsenic biovolatilization by filamentous fungi, including isolates of 

Penicillium glabrum, Neosartorya fischeri, A. niger, A. clavatus, Talaromyces wortmannii, T. 

flavus, Eupenicillium cinnamopurpureum, shows that metabolic transformation of arsenic into 

volatile derivatives is relative conservative feature of this microbial group with relative 

biovolatilization efficiencies ranging from 6.7% (of initial 1.0 mg As(V) content) to 36.7% 
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(of initial 0.2 mg As(V) content) (Čerňanský et al., 2009; Čerňanský et al., 2007; Urík et al., 

2007). Therefore, it is most likely that application of microorganisms in remediation of 

arsenic contaminated substrates does not require cultivation of any particular fungal strain. 

Enhancing the activity of indigenous fungal strains may sufficiently serve the goal of 

lowering pollutant contentment in upper parts of soils. Fungal activity may be enhanced by 

optimizing environmental parameters which affect volatilization, such as content of soil 

nutrients, as well as moisture and aeration regulation (Frankenberger Jr and Arshad, 2001; 

Thompson-Eagle and Frankenberger, 1992). However, Edvantoro et al. (2004) successfully 

applied bioaugmentation of particular arsenic volatilizing fungal strains (Penicillium sp. and 

Ulocladium sp.) for remediation of cattle-dip site soils contaminated with arsenic. 

Similarly, the importance of microbial processes in mercury volatilization has been 

questioned several times; highlighting the confrontation between direct biotic process and 

abiotic transformation induced by microbial products (Schlüter, 2000). Our published results 

(Urík et al., 2014c) confirm that soil filamentous fungi’s contribution on mercury 

biovolatilization is significant (Fig. 13), although the precise mechanism of mercury 

volatilization remains unknown. It most likely involves both intracellular and extracellular 

reducing factors for formation of elemental mercury, and/or methylation agent (e.g. 

methylcobalamin) when considering mercury volatilization in dimethyl form (Jiménez-

Moreno et al., 2013; Kelly et al., 2007; Yannai et al., 1991). 

While biovolatilization of arsenic and mercury via methylation pathway is controversial 

remediation technique, as all volatile methylated arsenic and mercury species are highly toxic 

(Dopp et al., 2011), selenium biomethylation is considered environmentally appropriate 

method for selenium removal from contaminated soils, as the methylated selenium species are 

hundreds time less toxic than inorganic Se(IV) and Se(VI) (Eswayah et al., 2016). Our results 

show (Urík et al., 2016) that biovolatilization of selenium by A. clavatus is triggered only 

over 4.2 mg.L-1 Se(VI) initial concentration in culture medium. Although there was up to 77% 

selenium removal efficiency by sorption/accumulation at low initial concentrations, no 

volatilization occurred. However, significant 2.8 mg.g-1 biovolatilization was achieved in the 

14-day fungal incubation at initial 69.6 mg.L-1 Se(VI) concentration. In this case, selenium 

biovolatilization was proved to be advantageous remediation method delivering relatively 

stable and non-harmful volatile derivatives at higher initial concentrations of selenium, while 
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standard biosorption treatment by inactive native or physico-chemically modified biomass 

leaves selenium concentrated residues (Nettem and Almusallam, 2013; Wasewar et al., 2009). 

 

7 Concluding remarks 

This thesis highlights that filamentous fungi influence and transform their 

microenvironment, and thus, contribute to mobilization or immobilization of potentially toxic 

metals and metalloids. Microscopic filamentous fungi are capable of, to some extent, 

intensifying the degradation of solid phases, and to accumulating and volatilizing available 

metals and metalloids (Gadd, 2007). This ability emerges from their effort (i) to obtain 

mineral nutrients with limited availability in the environment (e.g. phosphorus), (ii) to 

increase intake of organic substances bound to organo-mineral phases, and (iii) to maintain 

homeostasis of various elements in cytosol (Adeyemi and Gadd, 2005; Wengel et al., 2006). 

These processes may be exploited in bioremediation (mycoremediation) of contaminated 

lands and waters as filamentous fungi effectively alter mobility and bioavailability of 

elements in soils and sediments; and may also serve as bio-filters for uptake of toxic 

metal(loid)s by other organisms (Schützendübel and Polle, 2002). Therefore, laboratory based 

experiments are the first step in understanding microbial activity which provide potential 

implications for biosorption, bioaccumulation, bioleaching and biovolatilization of hazardous 

metals and metalloids in remediation of areas burdened with natural or anthropogenic 

contamination. 

Although the main emphasis of fungal application in remediation is on removal of potentially 

toxic elements from water bodies using chemically modified biomass (Littera et al., 2011; 

Urík et al., 2010), filamentous fungi have significant impact on mobilization and distribution 

of potentially toxic elements in soils and sediments with possible intracellular or extracellular 

transformation into volatile derivatives (Srivastava et al., 2011; Urík et al., 2014c). This can 

be successfully applied for remediation of contaminated areas, where toxic elements may 

undergo this unique microbial transformation (Lin and Terry, 2003). Also, inoculation of 

plants’ substrates with mycorrhizal fungi affects the efficiency of metal(loid) uptake by 

plants, and their transport from roots to shoots (Audet and Charest, 2007; Göhre and 
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Paszkowski, 2006) which can be exploited in phytostabilization and phytoremediation of 

hazardous metals and metalloids. 

Inorganically contaminated soils are sometimes exposed to synthetically produced chelating 

agents to mobilize metals in decontamination processes (Wu et al., 2004). Alternatively, 

intensification of natural microbial activity in soils may provide more “environmentally 

friendly” extractions with higher efficiencies, even in comparison to 

ethylenediaminetetraacetic acid (Dimkpa et al., 2009). Microscopic filamentous fungi, an 

important component of microbial communities, are no exception to that, as their extracellular 

metabolites play significant role in desorption of metals and metalloids from mineral and 

amorphous phases (Adams et al., 2007; Urík et al., 2014a). Moreover, release of element from 

solid phase is only the first step of various transformations which pollutant can be subjected to 

due to diversity in metabolism of fungal strains, including formation of mycogenic mineral 

phases and biovolatilization (Pan et al., 2009). 

The potential of filamentous fungi in remediation is indisputable, and thus, better 

understanding of environmental implications of their interaction with potentially toxic metals 

and metalloids, which is provided in our studies on biosorption, bioaccumulation, bioleaching 

and biovolatilization, advances our knowledge on their prospects in remediation of 

contaminated areas, and thus helps us to realize and exploit their abilities for our own ends. 
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List of abbreviations and constants 

A maximum value of the time dependent growth parameter 

ABC ATP-binding cassette 

aR Redlich-Peterson isotherm constant 

AT Temkin isotherm equilibrium binding constant 

β exponent, which transforms equation into Langmuir isotherm and Henry’s law at values of 

1 and 0, respectively 

b constant related to free energy of sorption 

BD constant related to the mean free energy of sorption 

bT Temkin isotherm constant related to heat of sorption 

CDF cation diffusion facilitators 

Ceq equilibrium concentration of sorbate in aqueous solution 

Cyt19 arsenic methyltransferase 

d exponent of the Sips isotherm model 

GSH glutathione 

k1 pseudo-first order kinetic constant 

k2 pseudo-second order kinetic constant 

kn pseudo-nth order kinetic constant 

KF Freundlich constant indicative of the sorption capacity at unitary equilibrium concentration 

of sorbate 

KR Redlich-Peterson isotherm constant 

kS Sips constant 

λ length of the lag phase 

µ specific growth rate 

MRP multidrug resistance-associated proteins 

n sorption site heterogeneity factor 

p reaction order 

SAM S-adenosylmethionine 

SD Dubinin-Radushkevich constant related to sorption capacity 

Seq amount of solute sorbed per unit weight of sorbent at equilibrium 

Sm Sips maximum sorption capacity 

Smax maximum sorption capacity of sorbent 

St instantaneous sorption capacity 

XRD X-ray diffraction 
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Abstract Five common fungal strains, Cladosporium
cladosporioides, Aspergillus clavatus, Penicillium
citrinum, Fusarium oxysporum, and Alternaria alternata,
were cultivated in presence of iodide and iodate to eval-
uate their efficiency in iodine biovolatilization and bioac-
cumulation. Our results suggest that iodide and iodate
bioaccumulation by microscopic filamentous fungi is
similar although the biological transformation into
volatile iodine compounds is driven by various path-
ways resulting in higher volatilization efficiency of
iodate. Thus, the mobilization of iodate by filamen-
tous fungi is superior to iodide mobilization. Our
paper is also the first to compare the iodide and
iodate volatilization efficiency by microorganisms.
Our results highlight the significant role of filamen-
tous fungi in biogeochemistry of iodine, especially in
formation of environmentally reactive volatile forms
that may contribute to ozone layer destruction.

Keywords Iodide . Iodate . Bioaccumulation .

Biovolatilization . Filamentous fungi

1 Introduction

Generally, iodine is one of the less abundant ele-
ments in the environment. Soils represent an impor-
tant iodine reservoir in terrestrial systems although
soils contain only 3 mg kg−1 of total iodine on
average (Johnson 2003). In soils, iodine is generally
bound to soil components. Binding to soil compo-
nents depend on several factors. When the soil redox
potential (Eh) decreases to −100 mV and below,
desorption of soil-bound iodine and its immobiliza-
tion occur to the soil solution (Muramatsu et al.
1996). Mobile iodine species can be taken up by
plants or other soil biota and enter the food chain.
To date, biochemical mechanism of iodine accumu-
lation have been characterized only for mammals
(Taurog et al. 1947) and brown algae (Küpper
et al. 1998; Küpper et al. 2013).

Due to physical, chemical, and biological trans-
formations of iodine in soil, which are part of its
natural biogeochemical cycle (Amachi et al. 2001;
Fuge and Johnson 1986), the iodine loss via
(bio)volatilization as elemental iodine (I2) or organic
gaseous iodinated substances can limit its transfer to
plants (Muramatsu et al. 2004) but still significantly
enhances its environmental mobility. Whitehead
(1981) reported iodine volatilization from soils
which efficiency generally decreases after soil ster-
ilization (Amachi et al. 2003). This indicates signif-
icant contribution of microorganisms on iodine vol-
atilization from soils.
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Besides marine environment, terrestrial ecosystems
also represent an important biogenic source of volatile
iodine species in the global biogeochemical cycle of
iodine. For example, the annual biogenic flux of CH3I
from peatland ecosystems is estimated at 0.1–12.8
Gg year−1. The highest release of CH3I from peatland
ecosystem (123 × 10−4 g m2 year−1) was reported from
coastal marsh areas (Dimmer et al. 2001). Iodine is also
emitted to the atmosphere from rice paddy fields
(Redeker et al. 2000; Yoshida and Muramatsu 1995).
Many plant species are able to produce methyl iodide
through methyltransferase reactions (Landini et al.
2012; Saini et al. 1995). Methyl iodide production was
also observed in leaf tissues of rice plant (Redeker and
Cicerone 2004), and several fungi have been also re-
ported to possess halide methylating abilities (Ban-nai
et al. 2006; Harper and Kennedy 1986; Saini et al.
1995). Several terrestrial (e.g. Rhizobium sp., Varivorax
sp.) and marine bacteria (Alteromonas macleodii,
Photobacterium leiognathi, Vibrio splendidus) are capa-
ble of methylating iodine (Amachi et al. 2001; Amachi
et al. 2005a). Redeker et al. (2004) observed methyl
iodide production by ectomycorrhyzal fungi:
Cenococcum geophilum, Hebeloma crustuliniforme,
Inocybe maculata, and Laccaria lacata. Basidiomycota
Lentinula edodes also showed iodine accumulating and
volatilizing abilities (Ban-nai et al. 2006).

In atmosphere, methyl iodide is photolyzed and pro-
duces iodine atoms. Thus, these atoms are coupled with
atmospheric O3, HxOy, and NOx resulting in inorganic
iodine compounds such as IO, HOI, IONO2, and I2
which are subsequently transferred back from the atmo-
sphere to terrestrial and marine ecosystems (Chameides
and Davis 1980). Throughout these reactions tropo-
spheric, O3 is depleted (Davis et al. 1996; Solomon
et al. 1994). The annual methyl iodide flux from ocean
to atmosphere is estimated at 0.9–2.5 × 109 mol year−1

(Moore and Groszko 1999). Certain marine bacteria
(Roseuvatius spp.) oxidize iodide to form molecular
iodine (I2) (Amachi et al. 2005b).

To date, the only study of Ban-nai et al. (2006)
provide information on the bioaccumulation and
biovolatilization ability of microscopic filamentous fun-
gi, but no data about the comparison of fungal bioaccu-
mulation and biovolatilization ability of the two the
most common iodine species—iodide and iodate—are
available. This inspired this study to evaluate and com-
pare iodide and iodate fungal bioaccumulation and vol-
atilization in order to provide more information of

iodine biogeochemistry and effect of iodine interaction
with filamentous fungi on its mobility in the
environment.

2 Materials and Methods

2.1 Fungal Strains

Fungal strains of Cladosporium cladosporioides (G-3),
Aspergillus clavatus (G-119), Penicillium citrinum
(G-138), Fusarium oxysporum (G-93), and Alternaria
alternata (G-97) were isolated from various soils in
Slovakia by the Department of Mycology and Physiol-
ogy, Institute of Botany at Slovak Academy of Sciences,
and are currently deposited at the same institute. Fungal
colonies were cultured and maintained on Sabouraud
agar slants (4% w/v) at 4 °C. All isolates were classified
to the genus/species level based on colony macroscopic
morphology, shape, color, and appearance and micro-
scopic characteristics (mycelium septation, shape diam-
eter, and conidia texture) according to Nelson et al.
(1983), Samson and Frisvad (2004), St-Germain and
Summerbell (1996), and Pitt and Hocking (2009).

2.2 Chemicals and Reagents

Iodide (I−) and iodate (IO3
−) stock solutions of 10mgL−1

iodine were prepared by dissolving KI and KIO3 (p.a.
Centralchem, Slovakia) in deionized water under aseptic
conditions.

2.3 Cultivation

Bioaccumulation experiments were performed in
100-mL Erlenmeyer flasks containing 45 mL
Sabouraud dextrose broth medium (3% w/v) (HiMedia,
Mumbai, India). The growth medium was autoclaved at
120 °C for 15 min before inoculation. Suspensions
prepared from 7-day old fungal culture diluted in 5 mL
of 10 mg L−1 iodide and iodate solutions were trans-
ferred to the growth medium under aseptic conditions.
The final iodine content in growth media was 1 mg L−1.
According to our previous research (Duborská et al.
2016), only 6.3% of 2.69 mg kg−1 total iodine content
in agricultural soil is water soluble and, thus, bioavail-
able. By applying 15% water moisture content (Hiller
et al. 2015), the result indicate that our 1 mg L−1 iodine
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culture medium concentration is similar to that of iodine
pore-water concentration in agricultural soil.

The fungal cultures were incubated in the dark for
25 days. The control fungal-free treatments were con-
ducted in a similar manner to evaluate possible iodine
evaporation during cultivation. For each experimental
condition, the triplicate parallel experiments were per-
formed. After 25 days, the biomass was separated from
the growth medium, rinsed with deionized water, dried
at 25 °C, and weighed. The spent growth medium was
filtered through a 0.45-μm cellulose (MCE) membrane
filter, pH was measured, and residual total iodine con-
centration in medium and biomass was determined by
inductively coupled plasma mass spectrometry (ICP-
MS).

2.4 Analytical Method

Total iodine content in spent growth medium, water
solutions, and biomass extracts were measured by
ICP-MS (Perkin Elmer Elan 6000, USA) using Te as
internal standard. Before the analysis, 2 mL of 25%
tetramethylammoniumhydroxide (TMAH) (Alfa Aesar,
Germany) was added to culture media and water solu-
tions and diluted to 50 mL with deionized water to
obtain 1% w/v background TMAH concentration for
analysis. For total iodine determination in fungal bio-
mass, extraction with TMAH was applied. The dry
biomass was added to 15-mL centrifuge tubes with
2 mL TMAH, placed to a dry bath incubator (MK-20,
Hangzhou Allsheng Instruments Co., Ltd., China) for
4 h at 70 °C. The samples were shaken manually ap-
proximately every 30 min. After 4-h incubation, the
samples were diluted to 50 mL with deionized water
and centrifuged (CM-6MT, Sky Line, ELMI, USA) at
2300 rpm for 30 min. The supernatant was passed

through a 0.45-μm-pore-sized MCE membrane filter.
The efficiency of the extraction procedure was verified
by analyzing BCR-CRM (Community Bureau of Ref-
erence certified reference materials) No. 129 (Hay pow-
der) and GBW07405 (Stream sediment) acquired from
National Research Centre for Certified Reference Mate-
rials in China. The determined values of iodine were in
good agreement with its certified values within the
uncertainties.

3 Results and Discussion

The most obvious fungal characteristics that indicate
differences in physiological response to effects of iodide
and iodate during cultivation are changes in culture
medium’s pH and biomass weight. The growth param-
eters are often used for evaluation of toxicity (El-Sayed
2015), while the pH is usually omitted in papers dealing
with potentially toxic elements’ effects on microorgan-
ism. However, the pH differences reflect the fungal
struggle with efficient uptake of organic sources because
the membrane-located ATP-driven proton pump is re-
sponsible for maintaining the electrochemical proton
gradient necessary for nutrient uptake (Manavathu
et al. 1999). Thus, we can assume that the effects of
iodide and iodate on selected fungal strains did not differ
in most cases, as depicted on Fig. 1, with average final
pH of most fungal strains approximating value of 8. The
only statistically significant difference (for p < 0.05)
between iodide and iodate treatments was determined
for C. cladosporioides.

Our previous research (Urík et al. 2016) indicates that
lower final pH reflects the prolonged lag phase neces-
sary to accommodate fungus for stress conditions. Thus,
we assumed the higher toxicity of iodate for
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Fig. 1 Changes in pH values
after 25-day cultivation of
selected fungal strains. Initial pH
of culture medium was 5.6 ± 0.2
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C. cladosporioides as the iodate treatment final pH was
lower (Fig. 1). However, Fig. 2 depicts that the
C. cladosporioides biomass production was statistically
significantly enhanced (for p < 0.05) in presence of
iodate. Figure 2 also suggests no statistically significant
difference in all other fungal strains’ growth inhibition
induced by iodate and iodide. Thus, we concluded that
the only iodine-sensitive strain was C. cladosporioides
where iodate prolonged lag phase and iodide decreased
dry biomass weight after 25-day cultivation.

Figure 3 depicts the apparent bioaccumulation efficien-
cy of iodate and iodide which differ statistically signifi-
cantly only for C. cladosporioides. This fungal strain
accumulated 3.9 and 5.2 μg g−1 of iodine in iodide and
iodate treatments, respectively, while the highest up to
63.7 μg g−1 average iodine concentration in biomass was
accumulated by A. alternata with no statistically signifi-
cant difference in iodide and iodate bioaccumulation.
Regarding comparison in iodide and iodate accumulation
efficiency, all other fungal species behaved similarly to
A. alternata. Amachi et al. (2010) estimated that the spe-
cific uptake of iodine by the anaerobic microbial

communities was in range of 0.71–2.0 μg g−1 dry weight
of biomass. This is significantly lower than our
A. alternata’s bioaccumulation efficiency. However, aero-
bic strain of Bacillus subtilis 168 (MacLean et al. 2004)
slightly outperformed A. alternata with its up to
152 μg g−1 iodide concentration accumulated in biomass.
The significantly higher accumulation capacity of aerobic
microorganisms was also highlighted by Amachi et al.
(2005a) with aerobic marine bacterium Arenibacter
troitsensis’s 55 μg g−1 iodide bioaccumulation from initial
iodide concentration of 1.27 mg L−1 while suggesting that
iodate uptake in short-term experiment is insignificant
compared to iodide transport. However, our results clearly
indicate that iodate is bioaccumulated to the same extent as
iodine in our long-term experiment (Fig. 3).

Evaluation of iodine removal efficiency from
aqueous media by various natural materials is rele-
vant to both decontamination of water bodies and
evaluation of geochemical behavior of iodide and
iodate in waters (Hu et al. 2005; Sarri et al. 2013).
Fungal efficiency to immobilize iodine, depicted in
Fig. 4, did not overcome 52% of initial 1 mg L−1
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iodate or iodide concentration in culture medium
with highest removal efficiency determined for
A. alternata. Surprisingly, the significantly higher
efficiency of iodate removal by fungal biomass con-
tradicts our bioaccumulation results depicted in
Fig. 3. This means that the total loss of iodine from
culture medium, as indicated in Fig. 4, was higher
than the loss calculated solely from iodine biomass
concentration. This is most likely because of extra-
cellular or intracellular transformation of iodate and
iodide into volatile derivatives during incubation
(Amachi et al. 2003) which is most likely more
intensified for iodate.

To support this conclusion experimentally, the amount
of biovolatilized iodine was calculated indirectly based
on the iodine abundance in cultivation media and the

amount of iodine accumulated in fungal biomass. Our
previous research showed that microscopic filamentous
fungi are able to efficiently transform several toxic and
essential elements from the environment throughout their
metabolic activity to volatile organic forms. This trans-
formation can be mediated inside or outside the microbial
cells (Boriová et al. 2015; Urík et al. 2014). Indirect
biovolatilization outside the cells is a result of the release
of various metabolic products such as several organic
acids to the medium which can interact with other sub-
stances present in the cultivation media. Thus, the mech-
anism of biovolatilization of iodine by fungi is not yet
sufficiently explained because both intracellular and ex-
tracellular transformation can occur. It was also indicated
that under acidic conditions, iodide volatilization and
oxidation are favorable (Evans et al. 1993). However, in
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all cases, the metabolically active fungus is responsible
for iodine volatilization, because no significant loss of
iodine was detected in control experiments.

The iodine biovolatilization efficiency for each fungal
strain is presented in Fig. 5. Our results indicate that iodine
transformation into volatile iodine compounds is strain
specific. There is also possibility of no volatilization activ-
ity as observed for fungal strain P. citrinum. This can be
due to different mechanisms of iodine metabolism or
detoxification. This is supported with our previous results
on detoxification and volatilization of other potentially
toxic elements (Urík et al. 2007).

Strains of A. alternata and F. oxysporum showed to be
the most efficient producers of volatile iodine compounds
with average volatilization of 36.3 and 32 μg g−1, respec-
tively, when iodine was added to the medium as iodate.
Surprisingly, in iodide treatments, the average volatiliza-
tion rate was approximately half that amount with statis-
tically significant difference for strains of A. alternata,
A. clavatus, and C. cladosporioides. This effect could be
the result of different mechanisms of uptake and meta-
bolic transformation of iodide and iodate by the selected
fungi which is still unclear. However, we assume that
while in the case of iodide the main detoxification mech-
anism can be the efflux of the accumulated iodide back to
the media, the iodate is preferentially transformed into
volatile form and volatilized to the fungal headspace
(Table 1). In the study of Ban-nai et al. (2006),
C. cladosporioides and A. alternata also volatilized io-
dine after a 49-day cultivation and the chemical form of
volatilized iodine was identified as methyl iodide (CH3I).

No other organic iodine compounds volatilized were
identified in their study. However, until now, no volatil-
ization of iodate from culture medium in presence of
microorganisms was published.

4 Conclusions

Our results indicate that microscopic filamentous fungi
are capable of accumulating iodine regardless of its
chemical form in the growth media. Furthermore, the
general comparison of iodide and iodate apparent bio-
accumulation for each fungal strain separately after 25-
day cultivation showed no statistically significant dif-
ferences. Our results also highlighted unique fungal
transformation of iodine into volatile species. However,
not all of our fungal strains showed this ability, thus
highlighting iodine volatilization as strain specific. Un-
like bioaccumulation, the iodine volatilization efficiency
was significantly affected by its chemical form supple-
mented in culture medium. Our results showed that the
volatilization rate of iodate was twice as high as iodide.
Thus, our results highlight significant contribution of
filamentous fungi in iodine biogeochemical cycle and
mobility in the environment.
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Table 1 Relative average distribution of iodine in compartments of cultivation system after 25-day cultivation of selected filamentous fungi

Fungal species Supplemented
iodine species

Relative content of dissolved
iodine fraction (%)

Relative content of accumulated
iodine fraction (%)

Relative content of
biovolatilized iodine
fraction (%)

Cladosporium
cladosporioides

KI 89.0 3.9 7.1

KIO3 81.6 2.9 15.5

Aspergillus clavatus KI 90.0 8.6 1.4

KIO3 86.0 7.9 6.1

Penicillium citrinum KI 96.2 3.8 0

KIO3 96.1 3.9 0

Fusarium oxysporum KI 84.4 9.0 6.6

KIO3 80.9 8.9 10.2

Alternaria alternata KI 51.8 37.0 11.2

KIO3 48.6 32.7 18.7
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a b s t r a c t

Presence of microorganisms in soils strongly affects mobility of metals. This fact is often excluded when
mobile metal fraction in soil is studied using extraction procedures. Thus, the first objective of this paper
was to evaluate strain Aspergillus niger’s exometabolites contribution on aluminium mobilization. Fungal
exudates collected in various time intervals during cultivation were analyzed and used for two-step bio-
assisted extraction of alumina and gibbsite. Oxalic, citric and gluconic acids were identified in collected
culture media with concentrations up to 68.4, 2.0 and 16.5 mmol L�1, respectively. These exometabolites
proved to be the most efficient agents in mobile aluminium fraction extraction with aluminium
extraction efficiency reaching almost 2.2%. However, fungal cultivation is time demanding process.
Therefore, the second objective was to simplify acquisition of equally efficient extracting agent by
chemically mimicking composition of main organic acid components of fungal exudates. This was suc-
cessfully achieved with organic acids mixture prepared according to medium composition collected on
the 12th day of Aspergillus niger cultivation. This mixture extracted similar amounts of aluminium from
alumina compared to culture medium. The aluminium extraction efficiency from gibbsite by organic
acids mixture was lesser than 0.09% which is most likely because of more rigid mineral structure of
gibbsite compared to alumina. The prepared organic acid mixture was then successfully applied for
aluminium extraction from soil samples and compared to standard single step extraction techniques.
This showed there is at least 2.9 times higher content of mobile aluminium fraction in soils than it was
previously considered, if contribution of microbial metabolites is considered in extraction procedures.
Thus, our contribution highlights the significance of fungal metabolites in aluminium extraction from
environmental samples, but it also simplifies the extraction procedure inspired by bio-assisted extraction
of aluminium by common soil fungus A. niger.

© 2016 Elsevier Ltd. All rights reserved.

1. Introduction

The carboxylic organic acids, which occur in soils and sediments
naturally as microbial or plant exudates (Huang et al., 2016),
represent minor fraction of dissolved organic carbon in soils, usu-
ally less than 3% (Van Hees et al., 2002; Van Hees et al., 2000).
However, their impact on metal biogeochemistry is extremely
significant. Low molecular weight organic acids induce changes in
the chemical, physical, and biological characteristics of soils as they
are involved in mobilizing major and trace elements necessary for
organism nutrition (Mimmo et al., 2014; Terzano et al., 2015).

Hence, their presence affects the mobile and labile fractions of
metals in the environment. Besides low molecular weight organic
compounds, the content of mobile fraction of potentially toxic
metals is also affected by presence of high molecular weight
organic matter and soil pH. While the acidification of soils leads to
elimination of the exchangeable sites occupied by acidic cations,
including aluminium, and increases the concentrations of dissolved
metal in the extractable fraction (Eimil-Fraga et al., 2015; Walna
et al., 2005), high content of organic matter in soil generally de-
creases dissolved metals’ activity in surface soils (Wesselink et al.,
1996), although it may results in metal accumulation in deeper
soil layers (Dijkstra and Fitzhugh, 2003).

Various procedures were applied to estimate mobile metals in
soils and sediments, including the diffusive gradients in thin films
(Hlod�ak et al., 2015a; Zhang et al., 2001) and single step or
sequential extraction procedures (Gitet et al., 2013; Hlod�ak et al.,
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2015b; Kubov�a et al., 2008; Shan et al., 2003). In extraction pro-
cedures, the exchangeable and acid soluble metal fraction from
soils and sediments exhibits mobility commensurate to natural
environment (Bondareva et al., 2014). According to original and
modified BCR protocol (Rauret et al., 1999) acetic acid is applied to
assess most mobile, acid soluble/exchangeable fraction of metals in
the environment. Ecological and ecotoxicological effects of metals
and metalloids mostly relate to such fraction as this is readily
mobilized and potentially bioavailable (Hlod�ak et al., 2016). The
metals bound to iron and manganese oxides/hydroxides or organic
matter are generally less accessible for organisms (Salomons,1995).
However, low molecular mass carboxylic organic acids are used
extensively to assess operationally defined potentially mobile and
bioavailable phases (Li et al., 2014; Ptak andMcBride, 2015; Vítkov�a
et al., 2015; Xiao et al., 2015).

It is important to note here that given concentrations of organic
acids applied for mobile metal fraction extraction, such as
rhizosphere-based extraction method (Feng et al., 2005), do not
reflect actual organic acid production capacity of organism (Li et al.,
2003). Therefore, we suggest that application of randomly selected
organic acids for mobile or bioavailable metal fraction evaluation is
ambiguous. The research on organic acid quality and quantity
produced by organisms is necessary before they are actually
applied in extraction procedures.

Furthermore, literature is omitting significance of microbial
contribution on organic acid production in soils and sediments.
Fungal consortia are capable of producing significant amounts of
organic acids as shown in various studies (Scervino et al., 2010; Urík
et al., 2015). This naturally occurring process may also contribute to
natural mobilization of the most environmentally hazardous
metals in soils, sediments and solid wastes, including aluminium
(Vachon et al., 1994). It is necessary to highlight here that fungi
excrete anions of organic acids which have exceptional metal
chelating properties but do not contribute to acidification of
extracellular environment. However, it is well known that fungi are
capable of acidifying their surrounding environment by their
metabolic activity (Gadd et al., 2012; Urík et al., 2014a). Acidifica-
tion during fungal growth depends on membrane-located ATP-
driven proton pump. This ion-translocating enzyme is responsible
for maintaining the electrochemical proton gradient necessary for
nutrient uptake (Manavathu et al., 1999).

Microbial organic acid excretion and acidification have also
significant impact on metal mobilization in fungal microenviron-
ment and bioavailability of hazardous substances and their further
transfer to other organisms. This may even occur in the environ-
ments where major environmental hazards were considered stable
and general extraction techniques indicated low concentrations of
mobile toxic metal fractions. This highlights necessity to reevaluate
significance of microbial exometabolites in toxic metal mobiliza-
tion, especially in case of aluminiumwhich mobility and toxicity is
significantly affected by soil concentration of lowmolecular weight
organic compounds with chelating properties, as well as by soil pH
(Dijkstra and Fitzhugh, 2003; Van Hees et al., 2000). This underlines
importance of pH stratification and microbial organic exometabo-
lites’ concentrations in the closest fungal environment when
evaluating mobile metal fractions in environmental samples.
Consequently, filamentous fungi have been applied for aluminium
extraction from various waste materials in biohydrometallurgy
(Amiri et al., 2012; Kolen�cík et al., 2013; Santhiya and Ting, 2006).

This inspired our study to chemically mimic the bio-assisted
metal extraction as an adequate extraction procedure for mobile
or bioavailable metal fraction analysis in the environmental sam-
ples. For this reason, we objectively selected fungus Aspergillus
niger, the most common soil fungus, as a model biological extrac-
tant. In order to evaluate chemical extraction procedure which

efficiently mimics bio-assisted extraction, we have selected
alumina (Al2O3) as simple model substrate for mobile aluminium
fraction determination, and gibbsite as the natural occurring min-
eral of aluminium hydroxide. The decision to choose aluminium as
metal representative was affected by two factors. Firstly,
aluminium mobility in the environment is strongly affected by
substrate acidity and presence of complexing agents e both
affected by fungal presence, and secondly a lot of effort has been
given to evaluate aluminium extraction in previous studies (Matú�s
et al., 2006) allowing us to directly compare the bio-based extrac-
tion to other single step extraction techniques.

2. Materials and methods

2.1. Inoculum preparation

Fungal strain Aspergillus niger CBS 140837 was originated from
mercury contaminated soil from Slovakia (Urík et al., 2014b). Fungal
conidia were harvested from the 7-day old colonies on the Sabo-
uraud dextrose agar plates (HiMedia, India) by washing the agar
surface with sterile deionized water. The spore suspension, diluted
to desired concentration (approximately 106 mL�1), was used as an
inoculum for further experiments.

2.2. Two-step bio-assisted extraction of aluminium

Two-step bio-assisted extraction experiments were carried out
using 250 mL Erlenmeyer flasks with 50 mL of liquid Sabouraud
dextrose broth medium (HiMedia, India) with pH 5.6. The medium
was inoculatedwith 50 mL of Aspergillus niger spore suspension. The
culture media with fungal exudates were collected on 3rd, 6th, 9th,
12th, 15th and 19th cultivation day, filtered through a 0.45 mm pore
size cellulose membrane filter (Membrane Solutions LCC, China)
and the pH of culture medium was recorded using electrode HI
1230B (Hanna Instruments, USA). The concentration of organic
acids of fungal origin in culture medium was analyzed by capillary
isotachophoresis. The 50 mL volumes of collected cell-free culture
media, which pH were titrated to values in range from 2.5 to 7.5 or
remained unchanged, were then used as extracting agent for 24-h
static or dynamic (120 rpm) extraction of 0.1 g alumina or 0.153 g of
gibbsite in dark at 25 �C. After extraction procedure, the medium
was filtered through 0.45 mm pore size membrane filter and total
aluminium was determined in filtrates by inductively coupled
plasma optical emission spectrometry (ICP-OES).

2.3. Chemical extraction

Two series of 50 mL solutions of either 0.01 mol.L�1 NaCl or
mixtures of citric (C6H8O7$H2O; Centralchem, Slovakia), oxalic
(C2H2O4$2H2O; Centralchem, Slovakia) acids and D-gluconic acid
sodium salt (C6H11NaO7; Sigma-Aldrich, Germany) adjusted to pH
1.45, 1.53 and 2.72 using 1 mol.L�1 HCl were prepared according to
respective composition of culture media collected for two-step bio-
assisted extraction. These organic acid mixtures labeled A, B and C
were adjusted according to organic acid composition of culture
medium on 3rd, 12th and 19th cultivation day, respectively, as
indicated in Table 1. The selected days are showing the most sig-
nificant differences in composition of three most representative
organic acids. Additionally, the organic acid mixtures were pre-
pared and adjusted to pH 2.5, 3.5 and 4.5. All prepared mixtures
were then used for 24-h dynamic extraction of 0.1 g alumina or
0.153 g gibbsite at 25 �C in dark. The different weights of mineral
phases were applied to achieve similar content of aluminium in
these substrates. Thereafter the suspensions with alumina or
gibbsite were filtered through 0.45 mm pore size membrane filter
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and total aluminium was determined in filtrates by ICP-OES. All
experiments were run in triplicates.

To evaluate the efficiency of our extracting agent prepared ac-
cording to organic acid composition of culture media collected on
12th cultivation day (later labeled as mixture B), it was applied for
aluminium extraction from five different soil samples collected
from �Sobov (Slovakia). Its extraction efficiency was compared and
correlated to efficiencies of aluminium single step extraction from
these five soil published elsewhere (Matú�s et al., 2004). The soil
characteristics were also published elsewhere (Matú�s et al., 2005;
Medve�d et al., 2008). Similarly to previous experiments, the vol-
ume of 50 mL organic acids mixture was incubated with 0.1 g soil
sample in 250 mL Erlenmeyer flask on rotatory shaker (120 rpm)
for 24 h in dark. After filtration through 0.45 mm pore size mem-
brane filter, the total aluminium was determined in filtrate by ICP-
OES.

2.4. Bioaccumulation of aluminium

In order to investigate the aluminium bioavailability in culture
medium the volume of 50 mL sterilized Sabouraud dextrose broth
medium was mixed with Al(III) solution prepared from
Al(NO3)3$9H2O (analytical grade; Centralchem, Slovakia) to get
final volume of 50 mL and Al(III) concentration in range of
0e37 mg.L�1. In case of bioaccumulation in solid phase presence,
alumina (50, 100 and 200 mg) or gibbsite (76.5, 153 and 382.5 mg)
were suspended in culture medium instead of aluminium nitrate.
The culture mediumwas then inoculated with spore suspension of
A. niger. After 19-day incubation at 25 �C the spent culture medium
was filtered through 0.45 mm pore size membrane filter and total
aluminium was determined in filtrates and biomass by ICP-OES.

2.5. Analytical methods

Aluminium and other selected metals were determined using
inductively coupled plasma optical emission spectrometry (ICP-
OES) by ICP spectrometer Jobin Yvon 70 Plus (France) equipped
with concentric nebulizer (Meinhard, USA) and cyclonic spray
chamber. Aluminium was determined using ICP-OES at line Al I
396.152 nm. Plasma power: 1000 W.

ICP spectrometer was calibrated using matrix-matched stan-
dard solutions (for measurement of aluminium in culturemedia) or
aqueous standard solutions containing 2% HNO3 prepared from
1000 mg.L�1 stock solution of aluminium (CertiPur, Merck, Ger-
many, traceable to CRM from NIST). Quality Control samples were
prepared from Certified Reference Material (CRM) 1000 mg.L�1 Al
Aqueous Calibration Solution (Astasol, Czech Republic, certified by
CzechMetrology Institute) at midpoint of each calibration andwere
run after each ten samples. The efficiency of decomposition pro-
cedure was verified using BCS-CRM No. 395 (Bauxite, Bureau of
Analyzed Samples, UK), the determined value of aluminiumwas in
agreement with its certified value within the uncertainties. Sam-
ples were prepared and measured in triplicates. The limit of
quantification (LOQ) of the method used for aluminium

determination (ICP-OES) was 100 mg.L�1 and was determined as 10
times the standard deviation of blank determinations (10
replicates).

Isotachophoretic separation of organic acids in culture medium
was performed using a ZKI 01 isotachophoretic analyser (Villa
Labeco, Spi�ssk�a Nov�a Ves, Slovak Republic) operated in the itp-itp
mode. The isotachopherograms were evaluated by a software
supplied with the analyser (S�adeck�a and Polonský, 2003).

3. Results and discussion

3.1. Organic acid production by A. niger

Strains of A. niger are well known for organic acid anions
exudation which manifests in particular acids’ significantly
elevated concentrations in extracellular environment (Magnuson
and Lasure, 2004), where oxalate and citrate concentration can
easily reach up to tens of mmol.L�1 (Santhiya and Ting, 2006).

This exceptional fungal quality has been previously applied in
waste material and ore processing (Kolen�cík et al., 2011). But here,
we suggest using actual concentrations of aforementioned main
fungal exudates (extracellular metabolites) as concept for extrac-
tion method to evaluate environmentally mobile metal fractions.
Therefore, we have analyzed A. niger’s organic acid exudation first.
This was necessary to determine the composition of our new
extractant solution.

To our satisfaction, the most abundant organic acids that
resulted from our isotachophoric measurements were the fungal
exudates identified in some of previously published studies as the
most significant extracting agents (Santhiya and Ting, 2005, 2006;
Urík et al., 2015). These were citric, oxalic and gluconic acid.
Therefore, we suggest that these are the most suitable candidates
for our goal of chemical mimicking of bio-assisted aluminium
extraction.

The changes in concentration of citric, oxalic and gluconic acid
during 19-day incubation of A. niger are indicated in Table 1. During
fungal cultivation, the ratio of these three most abundant acids was
changing continuously. While concentration of oxalic acid
increased from 13.1 to 68.4 mmol.L�1, concentration of gluconic
acid decreased with time from 16.5 to 5.7 mmol.L�1. The citric acid
concentration showed its maximum by the 12th cultivation day of
2mmol.L�1. This pattern is common and reflects fungal metabolism
of sugars where first step is extracellular enzymatic oxidation of
available hexoses to gluconic acid. It is then intracellularly trans-
formed within the citric acid cycle to oxalic, citric or some other
acids which can be excreted in anionic form (Magnuson and Lasure,
2004).

3.2. Two-step bio-assisted extraction of aluminium

For the two-step extraction, the fungal metabolites were
collected in various time periods during 19-day cultivation of
A. nigerwith respective organic acids concentrations as indicated in
Table 1. Collectedmediawith fungal exudates were then applied for

Table 1
Organic acid concentration in culture medium during 19-day cultivation of A. niger.

Days of cultivation Oxalic acid (mmol L�1) Citric acid (mmol L�1) Gluconic acid (mmol L�1)

3 13.1 1.2 16.5
6 30.7 1.4 15.7
9 47.9 1.7 13.8
12 52.2 2.0 11.6
15 59.7 1.8 9.0
19 68.4 1.6 5.7
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24-h static or dynamic extraction of aluminium from alumina. Fig. 1
compares the extraction efficiencies of those two methodological
approaches, showing no significant difference between static and
dynamic treatments. We suggest that this was most likely affected
by simplicity and uniformity of alumina and gibbsite. The
complexity of environmental matrices may not allow such efficient
extraction under static conditions. Therefore, the static extraction
was omitted from all further experiments.

The highest amount of aluminium was extracted from alumina
by fungal metabolites collected after 12-day cultivation where we
determined almost 23 mg.L�1 of aluminium. From appearance of
Fig. 1a and b, it could be observed that the extraction efficiency
correlates well with culture media acidification with significant
increase of dissolved aluminium as the pH decreased from 5.6 to
nearly 1.4. Thus, we hypothesized that the main reason for alumina
dissolution should be culture medium acidification. However, after
careful evaluation of Fig. 2 we needed to reconsider this hypothesis.
Fig. 2 depicts that inorganic extraction of aluminium in HCl treated
samples was visibly less effective compared to organic acids.
Especially in case of gibbsite, where the HCl extracted aluminium
was below the analytical detection level, the presence of organic
acids enhanced extraction efficiency significantly. This suggests
limiting effect of pH on extraction and dissolution of aluminium
and confirms significance of chelating properties and composition
of organic exudates for metal bio-assisted extraction (Kolen�cík
et al., 2013). The positive effect of fungal exometabolites on
aluminium extraction from alumina and gibbsite are also high-
lighted in Fig. 3, where the collected culture medium from 12th
cultivation day was titrated up to pH of 7.5 and applied for
aluminium extraction. There, the extraction of aluminium is still
significant even at natural low acidic and neutral pH values. This
also depicts higher chemical stability of gibbsite compared to
alumina due to lower extraction efficiency. It is most likely because
of more rigid gibbsite mineral structure. Although the inorganic
extraction of aluminium in HCl treatments is showing the diminish
success at higher pH values in Fig. 2, the extraction efficiency of
organic acids is also decreasing with increasing pH (Figs. 2 and 3).
This highlights the positive effect of low pH on aluminium
extraction.

3.3. Chemical mimicking of aluminium extraction by A. niger

As mentioned previously, quality and quantity of organic acids
excreted by fungus in culture medium significantly affect the
extraction efficiency. However, is the bio-assisted extraction

necessarily more effective method for mobile or bioavailable metal
fraction determination compared to standard extraction
procedures?

Our results shown in Fig. 4 indicate that there was statistically
significant difference between the extraction efficiency of two-step
bio-assisted extraction and chemical extraction by mixtures of
organic acids labeled A and C. However, there was determined no
statistically significant difference at level of 0.05 for organic acid
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Fig. 1. Comparison of dynamic (a) and static (b) two-step 24-h bio-assisted aluminium extraction from alumina.
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Fig. 2. Influence of pH on chemical extraction of aluminium from (a) alumina and (b)
gibbsite with mixture of organic acids and HCl. The composition and concentrations of
organic acids in solutions labeled A, B and C was adjusted according to pH and organic
acid composition of collected media applied in two-step bio-assisted extraction pro-
cedure on 3rd, 12th and 19th cultivation day, respectively. Asterisk (*) indicates con-
centration below the limit of quantification (LOQ) of the analytical method.
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mixture labeled B compared to bio-assisted extraction. Further-
more, bio-assisted extraction efficiency of alumina was highest
when the culture medium from 12th cultivation day was applied.
This also corresponds to organic acid mixture labeled B. Thus, the
mixture B is the most relevant organic acid mixture regarding bio-
assisted extraction mimicking. Therefore it was also used for
further studies on aluminium extraction from environmental
samples. However, mixture C showed the maximum extraction
efficiency. Because the concentration of oxalic acid was highest in
this mixture, we may conclude that oxalic acid is the most signifi-
cant component for metal extraction. And this was confirmed
experimentally by other authors (Qu and Lian, 2013; Santhiya and
Ting, 2005). However, presence of oxalic acid can also be undesir-
able. This is because some metal oxalates easily precipitate (Astuti
et al., 2016; Sayer and Gadd, 1997). Thus, oxalic acid excretion in
some cases decreases apparent metal extraction efficiency.

As indicated in previous text, organic acid mixture B was chosen
for further extraction studies using environmental samples. This
was based on its similar extraction efficiency of aluminium from
alumina compared to two-step bio-assisted extraction. The
aluminium extraction from five soil samples was evaluated and
compared to standard single step extraction methods, as indicated
in Table 2. This includes single step procedures that enables
determine ion-exchangeable fraction, organic bounded fraction,

complexing and acid extractable fraction of aluminium (Beckett,
1989). Correlation coefficient (R2) is showing the best compliance
with 0.5 M HCl and 0.2 M (NH4)2C2O4 as extracting agents. This
result is not surprising and clearly supports the pH and organic
acids significance for mobile aluminium extraction. Thus, these
single step extraction procedures were chosen for closer compari-
son, as depicted in Fig. 5.

Organic acids extraction with solution B is showing higher ef-
ficiency (6e10.5%) than both of commonly used extraction pro-
cedures chosen for comparison. Extraction with HCl (1.2e3.5%) is
approximately three times lower than extraction with mixture B.
This ratio correlateswell with aluminium extraction efficiency from
alumina using mixtures of organic acids and HCl solutions (Fig. 4).

Acid extractable fraction from natural matrix includes mostly
metals bound to carbonates and low crystalline oxides or hydrox-
ides. Generally, the metal extraction with HCl should be more
efficient compared to organic acids. This is due to more efficient
dissociation and slightly reducing activity of HCl (Beckett, 1989).
Therefore, the extraction with (NH4)2C2O4 was slightly lower
(0.7e2%). This is despite the fact that organic acids might also
contribute on dissolution of aluminium from organic complexes
and silicates in soils (Bertsch and Bloom, 1996; Sager, 1992). How-
ever, significance of complexing properties of extracting agent is
also needed to be taken under consideration. As shown in Table 2,
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Fig. 3. Effect of increasing pH on two-step bio-assisted dynamic extraction of aluminium from (a) alumina and (b) gibbsite indicated by concentration of extracted aluminium in
culture medium.
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Table 2
List to correlation coefficients between aluminium extraction from soil samples by
various extracting agents (Matú�s et al., 2006) and extraction efficiency of mixture B.

Extracting agent Concentration of extracting agent (mol L�1) R2

CaCl2 0.01 0.04
HCl 0.5 0.95
KCl 1.0 0.10
CuCl2 0.5 0.62
BaCl2 0.1 0.06
NH4Cl 1.0 0.09
LaCl3 0.3 0.11
Na4P2O7 0.1 0.52
(NH4)2C2O4 0.2 0.98
Na2S2O4 0.2 0.14
NH4F 0.5 0.50
EDTA 0.05 0.31
EDTA 0.005 0.78
DTPA 0.005 0.86
NTA 0.005 0.85
H2O e 0.08

EDTA, ethylenediaminetetraacetic acid; DTPA, diethylenetriaminepentaacetic acid;
NTA, nitrilotriacetic acid.
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low concentrations of chelating agents ethylenediaminetetraacetic
acid (EDTA), diethylenetriaminepentaacetic acid (DTPA) and nitri-
lotriacetic acid (NTA) correlate well with mixture B extraction ef-
ficiency. However, the aluminium released by EDTA, DTPA and NTA
was significantly lower, ranging from 0.1 to 1.6% of total aluminium.
This is in good agreement with other authors who suggest these
agents are weakly efficient, however, most selective for phytoa-
vailable aluminium species (Matú�s, 2007). Therefore, it correctly
represents only fraction of aluminium extracted by organic acids
mixture B.

The composition of mixture B is more complex, combining both
of acidic and chelating effects of extracting agents on soil matrix.
Therefore, this mixture, which mimics composition of fungal exu-
dates also turns out to be more efficient compared to single
extraction procedures with more concentrated or aggressive
extractants, such as 0.5 M HCl or 0.2 M (NH4)2C2O4 (Matú�s et al.,
2006). This highlights that the composition of extracting agent is
of the most importance especially regarding determination of
mobile aluminium fractions.

This also suggests that there is a possibility of much higher
mobile aluminium fraction content in natural samples than it was
previously considered. Furthermore, the extracted fraction is even
higher than sum of first three steps of BCR sequential extraction
procedures applied for soil samples by Matú�s et al. (2004). While
our extraction efficiencies of aluminium from soil samples labeled
here as 3 and 5 were 8.8 and 10.4%, Matú�s et al. (2004) extracted

overall 4.9 and 5.8% aluminium, respectively. In some cases this
sum is considered as bioavailable (Bielicka-Giełdo�n et al., 2013).
However, this issue cannot be simplified and more direct and so-
phisticated approach for extracting agent identification, appro-
priate for bioavailable aluminium fraction determination, is needed
(Matú�s, 2007).

3.4. Fungal bioaccumulation of mobile aluminium fraction

Until now we only discussed determination of mobile
aluminium fraction in model and environmental samples, simpli-
fying bio-assisted approach by using mixtures of organic acids.
However, this indirect approach still did not allow us to determine
actual bioavailable fraction. Therefore, fungal experiments of
aluminium bioaccumulation from culture medium by filamentous
fungus A. niger were conducted.

As the initial concentration of aluminium in culture medium
increased, the amount of accumulated aluminium by fungal
biomass increased almost linearly. Fig. 6a depicts this trend by
relative similar accumulated fraction of dissolved aluminium,
especially at higher concentrations, which did not exceed 11% of its
initial amount in culture medium. Thus, we hypothesize that only
less than 11% of dissolved aluminium is bioavailable if mobile
aluminium concentrations in culture medium do not exceed
34.5 mg.L�1. This condition was fulfilled in all our treatments
regarding two-step bio-assisted extraction or single step chemical
extraction procedures.

To highlight this conclusion we also addressed the direct fungal
extraction and subsequent bioaccumulation of aluminium. As
depicted in Fig. 6b, fungus A. niger accumulated almost 21.5% from
20 mg.L�1 mobile aluminium fraction extracted from alumina
during 19-day cultivation. This indicated higher bioavailable
aluminium concentration compared to anticipated 11%.

While the accumulated concentration of aluminium in fungal
biomass increased from 0.75 to 1.9 mg g�1 with increasing alumina
content in culture medium, the relative bioavailable fraction of
aluminium decreased. This surely indicates saturation of fungal
biomass which accumulation capacity must be naturally restricted
to avoid adverse effects of aluminium. However, the sorption ca-
pacity increased linearly when the aluminium in form of nitrate
was used. Thus, in this case, the fungal biomass was not saturated
with aluminium.

This observation also relates to total amount of “potentially
available” aluminium pool in culture medium. In case of aluminium

Fig. 5. Extraction efficiencies of aluminium from soil samples by single step extraction
using 0.5 mol.L�1 HCl and 0.2 mol.L�1 (NH4)2C2O4 compared to extraction by mixture
of organic acids prepared to according organic acid composition of culture media from
the 12th cultivation day of A. niger.

0

5

10

15

20

25

8.3 19.8 36.5bi
oa

va
ila

bl
e 

fr
ac

tio
n 

of
 to

ta
l m

ob
ile

  
al

um
in

iu
m

 in
 c

ul
tu

re
 m

ed
iu

m
 (%

)

initial concentration of dissolved 
aluminium in culture medium

(mg.L-1)

(a)

0

5

10

15

20

25

20.0 40.2 72.4bi
oa

va
ila

bl
e 

fr
ac

tio
n 

of
 to

ta
l m

ob
ile

 
al

um
in

iu
m

 in
 c

ul
tu

re
 m

ed
iu

m
 (%

)

culture medium concentration of 
mobilized aluminium from alumina 

after cultivation (mg.L-1)

(b)

Fig. 6. Evaluation of bioavailable aluminium fraction after 19-day cultivation of fungal A. niger strain cultivated (a) at various initial aluminium concentrations in culture medium,
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supplemented in form of nitrate, the aluminium pool for fungal
uptake is limited. On the other hand, mineral phase represents
extreme excess of “potentially available” aluminium. These condi-
tions force fungus to accumulate more aluminium; and efficient
fungal bioaccumulation of aluminium shifts equilibrium towards
aluminium dissolution.

We can conclude that in natural environment these two effects
combine because direct fungal extraction of aluminium from
gibbsite, the natural occurring aluminium form, is extremely low
even under laboratory conditions (Fig. 7). Thus, poorly extracted
aluminium from gibbsite allows fungus to overcome saturation,
while the bioaccumulation enhances biologically induced extrac-
tion continually due to equilibrium shifting.

4. Conclusions

The evaluation ofmobile fractions of potentially toxic element in
the natural samples has been issued in extraction procedures
several times already. The main objective e to evaluate actual
environmentally relevant mobile fraction of hazardous metals, is
often challenged by complex interaction of soil matrix with metal
of interest. This left us with various operational definitions of metal
fractions based on extracting agents used in actual extraction
procedure. However, the extreme important component of soil
system is widely omitted when it comes to extraction techniques e
microorganisms. This inspired us to study the main components of
microbial exudates that might be responsible for metal mobiliza-
tion from solid substrates. Here we present results that clearly
indicate that these components are organic acids, mostly citric,
oxalic and gluconic, which are produced during fungal growth in
great quantities. The importance of fungal consortia regarding
metal mobilization is also highlighted by fungal ability to signifi-
cantly decrease pH of their microenvironment. This was shown by
our results as the acidic and chelating properties of fungal exo-
metabolites had significantly higher efficiency of aluminium
extraction from soils compared to standard single step or sequen-
tial extraction procedures. This was even though that the concen-
tration of organic acids produced by fungi or pH of applied
extraction solution was not as aggressive as in some cases of
extracting agents applied in standard single step extraction pro-
cedures. It seems more likely that due to fungal activity the actual
mobile fraction of aluminium in the environment is higher than
determined by chemical extraction. And here we successfully
mimicked the bio-assisted extraction of aluminium. We prepared

organic acid mixture with aluminium extraction efficiency on par
with medium collected during fungal growth saturated with its
exometabolites. To our satisfaction, this mixture is prepared easily,
without necessity to cultivate fungi and buy expensive culture
medium. Thus, our contribution highlights the significance of
fungal metabolites in aluminium extraction procedure from envi-
ronmental samples, but also simplified the procedure which is
based on bio-assisted extraction of aluminium by common soil
fungal strain Aspergillus niger. Our approach offers new possibilities
in extraction procedures by applying actual microbial metabolites
which may considerably contribute on metal mobility in the
environment.
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Fig. 7. Evaluation of extractable aluminium fraction, detected in culture medium after
19-day cultivation of fungal A. niger strain cultivated at various initial contents of
gibbsite (76.5, 153 and 382.5 mg).
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a b s t r a c t

Antimony and many other potentially toxic metals and metalloids are transformed and mobilized in the
environment by fungal metabolic activity directly by bioaccumulation and biovolatilization and indi-
rectly by bioleaching of natural metal scavengers such as manganese oxides. This fungal contribution on
antimony geochemistry is highlighted in this paper which assessed pre-adsorbed antimony release from
manganese oxides in a 14-day Aspergillus niger cultivation. Biotransformation of manganese oxide was
determined by X-ray powder diffraction analysis (XRD), and fungal antimony bioaccumulation and
biovolatilization was assessed by flame atomic absorption spectrometry. XRD analysis identified the
manganese oxides as hausmannite which dissolved during 14-day Aspergillus niger cultivation and was
transformed to manganese oxalate - lindbergite. This newly formed mycogenic manganese mineral
caused no impedance to antimony mobilization because of its low sorption capacity. Due to rapid
manganese biotransformation, almost 99% antimony was desorbed from the manganese mineral surface.
Antimony mobilization was further enhanced by fungal volatilization. This concludes that enhanced
activity of microscopic filamentous fungi significantly increases mobility of antimony. Our findings
contribute to understanding of antimony and manganese oxide interactions in the presence of fila-
mentous fungi.

© 2016 Elsevier Ltd. All rights reserved.

1. Introduction

The term “manganese oxides” includes a mixture of manganese
oxides, hydroxides, and oxohydroxides which are all highly reactive
mineral phases (Tebo et al., 2004). Although these are readily
formed in the environment by both chemical and biological
oxidation of manganese(II) (Saratovsky et al., 2006), the microbial
oxidation rate exceeds the abiotic oxidation rate by 5e6 orders of
magnitude (Tebo, 1991; Morgan, 2005).

Manganese oxides are among the strongest oxidants in the
natural environment and they participate in redox and sorption
reactions over a wide pH range (Post, 1999). They are also recog-
nized as an important natural geochemical barrier due to their

ability to scavenge elements and compounds (Perel’man, 1986).
Their presence in soils and sediments exerts control over specia-
tion, mobility and bioavailability of many potentially toxic ele-
ments. This also affects biogeochemistry and environmental fate of
antimony (Müller et al., 2002).

Antimony (Sb) is considered a high priority global contaminant
(Smichowski, 2008; Vojtekov�a et al., 2014) because its widespread
industrial application poses serious environmental problems,
especially in mining and smelting areas (Hiller et al., 2013; Vaculík
et al., 2013). There are various studies elucidating antimony
removal from polluted sites highlighting, among other approaches
(e.g. coagulation (Guo et al., 2009) and reverse osmosis (Kang et al.,
2000)) methods based on the adsorption by manganese oxides (Xu
et al., 2011).

One of the most significant environmental factors affecting
antimony and manganese geochemistry is microbial activity. The
general microbial processes affecting elements’ environmental fate
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include biodeterioration, bioleaching, biovolatilization and
biodegradation (Andrewes et al., 2000; Boriov�a et al., 2014; Ghassa
et al., 2014; Kolen�cík et al., 2014). Especially in the case of bio-
leaching, various risks emerge from enhanced activity of autoch-
thonous microbial consortia in contaminated areas, including
increase in contaminant bioavailability.

Both bacteria and fungi have been recognized as the important
manganese and antimony transformation agents (Littera et al.,
2012; Abin and Hollibaugh, 2014; Mayanna et al., 2015). However,
bioleaching by filamentous fungi is advantageous over bacterial
action because of (1) its higher efficiency, (2) fungal ability to grow
in a wide pH range and (3) fungal resistance to high concentration
of toxic metals (Santhiya and Ting, 2005). Therefore, enhanced
fungal metabolic activity and the production of large amounts of
organic acids, which easily chelate metals from solid substrates
(Wrobel et al., 2009), causes mineral phase deterioration and im-
proves the mobility of hazardous metals in the environment.

While microbial formation of manganese oxides has gained
substantial attention, especially in geochemistry of potentially toxic
metals and metalloids (Miyata et al., 2007), little is known about
fungal contribution to solubilization and transformation of man-
ganese oxides (Wei et al., 2012) and its impact on the environ-
mental fate of inorganic pollutants. Therefore, the main objective of
this study was to evaluate fungal manganese oxide (hausmannite)
biodeterioration and its effect on antimonymobility, bioavailability,
accumulation and volatilization by fungus Aspergillus niger. A. niger
was selected because (1) it is an ubiquitous soil fungus and one of
the most common strain of genus Aspergillus (Klich, 2002), (2) it is
resistant to high toxic metal andmetalloid concentrations (Bu�ckov�a
et al., 2007; Urík et al., 2007), (3) it is often present in highly
contaminated environments (Iram et al., 2011; Urík et al., 2014b;
Kumari et al., 2015), and (4) it is frequently applied in environ-
mental studies on bioremediation of metal- and metalloid-
contaminated substrates with emphasis on green biotechnology
(Yang et al., 2009; Tsekova et al., 2010; Cui et al., 2014).

2. Materials and methods

2.1. Fungal strain

Aspergillus niger strain CBS 140837 is deposited in the fungal
collection of the Department of Mycology and Physiology at the
Institute of Botany, Slovak Academy of Sciences.

2.2. Manganese oxide synthesis

Manganese oxides were prepared under laboratory conditions
by alkaline (40 g NaOH) precipitation of MnSO4 (111.5 g
MnSO4.6H2O) in 1 L of deionized water. Freshly prepared precipi-
tate was filtered after 5 h heating under reflux, and then washed
with distilled water, dried at 80 �C and oven heated at 95 �C for 1 h
before use and analysis. Biogenic manganese oxalate used in
sorption experiments was collected as precipitate from antimony-
free culture media treated with manganese oxides after A. niger
cultivation (see Section 2.3).

X-ray characteristics of samples were established by X-ray
powder diffraction (XRD) analyses on BRUKER D8 Advance
diffractometer in Bragg-Brentano geometry (theta-2theta) and the
XRD patterns were collected using Cu Ka1 (l Ka1 ¼ 1.5406 Å) ra-
diation in the 15e65 2q range with 0.01 step size and 1 s per step
(Ba�cík et al., 2011).

2.3. Bioleaching experiment

Series of 50 ml Sabouraud Dextrose Broth culture media

(HiMedia, India) autoclaved at 121 �C for 15 min were supple-
mented with 0.1 g manganese oxide. All treatments except the
control were supplemented with 5 ml of 98 mg l�1 or 528 mg l�1

potassium antimony tartrate and stirred at 130 rpm (Unimax, 2010;
Heidolph, Germany) for 24 h. The culture media supplemented
with manganese oxide were left to settle for 5 h and subsequently
inoculated with fungal spores. The 5 ml spore suspensions pre-
pared from 7-day old A. niger culture diluted to approximately
106 ml�1 were transferred to growth medium under aseptic con-
ditions. This was followed by static 14-day incubation at 25 �C in
the dark. The compact fungal biomass was carefully mechanically
separated on the 2nd, 4th, 6th, 8th, 11th and 14th day of cultivation
by sterilized pincer, then washed with distilled water and dried at
25 �C.

Biomass separation was facilitated by static cultivation; so that
the insoluble manganese phase settled at the bottom of the culture
flask and the compact biomass grown on the culture medium
surface was approximately 2.5 cm from the bottom. The insoluble
residue was collected by filtering the medium through 0.45 mm
MCE membrane filter, analyzed by XRD and then dissolved in 5 ml
of concentrated HNO3, while dry biomass was weighted and filtrate
pH determined (HI 8424; Hanna, Italy) prior to antimony analysis.
Culture media samples were also subjected to isotachophoretic
determination of organic acids.

Control experiments were performed using the same protocol,
without either antimony or synthesized manganese phases. Anti-
mony and organic acid concentration means and standard de-
viations were recorded from triplicate parallel experiments for
each condition.

2.4. Sorption capacity of manganese phases

Synthetic manganese oxides and biogenic manganese oxalate
sorption capacities were evaluated for antimony. Here, 100 ml
flasks with 50 ml of 10, 50, 100, 200 and 400 mg l�1 concentrated
potassium antimony tartrate solutions and 0.1 gmanganese oxalate
or manganese oxides were stirred at 130 rpm at 25 �C in the dark.
The manganese phase was separated after 24 h by filtering the
suspension through a 0.45 mmMCEmembrane filter and the filtrate
was used for antimony analyzes.

Themanganese phase apparent sorption capacity was examined
as a function of the equilibrium antimony concentration in solution
using the Langmuir isotherm model (1):

Seq ¼ KLSmaxCeq
1þ KLCeq

(1)

where medium concentration is Ceq (mg l�1). Smax (mg g�1) pro-
vides maximummonolayer sorption capacity and KL (l mg�1) is the
Langmuir adsorption constant related to free sorption energy.

2.5. Analysis of antimony in culture medium, biomass and insoluble
residue

Total antimony in biomass and mineral phase was analyzed
following microwave digestion (Multiwave 3000, Anton Paar,
Austria) in 8 ml of concentrated HNO3. Total antimony in digested
samples and culture media was analyzed by flame atomic absorp-
tion spectrometry (F-AAS) with the Perkin-Elmer Atomic Absorp-
tion Spectrometer model 1100 (USA) (Farka�sovsk�a et al., 1999;
Bujdo�s et al., 2000; Hagarov�a, 2007; Hagarov�a and Kubov�a, 2008).

Analytical procedure accuracy was tested by analyzing the
certified reference materials of plants NCS DC 73349 (Bush
Branches and Leaves) and NCS DC 73350 (Poplar Leaves); both from
the China National Analysis Centre for Iron and Steel, Beijing, China.
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2.6. Analysis of organic acids in culture medium

Isotachophoretic separation of organic acids in culture medium
was performed using a ZKI 01 isotachophoretic analyser (Villa
Labeco, Spi�ssk�a Nov�a Ves, Slovak Republic) operated in itp-itp
mode. The isotachopherograms were evaluated by software sup-
plied with the analyzers (S�adeck�a and Polonský, 2003).

3. Results and discussion

3.1. Biotransformation of manganese oxide

X-Ray diffraction patterns in Fig. 1 show our manganese oxide
prepared as hausmannite [(Mn2þMn3þ)2O4]. This was completely
transformed into new biomineral in 14-day A. niger cultivation, and
there was no XRD pattern change detected in fungal-free control.
Filamentous fungi naturally produce great amount of oxalic acid
(Santhiya and Ting, 2005) which was proved to be a suitable sub-
strate for manganese biomineralization. Fig. 1 also identifies our
newly formed manganese containing biomineral as oxalate mon-
ohydrate - lindbergite [Mn(C2O4).H2O)]. The unique fungal ability of
rapid manganese oxide biotransformation indicates the possible
role of filamentous fungi as geoactive agents in manganese trans-
formation (Wei et al., 2012). It also affects the environmental fate of
some nutrients and pollutants scavenged by manganese oxides
(Tonkin et al., 2004), including antimony which was pre-adsorbed
onto the hausmannite surface in our experiments. However, the
successful fungal biotransformation took place in optimal artificial
medium rather than in nutrient-restricted and competitive natural
fungal habitats. Therefore, in situ trials are needed to evaluate the
precise role of fungal oxalate in manganese oxide biotransforma-
tion in the natural environment.

3.2. Fungal response to bioleaching of hausmannite with pre-
adsorbed antimony ions

Fomina et al. (2005) reported formation of biogenic oxalate
precipitates during fungal growth with various toxic metals and
Gadd (1999) suggested that highly insoluble mycogenic metal ox-
alates are formed to enhance fungal resistance to metal toxicity.
Our findings indicate that manganese solubilization and biomin-
eralizationwere efficient mechanisms for regulation of bioavailable
manganese concentrations in culture medium. However,

manganese uptake and distribution is considered critical for proper
function of various manganese-requiring enzymes, including free
radical detoxifying enzymes (Whittaker, 2010). Thus manganese
excess unambiguously enhanced fungal growth and disrupted
adverse effects of antimony(III). Fig. 2 highlights that fungal
biomass dry weight was significantly higher in hausmannite
presence compared to the control; even in antimony(III) treat-
ments. This is explained by (1) excellent hausmannite sorption
properties restricting antimony bioavailability in culture media
during initial growth phases and its nutrient role enhancing fungal
growth (Ball and Banik, 2011; Behera et al., 2013), and (2) culture
media enrichment with tartaric antimony(III) salt. While Littera
et al. (2012) reported that tartrate provides A. niger with carbon
source which enhances fungal growth and gives significantly
higher biomass yield then the control, exclusive antimony sup-
plementation decreased our final dry weight of fungal biomass by
at least 7% compared to control. Furthermore, no precipitated
antimony oxalate or any other chelated antimony precipitates were
identified by XRD after fungal cultivation in manganese-free
treatments. This indicates that antimony biosorption or bio-
volatilizationwere themost likely fungal detoxifyingmechanism in
hausmannite-free treatments (Boriov�a et al., 2015).

3.3. Antimony bioleaching

The average pH of the culture medium decreased below 5 in the
control and all treatments in our 14-day fungal cultivation. Aung
and Ting (2005) and Mohapatra et al. (2007) reported similar A.
niger behavior during cultivation on artificial media. While
antimony-free control experiments resulted in average final pH
values ranging from 4.2 to 4.9, antimony presence lowered pH to
between 2.5 and 4 on the 14th day of cultivation. Biswas and
Bhattacharjee (2014) and Cui et al. (2014) proposed that medium
acidification reflects fungal metabolic activity, as pH usually de-
creases to approximately 2 in the A. niger exponential growth
phase, and begins to rise at the end of the static phase. This in-
dicates that antimony prolonged early fungal growth phases,
resulting in lower final pH values for treatments with initial 8.9 and

Fig. 1. XRD patterns of synthetically prepared and biotransformed manganese mineral
phases highlight fungal transformation of hausmannite [(Mn2þMn3þ)2O4] to lindber-
gite [Mn(C2O4).H2O)].

Fig. 2. Relative biomass dry weight increase or decrease compared to antimony(III)-
and hausmannite-free control after 14-day cultivation period in mineral phase treat-
ments (MP) and treatments without mineral phase (NMP). Values in legend indicate
initial antimony concentrations in culture media.
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48 mg l�1 antimony concentrations compared to antimony-free
controls. Although organic acid production has been considered
responsible for this acidification, this assumption is incorrect,
because the low pH depends mainly on the membrane-located
ATP-driven proton pump. This ion-translocating enzyme main-
tains the electrochemical proton gradient necessary for nutrient
uptake (Manavathu et al., 1999).

Nevertheless, hausmannite solubilization and transformation is
triggered by culture media pH decrease and fungal organic acid
production (Stone, 1987). This results in biologically induced anti-
mony leaching from the hausmannite surface. Almost 76% of total
antimony was immobilized on the hausmannite surface at the
beginning of cultivation. However, the antimony concentration in
medium was at apparent equilibrium after 8 days of cultivation,
with a negligible amount of antimony immobilized in the final
insoluble residue (Fig 3). This is most likely due to (1) manganese
reductive or acidic solubilization and (2) subsequent manganese
biomineralization to mycogenic lindbergite with low affinity for
antimony.

We hypothesize that during fungal cultivation some of exome-
tabolites reduced manganese(III) to soluble manganese(II) in
conjunctionwith dissolved oxygen depletion (Stone, 1987). This led
to hausmannite solubilization and continual antimony bio-
accumulation on its release from the mineral surface (Boriov�a et al.,
2014). Furthermore, dissolved manganese(II) accelerated fungal
oxalate production (Chen et al., 2010; Behera et al., 2013) which
then complexed with dissolved manganese to form the mycogenic
mineral.

Our Fig. 4 highlights free oxalate concentration decrease in the
medium compared to themanganese-free control. Here, the start of
oxalic acid depletion after the second day of cultivation is most
likely due to initiation of lindbergite precipitation. Furthermore,
the manganese phase increased gluconic acid concentration in the
culture medium while antimony stimulated citric acid efflux
(Fig. 4). The significant increase in citric and gluconic acid con-
centrations during fungal cultivation contributed to manganese
phase solubilization and antimony leaching, underlining the
importance of organic acids as exceptional metal chelating agents
(Blipp et al., 1998; Yang et al., 2009). Thus, biogenic organic acids
have been shown to have an impact on mobilization and bioavail-
ability of hazardous substances and their further transformation in
the fungal microenvironment.

Our results confirmed that lindbergite had significantly lower
efficiency in scavenging dissolved antimony compared to excellent

manganese oxide sorption capacity (Xu et al., 2011). Table 1 high-
lights maximum sorption capacity Smax of lindbergite at 3.7 mg g�1

while the hausmannite maximum was as high as 40.2 mg g�1.
Therefore, low lindbergite affinity for antimony led to insignificant
antimony re-adsorption, and antimony mobility was enhanced by
its unique microbial biotransformation into volatile derivatives
(Feldmann et al., 1998; Filella et al., 2007).

3.4. Fungal uptake and biotransformation of antimony

Microbial transformation of metals and metalloids affects their
speciation, distribution and environmental fate (Su et al., 2011; Jia
et al., 2012; Urík et al., 2014b) and also their toxicity (Pearce
et al., 1998). Various experimental and analytical approaches for
in vitro experiments are needed for proper evaluation of antimony
biotransformation (Filella andWilliams, 2010). Therefore, the effect
of hausmannite presence and absence on antimony distribution
after fungal in vitro cultivation was evaluated in our study. Figs. 5
and 6 indicate that bioleached antimony was available for fungal
bioaccumulation and biovolatilization. Our results also reveal only
insignificant difference in antimony distribution in hausmannite
treatments compared to controls lacking mineral phases, despite
the initial 76% antimony adsorption onto hausmannite. This finding
highlights the significance of manganese bioleaching and biomin-
eralization by fungi in environments where manganese oxides are
an important sink for toxic metals (Xu et al., 2006). Our results
indicate that fungal presence facilitates antimony leaching from
mineral surfaces and its subsequent accumulation and trans-
formation into volatile derivatives by biovolatilization, with anti-
mony fate similar to the fate of arsenic (Urík et al., 2014a).

Biovolatilization of antimony under aerobic conditions results
frommetabolic methylation (Challenger, 1945). Jenkins et al. (1998)
showed that Scopulariopsis brevicaulis incubation in potassium
antimony tartrate presence led to potentially toxic gaseous trime-
thylstibine formation. This finding is indirectly supported by
Boriov�a et al’s (2014) research on antimony bioaccumulation and
biovolatilization, with relative antimony uptake and volatilization
ranging from 4% to 10% and approximately 5%, respectively. These
latter authors and Andrewes et al. (1998) suggested that antimony
biovolatilization by S. brevicaulis was a fortuitous process. Fig. 5
illustrates that A. niger was even less efficient. Fungal volatiliza-
tion was less than 3% at initial 48 mg l�1 antimony concentration
and biovolatilization was completely lacking at initial 8.9 mg l�1

antimony concentration. Although biovolatilization contribution to

Fig. 3. Changes of antimony content in culture medium and manganese mineral phase during 14-day static A. niger cultivation. Treatments varied in initial antimony concentration
e (a) 8.9 mg l�1 (b) 48 mg l�1. Manganese mineral phase was biologically transformed during cultivation with initial hausmannite to final lindbergite mineral. This resulted in
antimony bioleaching and its negligible immobilization in new biogenic mineral phase after A. niger cultivation.
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antimony detoxification is insignificant, the antimony concentra-
tion in fungal cells remained relatively low. Fig. 6 illustrates that
antimony concentration in biomass was determined at only up to
0.94 mg g�1, therefore a more efficient antimony detoxifying
mechanisms must be involved. This may be antimony(III) efflux
(Bobrowicz and Ułaszewski, 1998), or antimony biosorption onto
the fungal cell wall (Kapoor et al., 1999).

4. Conclusions

Our findings highlight the significant fungal role in manganese
transformation and antimony mobility, and we clarify manganese
and antimony interactions, and their fate at presence of the ubiq-
uitous A. niger. Our laboratory based research also provides basic
background for further in situ studies on fungal significance in
antimony mobility, and especially in trials applying bioremediation
techniques, such as bioaugmentation, at antimony-contaminated
sites.

Fig. 4. Organic acid concentration in culture media during 14-day cultivation of A.
niger. The data represent the average concentrations of the most significant organic
extracellular metabolites e (a) oxalic acid, (b) citric acid and (c) gluconic acid.

Table 1
Calculated Langmuir isotherm parameters with estimated errors for antimony(III)
sorption onto manganese phases.

Manganese
phase

Langmuir constant
KL (l mg�1)

Maximum manganese
phase sorption capacity
for antimony Smax (mg g�1)

r2

Hausmannite 0.049 ± 0.011 40.2 ± 2.2 0.98
Lindbergite 0.067 ± 0.058 3.7 ± 0.5 0.82

Fig. 5. Relative antimony distribution in biomass, culture medium and mineral phase
with indicated volatilization efficiency after 14-day cultivation period of A. niger.
Antimony adsorption onto mineral phases was negligible with up to 1% efficiency.
Distribution of antimony in treatments with mineral phase (MP) was relatively similar
compared to controls without mineral phases (NMP).

Fig. 6. Antimony content in biomass after 14-day A. niger cultivation at various initial
antimony concentrations. MP and NMP indicate mineral phase treatments and controls
without mineral phase, respectively. Values in legend indicate initial antimony con-
centrations in culture media.
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Fungal Selenium(VI) Accumulation and
Biotransformation—Filamentous Fungi in Selenate
Contaminated Aqueous Media Remediation

While selenium is anessential trace element, its excessive intake causes adverse effects to
humanhealth. Therefore, seleniumcontrolandremoval fromwaterandsoilarecrucial in
limiting environmental and human health risk. Various microorganisms have recently
been exploited for use in remediation processes, especially filamentous fungi, which are
efficient metal(loid) bioaccumulators with unique metabolic pathway of metal(loid)
transformation into volatile derivatives. This contribution investigates the filamentous
fungus Aspergillus clavatus’ efficient and environmentally friendly selenium(VI) bio-
accumulation and volatilization in selenium contaminated substrates remediation. The
static batch culture experiments investigated these phenomenawith initial selenium(VI)
concentrationsupto89mgL�1. Thebiovolatilizationandbioaccumulationefficiencywas
calculated from selenium concentration data determined by inductively coupled plasma
optical emission spectrometry in biomass and culturemedium after a 14-day cultivation
period. The maximum selenium bioaccumulation capacity was almost 2.3mgg�1 dry
fungal biomass, with significant 2.8mgg�1 biovolatilization during the 14-day fungal
incubation. Although bioaccumulation dominates selenium removal in diluted
solutions, biotransformation into non-harmful volatile derivatives ensures efficient
selenium removal from aqueous media with extreme selenium concentrations up to
89mgL�1. In contrast to biosorption/bioaccumulation process, biovolatilization leaves
no solid residueswith high selenium loads, thus confirming biovolatilization is themost
suitable biological method for selenium removal from contaminated waters and
sediments. In addition, filamentous fungal biomass application is highly beneficial in
treatment of selenium contaminated aqueous media.
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1 Introduction

Selenium is an essential micronutrient in animals, as seleno-proteins
are involved in redox regulation of intracellular signaling, redox
homeostasis,andthyroidhormonemetabolism[1].However,depending
on speciation and concentration, selenium compounds range from
being essential to highly hazardous [2]. While selenium intake below
40mgday�1 results in seleniumdeficiency, intake above 400mgday�1 is
generally toxic [3]. Chronic selenium poisoning, or selenosis, usually
presentswith typically dermal or neurological effects of defective nails,
skin lesions, andalopecia [4, 5]. Seleniumtoxicity ismainlyattributed to
itschemical similarity tosulfur,as italters thefunctionofsomeproteins
andbiochemically important thiols [6]. Therefore, seleniumavailability,
speciation, and ecotoxicology in various environmental compartments
have been extensively studied [7–9].
Although selenium concentration in Earth’s crust is generally

low, hazardous elevated selenium concentrations are detected in

some areas [10]. Selenium groundwater and surface water
contamination can result from natural geogenic processes or
anthropogenic activities such as selenium-bearing sulfide mineral
oxidation [11]. In addition, microbially induced changes in selenium
speciation and mobility [12] significantly affect selenium bioavail-
ability and toxicity [13], with enhanced selenium mobilization and
consequent adverse environmental and health effects.
Oxidized selenium species, selenite and selenate, are frequently

encountered in aquatic systems [14], and thus enter the food
chain [15]. Both these species display high bioavailability and
bioaccumulation potential, and therefore, the World Health
Organization [3] has recommended that the maximum drinking
water concentration should not exceed 0.01mg L�1. Hence, remedia-
tion is requiredwhere seleniumconcentrationexceeds this limit [16].
Various treatmentmethods of selenium contaminated water have

been evaluated, including electrocoagulation [17], membrane
separation processes [18], ion exchange and adsorption onto organic
resins [19], amorphous ferric and manganese oxides [20], or various
composite and carbon based sorbents [21].
Filamentous fungi may also play a key role in selenium

mobilization and its treatment in contaminated water, soil, and
sediments. It is well known that fungal metabolism significantly
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contributes to toxic metal(loid) speciation changes via bioalkylation
and leaching processes, and also by reduction, accumulation, and
sorption in metal(loid) physico-chemical interactions with fungal
surfaces and exometabolites [22–24].
Microorganisms are intensively studied for bioremediation

potential in selenium contaminated water and sediments [25].
The cyanobacterium Synechocystis sp. accumulated almost 10% of
initial 0.3mg L�1 selenate concentration, and selenite accumulation
reached almost 34% without selenium volatilization [26]. Kagami
et al. [27] reported efficient selenium(VI) biovolatilization by
bacterium Pseudomonas stutzeri under aerobic conditions. Biovolati-
lization should therefore be considered an appropriate detoxifica-
tion mechanism for efficient selenium removal [28].
While selenium removal studies have mainly focused on bacteria,

a previous research identified significant fungal contribution to
selenium(IV) biotransformation and bioremediation of selenium
contaminated aqueous media [29]. That success inspired this
investigation into Aspergillus clavatus’ active and passive involvement
in mobilizing selenium(VI) oxyanions, a further environmentally
dominant stable selenium species.

2 Materials and methods

2.1 Reagents and fungal strain

A. clavatus fungus was obtained from the Mycology Laboratory,
Slovak Medical University in Bratislava. The colonies were cultured
and maintained on Sabouraud agar slants (4%w/v) at 25°C.
Nutrient media supplemented with selenate were prepared by

diluting Na2SeO4 p.a. stock solution (Fluka–Sigma Aldrich, Germany;
MW: 188.94) in sterile nutrient Sabouraud dextrose broth (3%w/v) to
initial 4.2, 22.4, 44.1, 69.9, or 89mgL�1 selenium(VI) concentrations.

2.2 Selenium(VI) bioaccumulation and
biovolatilization

Bioaccumulation experiments were performed in 250mL Erlen-
meyer flasks containing 45mL Sabouraud dextrose broth medium
(3%w/v) with initial 4.2, 22.4, 44.1, 69.9, or 89mg L�1 selenium(VI)
concentrations. The growth medium was autoclaved at 121°C for
15min before inoculation, and 5mL spore suspensions prepared
from seven day old A. clavatus culture diluted with sterile water to
approximately 106mL�1 were transferred to the growth medium
under aseptic conditions. These were then incubated in the dark at
25°C for 14 days. The resultant fungal biomass was collected by
filtering the growth medium through 0.45mm MCE membrane
filters and dried at 25°C to prevent selenium volatilization.
The dried fungal biomass was weighed and then digested in an
autoclave at 160°C for 4h after adding 5mL 65% HNO3. Membrane
filters were similarly digested to detect selenium content in the
insoluble residue. The pH of spent growth medium was measured,
and analyzed for residual selenium concentration by inductively
coupled plasma optical emission spectrometry (ICP-OES).
Arithmetic means of selenium concentrations and their respec-

tive standard deviations from triplicate parallel experiments
conducted for each experimental condition were recorded.

2.3 Analytical method

Selenium was determined using ICP-OES at line Se I 196.090nm
using an ICP spectrometer Jobin Yvon 70 Plus (France) equipped with

a concentric nebulizer (Meinhard) and cyclonic spray chamber;
plasma power: 1000W.
The accuracy of the method was checked using certified reference

materials BCR-185 (bovine liver) and NCS DC73350 (poplar leaves,
China National Analysis Center for Iron and Steel, Beijing, China).
The results were in agreement with certified values within their
uncertainties. The precision of the method was 5% (relative
combined standard uncertainty with coverage factor k¼ 2).

3 Results and discussion

3.1 Selenium(VI) affects fungal growth

Initial pH values of all selenium treatments and control experiments
were between 5.7 and 6. While an increase in pH was determined in
selenium-free and 4.2mgL�1 selenium(VI) containing media, a
significant pH decrease below 3.4 was noted in media with initial
concentrations of 44.1, 69.9, and 89mgL�1 selenium(VI) on day 14 of
cultivation(Fig.1a).This indicatescellsmetabolicchanges inthepresence
of selenium(VI), andhighlightsadverse selenateeffectsonfungalgrowth.
Filamentous fungi are generally considered selenium resis-

tant [30]. The determined minimum inhibitory concentration of
selenium for Aspergillus niger was 250mgL�1 [31]. Fungal selenium
sensitivity manifests in reduced growth rate, biomass weight,
hyphae diameter, and septum distance [32]. Figure 1b highlights
that the A. clavatus strain was more susceptible to adverse selenium
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Figure 1. (a) Culture media pH and (b) dry biomass weight after 14-day
Aspergillus clavatus cultivation in different selenium(VI) concentrations.
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effects than A. niger, and also that selenium(VI) content >4.2mg L�1

caused significant decrease in A. clavatus dry biomass weight. The
half-maximum inhibitory selenium(VI) concentration, IC50, for
A. clavatus was assessed by Probit analysis as 56.5mg L�1.

3.2 Initial selenium(VI) concentration affects
selenium bioaccumulation and transformation

Figure 2 illustrates changes in pH and biomass weight during the
cultivation of A. clavatus. This followed the pattern of all selenium
treatments, with (i) changes in initial fungal growth, suppressed to
greater or less degree in presence of selenium; (ii) fungal acid meta-
bolite production resulting in significant pH decrease; (iii) subse-
quent pH increase due to exometabolite resorption; and (iv) final pH
reflecting fungal response to applied selenium concentrations.
The mobility and speciation of selenium in solution changes

significantly as the metabolites altered the pH and redox
potentials [33]. Biological reduction to non-toxic zerovalent forms
by various filamentous, polymorphic, and unicellular fungi was
reported [30], so redox transformation to zerovalent selenium is
considered an effective remedial alternative [34]. Zhang et al. [35]
reported up to 95% reduction efficiency of 2mg L�1 selenium(VI) by
bacteria in a 7-day cultivation. However, the results in this study
indicate that only negligible selenium(VI) was reduced to a non-
soluble zerovalent selenium residue by filamentous fungus
A. clavatus. The reduction efficiency was <0.4% in case of the

initial concentration of 89mgL�1 selenium(VI). In addition,
Fig. 3a documents that bioaccumulation efficiency exceeded 60%
at the 4.2mg L�1 initial selenate concentration, and that fungal-
accumulated selenium increased with higher selenium concen-
trations. However, the selenium content in the fungal biomass
remained relatively constant, not exceeding 2.3mgg�1 even when
the initial selenium concentration was >44mgL�1 (Fig. 3b). This
sorption capacity, however, is lower than 5.67mgg�1 for fungal
biomass reported by Li et al. [36].
Theexperimentalsorptioncapacity isverysimilartothe2.56mgg�1

maximum sorption capacity, calculated by the Langmuir isotherm
model [37], using concentration data from 14-day cultivation. The
Langmuir model generally suggests passive sorption on the biomass
surface with finite sorption sites [38]. While this is supported by
observed biomass saturation with initial selenium concentration
>69.9mgL�1, this model is strictly theoretical and we cannot expect:
(i) chemical uniformity of sorption sites on highly heterogeneous cell
walls and (ii) exclusive involvement of passive selenium uptake. The
latter is supported by identification of active selenite and selenate
transporters [39, 40]. Therefore, apparent biomass saturation may be
caused by some other mechanism which significantly limits or
regulates selenium uptake and bioaccumulation, including bio-
chemical transformation of selenium into volatile form.
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Figure 2. (a) Culture media pH values and (b) dry biomass weight during
14-day Aspergillus clavatus incubation at 25°C.
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Figure 3. (a) Selenium(VI) bioaccumulation after 14-day Aspergillus
clavatus incubation and (b) experimental accumulation data evaluated by
Langmuir isotherm with 2.56mgg�1 calculated maximum sorption
capacity.
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Figure 4 depicts fungal selenium biovolatilization calculated
indirectly as the relative difference between initial medium
selenium(VI) and total bioaccumulated, dissolved and non-
dissolved selenium after 14-day cultivation. Selenium biosorption/
bioaccumulation proved more efficient detoxification than volatili-
zation until the concentration exceeded 4.2mg L�1. While the most
efficient average 2.8mg g�1 fungal volatilization was achieved at the
initial selenium concentration of 69.6mg L�1, there was no
statistically significant difference compared to volatilization
efficiency at an initial selenium(VI) concentration of 89mgL�1.

3.3 Application of Aspergillus clavatus in
remediation

Figure 5 depicts efficient removal of selenate from aqueous media by
thefilamentous fungusA. clavatus, although itsmetabolismdecreased
significantly and its biosorption/bioaccumulation removal efficiency
was reduced by adverse selenium effects for the initial selenate
concentration of 44.1mgL�1. The fungus removed selenium by
precipitation, bioaccumulation/biosorption, and volatilization; with
only 23% seleniumstill available after 14-day cultivation for the initial
4.2mgL�1 selenium(VI) concentration. Although there was high
selenium removal efficiency by sorption/accumulation at low initial
concentrations, no volatilization occurred. Therefore, fungal bio-
sorption and bioaccumulation proved being an efficient method for
remediation of diluted selenium in aqueous media [41].
Li et al. [36] performedseleniumremovalbydeadAspergillusbiomass

with amaximum sorption capacity of 5.67mgg�1, and Yigit et al. [42]
reported1.1and3.1mgg�1 selenateadsorptioncapacity for ironoxide
coated granular particles and acid activated red mud, respectively.

Although it is slightly higher than our 2.56mgg�1 Langmuir’s
maximum sorption capacity, our results showed that relative large
amount of the accumulated selenate was transformed during
cultivationintovolatilederivatives,most likelyvia thebiomethylation
pathway [43]. The maximum 2.8mgg�1 selenium volatilization,
recordedafter 14-day cultivation, highlights that fungal volatilization
and accumulation is superior to dead fungal biomass sorption. In
contrasttobiosorption/accumulationremoval,biovolatilizationisnot
affected by adverse selenium(VI) effects on fungal growth up to initial
89mgL�1 selenium(VI) concentration. Furthermore, biovolatilization
results in formation of relatively stable and non-harmful volatile
derivatives, while standard biosorption treatment of selenium-
contaminatedwaterby inactivenativeorphysico-chemicallymodified
biomass leaves sorbents with extremely high selenium loads [44, 45],
which need to be further processed.

4 Concluding remarks

Mimicking or enhancing natural microbial processes in contami-
nated site remediation is essential for proper and efficient eco-
friendly removal of pollutants. Many fungal transformations of
metals and metalloids that take place in the natural environment
have also been proved to have beneficial applications in environ-
mental biotechnology, including inorganic pollutants removal. This
study highlights fungal A. clavatus’ efficient selenium(VI) accumula-
tion and volatilization in laboratory cultivation. The results show
that selenium is efficiently removed by sorption/accumulation at
lower initial concentrations, while selenium biotransformation to
non-harmful volatile derivatives is the most appropriate remedia-
tion technique at high selenium concentrations. In conclusion, the
results confirm that filamentous fungal biomass application
is extremely beneficial, if not essential, in the treatment of
selenium(VI) contaminated water.
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This contribution investigates the efficient and environmentally friendly aluminium leaching from red mud
(bauxite residue) by 17 species of filamentous fungi. Bioleaching experiments were examined in batch cultures
with the red mud in static, 7-day cultivation. The most efficient fungal strains in aluminium bioleaching were
Penicillium crustosum G-140 and Aspergillus niger G-10. The A. niger G-10 strain was capable to extract up to ap-
proximately 141 mg·L−1 of aluminium from 0.2 g dry weight red mud. Chemical leaching with organic acids
mixture, prepared according to A. niger G-10 strain's respective fungal excretion during cultivation, proved that
organic acids significantly contribute to aluminium solubilization from red mud.

© 2015 Elsevier Inc. All rights reserved.

1. Introduction

Bauxit residue, more commonly termed “red mud”, is highly caustic
and alkaline technological by-product from Bayer aluminium recover-
ing process. It mainly consists of aluminium, silicate, titanium and iron
oxides, and some environmentally hazardous minor composites, in-
cluding heavy metals and radioactive elements [1]. Due to composition
and reactive nature of red mud, its disposal in form of slurry imposes
considerable environmental risk. In October 2010more than 1.3million
m3 of toxic sludge broke free from redmud reservoir in Ajka (Hungary)
resulting in an ecological disaster for nearby rivers and land [2,3]. This
disaster justified evenmore the need to tackle the environmental prob-
lems associated with the red mud disposal.

Several attempts have been made to find a practical implication of
red mud, such as ceramics and building materials [4,5], low-cost adsor-
bents for pollutant removal from aqueous solutions [6] or catalyst for
biodiesel production [7]. Some authors have also intended to recover
valuable metals from red mud [8,9]. Although the reported 8.2 ± 3.2%
average aluminium content in red mud is relative low [10], it can still
be considered as secondary raw material for aluminium [11,12]. There-
fore, various extraction methods have been applied for aluminium re-
covery [13–15], including microbial leaching [16]. Microbial leaching
(or bioleaching) is based on solid phase dissolution or transformation
driven by organic or inorganic metabolite production. The metals re-
leased from substrate into the solution can be later recovered by other
techniques [17,18].

Studies of Vachon et al. [16] and Ghorbani et al. [19] proposed that
fungal metabolites are promising in aluminium recovery from red

mud even at industrial scale. Interestingly, Vachon et al. [16] stated
that culture experiments with fungi were less efficient compared to
red mud leaching solely with fungal acidic exudates or pure organic
acids. However, up to now only four fungal species, includingAspergillus
niger, Penicillium simplicissimus, Penicillium notatum and Trichoderma
viride, were tested for their leaching efficiencies. Therefore, our first ob-
jective was to investigate application of other fungal species in direct
red mud bioleaching, in order to identify the most efficient aluminium
leaching strain. We investigated aluminum bioleaching efficiency of
17 fungal species, including genera Penicillium, Aspergillus, Eurotium
and Emericella. The second objective challenges the previous statement
of organic acids' and fungal acidic organic exudates' higher leaching ef-
ficiency compared to culture experiments, where fungi are cultivated at
red mud presence. Based on the measured concentration of organic
acids of the most efficient fungal strain, a mixture of organic acids was
prepared artificially. The efficiency of this mixture was then compared
to that of filamentous fungi.

2. Materials and methods

2.1. Fungal strains

All seventeen fungal isolates, including Aspergillus flavus G-19,
Aspergillus fumigatus G-146, Aspergillus versicolor G-115, Aspergillus
clavatus G-119, A. niger G-10, Emericella nidulans G-116, Eurotium
chevalieri G-149, Eurotium repens G-147, Eurotium amstelodami G-148,
Penicillium polonicum G-141, Penicillium palitans G-143, Penicillium
crustosum G-140, Penicillium chrysogenum G-145, Penicillium expansum
G-134, Penicillium raquefrotii G-139, Penicillium digitatum G-136 and
Penicillium citrinum G-138 were isolated from various soils in Slovakia.
The strains of Aspergillus section Nigri were obtained from mycological
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collection at the Department of Mycology and Physiology, Institute of
Botany at Slovak Academy of Sciences. Colonies were cultured and
maintained on Sabouraud agar slants at 25 °C. All isolateswere classified
to the genus/species level based on colony macroscopic morphology,
shape, colour and appearance and microscopic characteristics (myceli-
um septation, shape and diameter and conidia texture) according to
Nelson et al. [20], Summerbell [21], Samson and Frisvard [22] and Pitt
and Hocking [23]. Strains are deposited in fungal collection of the De-
partment of Mycology and Physiology, Institute of Botany at Slovak
Academy of Sciences.

It is impossible to taxonomically identify strains of Aspergillus sec-
tion Niger using standard morphological methods (see above). Thus
for the most precise taxonomic identification of Aspergillus strain, e.i.
at species level, we used molecular barcoding method. In particular
we utilised sequences of ribosomal nuclear DNA (nrDNA), namely
multicopy ITS region (ITS1-5.8S-ITS2). This region is widely known as
the official DNA barcode for fungi [24]. Two oligonucleotide fungal
primers described by White et al. [25] were used for amplification. In
order to estimate interspecies sequence similarity of our strain with
other taxa of the genus Aspergillus deposited in Gen Bankwe used direct
comparison via BLAST search.

2.2. Red mud characteristics

Red mud sample was collected from Ajka spill site (Western
Hungary) in October 2010, air-dried, disaggregated and sieved to retain
b0.2mmfraction. ThenX-ray powder diffraction analysis and elemental
analysis by inductively coupled plasma spectrometry were performed.
Total concentrations of studied elements (total Na, K, Mg, Ca, Al, Fe, Si,
Cr, Ni, Zn, Pb, Cu andAs) in redmudwere determined after their decom-
position by acidmixture of HF+HNO3+HClO4+H2O2 in open system
at 200 °C. The cation exchange capacity was determined by the BaCl2
compulsive method as recommended by Gillman and Sumpter [26].

2.3. Aluminium bioleaching from red mud

Bioleaching experiments were performed in 250 mL Erlenmeyer
flasks containing 45 mL Sabouraud dextrose broth medium (HiMedia,
Mumbai, India) with 0.2 g dried red mud (approximately 4 g·L−1

pulp density). Alternatively, to investigate A. niger G-10 leaching effi-
ciency affected by different amount of red mud, culture medium was
supplemented with red mud to achieve pulp densities of 10, 20, 50
and 100 g·L−1. The growth medium was autoclaved at 121 °C for
15 min before inoculation. A volume of 5 mL spore suspensions
prepared from 7-day old fungal culture diluted to approximately
106mL−1were transferred to growthmediumunder aseptic conditions.
These were then incubated in the dark at 25 °C for 7 days.

The resultant fungal biomass was collected by filtering the growth
medium through 0.45 μm MCE membrane filters and dried at 25 °C
and weighed. The pH of spent growth medium was measured, and
then analysed for residual aluminium concentration and organic acid
by inductively coupled plasma optical emission spectrometry and
isotachophoresis, respectively.

The resultant, biologically modified red mud after A. niger G-10 cul-
tivation, was analysed by X-ray powder diffraction.

Control experiments contained no fungus and aluminium leached in
these treatments was not detected in extracts or was below detection
limit. Arithmetic means of aluminium and organic acid concentrations
and their respective standard deviations from triplicate parallel experi-
ments conducted for each experimental condition were recorded.

2.4. Chemical leaching of aluminium

50mLmixtures of themain organic acid componentswere prepared
from their respective sodium salts (Cenralchem, Bratislava, Slovak Re-
public) according to isotachophoretically detected concentrations in

culture media on the 3rd, 5th and 7th cultivation day of A. niger. Subse-
quently, 0.2 g of red mudwas added and themixtures' pHwas adjusted
to their respective values by 10% HCl. Suspensions were then incubated
in the dark at 25 °C for 2 days. Alternatively, individual 50 mL solutions
of 20 mmol·L−1 oxalic, citric or gluconic acid were prepared and
supplemented with 0.1 g of red mud. Individual organic acid solutions'
pHwas adjusted to value of 2, 3.5 or 5 with 10% HCl and then incubated
for 24 h at 25 °C. Extract solution was separated by filtering through
0.45 μm MCE membrane filters and aluminium concentration in
filtrate was detected by inductively coupled plasma optical emission
spectrometry.

2.5. Analytical methods

Aluminium and other selectedmetalswere determined using induc-
tively coupled plasma optical emission spectrometry (ICP-OES) by ICP
spectrometer Jobin Yvon 70 Plus (France) equipped with concentric
nebulizer (Meinhard, USA) and cyclonic spray chamber. Aluminium
was determined using ICP-OES at line Al I 396.152 nm. Plasma power:
1000 W.

ICP spectrometer was calibrated usingmatrix-matched standard so-
lutions (for measurement of aluminium in culture media) or aqueous
standard solutions containing 2% HNO3 (for measurement of total con-
tent of aluminium in redmud) prepared from 1000 mg·L−1 stock solu-
tion of aluminium (CertiPur, Merck, Germany, traceable to CRM from
NIST). QC samples were prepared from CRM 1000 mg·L−1 Al Aqueous
Calibration Solution (Astasol, Czech Republic, certified by CzechMetrol-
ogy Institute) at midpoint of each calibration and were run after each
ten samples. The efficiency of decomposition procedure was verified
using BCS-CRM No. 395 (Bauxite, Bureau of Analysed Samples, UK),
the determined value of aluminiumwas in agreement with its certified
valuewithin the uncertainties. Sampleswere prepared andmeasured in
triplicates.

Red mud X-ray characteristics were established by X-ray powder
diffraction (XRD) analyses on difractometer BRUKER D8 Advance in
Bragg-Brentano geometry (theta-2theta). The XRD patterns were col-
lected using Cu Kα1 (λ Kα1 = 1.5406 Å) radiation in the 10–75 2θ
range with 0.01 step size and a counting time of 1 s per step [27].

Isotachophoretic separation of organic acids in culture mediumwas
performed using a ZKI 02 isotachophoretic analyser (Villa Labeco,
Spišská Nová Ves, Slovak Republic) operated in the itp–itp mode. The
isotachopherograms were evaluated by a software supplied with the
analyser [28].

3. Results and discussion

3.1. Red mud composition

Main hazardous constituents of red mud are listed in Table 1 with
total aluminium 6.97% dry weight content. The aluminium content in
red mud sample from Ajka (Hungary), indicated in Table 1, was consis-
tent with the results of Gelencsér et al. [29] with ferric and silica oxides
and aluminium as major components.

XRD analysis of biologically unmodified redmud indicated presence
of usual red mud components — hematite (Fe2O3), calcite (CaCO3) and
quartz (SiO2). Aluminium is in red mud mostly present in minerals
such as boehmite (γ-AlOOH) and sodalite (Na4Al3Si3O12Cl) [30]. How-
ever, due to absence of crystalline aluminiumminerals in our sample, al-
uminium ismost likely in form of X-ray amorphous phases or as aminor
component.

It was reported that the micromorphology of the red mud particles
were changed by the fungal activity during bioleaching process
[31], however it is most likely that fungus A. niger G-10 did not signifi-
cantly alter the red mud mineralogy. Our XRD analysis indicated that
in 7-day incubation only calcite was dissolved, while other major min-
eral constituents remained present. However, this conclusion should
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be approached with caution, as XRD analysis is limited to detection of
major crystalline phases inmixtures. However, less significant constitu-
ents and amorphous phases present in sample could be altered,
including aluminium containing phases. Therefore, fungal activity
could result in these phases' destruction and subsequent mobilization
of elements.

3.2. Fungal biomass synthesis in red mud presence

It has been reported that red mud hazardous constituents, including
heavy metals and some radioactive elements are easily leached during
fungal incubation [32–34]. This can have adverse effects on fungal
growth. However, Fig. 1 depicts that except P. chrysogenum which
grew in form of submerged mycelium, other fungi formed well distin-
guished aerial mycelium. Extremely high resistance of Penicillium
species has been recognized [35] and equally, some Aspergillus
species have been applied in remediation of highly heavy metal
contaminated substrates [36,37]. Nevertheless, red mud presence
in culture medium resulted in lesser sexual and asexual aspergilli
biomass synthesis compared to Penicillium species (Fig. 1).
Especially in cases of sexual filamentous forms, this may be caused
by some fungal intrinsic factors or their sensitivity to selected cul-
ture medium type, incubation temperature or other external factors
[38].

3.3. Aluminium bioleaching

While most of Penicillium species' culture medium pH was in acidic
region from 4 to 5, only three asexual and one sexual form of aspergilli
decreased pH below 5 at the end of 7-day cultivation (Fig. 2). Acidifica-
tion of the culturemediumduring the fungal growth is often incorrectly
reported to be related to the production of organic acids, whereas it
mostly depends on membrane-located ATP-driven proton pump. This
ion-translocating enzyme is responsible for maintaining the electro-
chemical proton gradient necessary for nutrient uptake [39]. Acidifica-
tion also affects aluminium leaching efficiency from red mud, where
considerable amount of aluminium are released at pH b 5.3 [40]. Except
Aspergillus flavus G-19 and A. niger G-10 strains, asexual aspergilli and
their sexual states (Emericella and Eurotium) were significantly less effi-
cient aluminium bioleaching agents compared to Penicillium species.
Extracted aluminium determined in medium after cultivation of the
P. crustosumG-140 strain was as high as 127.7mg·L−1 (Fig. 3). Howev-
er, it is yet inferior to A. niger G-10 strain. Fig. 3 depicts that aluminium
extracted by A. nigerG-10was almost 141mg·L−1. As indicated in Fig. 4
this efficiency is relatively uniform for strains in Aspergillus sectionNigri.
Given our specific cultivation conditions, the aluminium concentration
determined in culturemedium after 7-day cultivation of Aspergillus sec-
tion Nigri strains ranged from 127 to 143 mg·L−1.

Other authors determined 190 mg·L−1 of aluminium in leachate of
A. niger [16] which is slightly higher compared to our results. However,

Table 1
Main chemical components of red mud and concentrations of significant red mud contaminants (pH = 13.4, CEC = 12.25 cmolc.kg−1).

Al Fe Si Na K Ca Mg Cr Ni Zn Pb Cu As

% 6.97 20.1 10.2 2.63 0.30 7.94 0.68
mg.kg−1 401.4 219.2 131.3 129.2 60.3 48.9

Total aluminium content, determined after decomposition by acid mixture of HF + HNO3 + HClO4 + H2O2 in open system at 200 °C.

Fig. 1.Dry biomassweight of selected fungal strains from genus Aspergillus, Emericella and
Eurotium (a) and Penicillium (b) after 7-day cultivation.

Fig. 2. Culture media pH after 7-day cultivation of selected fungal strains from genus
Aspergillus, Emericella and Eurotium (a) and Penicillium (b).
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this was most likely affected by their higher, up to 3% v/v red mud pulp
densities and dynamic character of cultivation, while static cultivation
was preferred in our experiment. Therefore, we increased redmud con-
tent in culture medium in order to evaluate A. niger G-10's leaching ef-
ficiency at higher pulp densities. The results in Fig. 5a indicate that
A. niger strain extracted up to 508 mg·L−1. However, above red mud
pulp density of 10 g·L−1, two effects influenced extraction efficiency
and apparent medium saturation with aluminium: (1) inhibition of
media acidification by elevated redmud content, and (2) altered quality
and quantity of organic acids produced by fungus, as depicted in Fig. 5b.
While at lower concentrations the citric acid and oxalic acid are
dominant organic acid exometabolites, oxalic acid is substituted for
gluconic acid at 20 g·L−1 pulp density. This most likely indicates ad-
verse effects of leachedmetals on fungal metabolism. However, besides
aluminium, concentration of the other significant metal contaminants,
extracted from red mud during fungal incubation, did not exceed
concentration of 0.25 mg·L−1 after cultivation (Fig. 6). However,

aluminium extraction efficiency at 20 g·L−1 red mud pulp density re-
sulted in 450 mg·L−1 aluminium concentration in medium. This ex-
tremely high aluminium concentration most likely caused changes in
fungal metabolism and organic acid production.

3.4. Aluminium leaching by organic acids

A. niger G-10 strain's bioleaching efficiency resulted from significant
media acidification in conjunction with extracellular organic acid pro-
duction (Fig. 7a). On the 3rd cultivation day, A. niger G-10 changed cul-
ture medium pH to value of 2.9 which then slightly decreased to 2.3 at
the end of cultivation. While extracellularly formed gluconic acid by
glucose oxidase [41] was immediately metabolized by fungus, concen-
tration of oxalic and citric acids steadily increased to final 16.0 and
28.6 mmol·L−1 medium concentrations, respectively, on the 7th culti-
vation day. These organic acids are expected to have the greatest influ-
ence on metal mobilization [42] and their increasing culture media

Fig. 3. Aluminium extraction from red-mud by selected fungal strains from genus
Aspergillus, Emericella and Eurotium (a) and Penicillium (b) after 7-day cultivation.

Fig. 4. Aluminium extraction from red-mud by fungal isolates from Aspergillus section
Nigri after 7-day cultivation.

Fig. 5. Influence of increasing red mud pulp density on (a) aluminium concentration
in culture medium and (b) quality and quantity of excreted organic acids during A. niger
G-10 strain 7-day cultivation.

Fig. 6. Heavy metal concentrations in culture medium after 7-day leaching of red mud at
various pulp densities by A. niger G-10.
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concentrations coincided with extremely efficient aluminium leaching
from redmud. This is supported by results of fungal leaching of alumin-
ium fromvarious solidmaterials, including aluminium from spent refin-
ery catalysts [42,43] or red mud [16].

As opposed to A. niger G-10, gluconic acid uptake by P. crustosum G-
140 strain was suppressed, allowing its accumulation in culture medi-
um up to 31.7 mg·L−1 (Fig. 7b). Concentration of other studied organic
acids inmediumduring P. crustosumG-140 and A. nigerG-10 incubation
were insignificant or under 0.005 mmol·L−1 detection limit.

Since aluminium leaching efficiency was highest for A. niger G-10
(Fig. 3), we address the questionwhether artificially preparedmixtures
of organic acids can mimic A. niger G-10 strain's bioleaching efficiency.
Therefore, the mixtures were prepared according to organic acid com-
position of culture media on the 3rd, 5th and 7th day of A. niger G-10
cultivation, further labelled as A, B and C mixtures, respectively.

Fig. 8 depicts that aluminiumwas efficiently leached by all artificially
prepared mixtures. The chemical leaching results are comparable to
A. niger G-10 strain's bioleaching efficiency. According to average ex-
traction efficiency values in Fig. 8, the mixture B was the most efficient
with 142 mg·L−1 extracted aluminium, followed by mixture C and A.
However, considering the t-test, there is not a statistically significant
difference between the efficiency of mixture C and B, while B is statisti-
cally higher than mixture A. This is most likely due to higher total con-
centration of organic acids in mixtures B and C compared to mixture A
as indicated in Fig. 7a. This is consistent with our finding that organic
acid depletion in culture medium significantly decreases rate of metal
extraction, as indicated in Fig. 5. This conclusion is also supported by
findings of Amiri et al. [44].

Finally, to assign the most efficient organic acid leaching agent is
complex problem. In some studies oxalic acid showed the highest
leaching efficiency of aluminium, followed by citric and gluconic acids
[45], while others suggest it is citric acid [46]. Our chemical leaching re-
sults in Fig. 9 indicate that organic acids extraction efficiency depends
significantly on pH of solution. At pH 2, the dominant leaching organic
acid is oxalic acid, followed by gluconic and citric acid. However, the

oxalic acid and gluconic acid leaching efficiency of aluminium from
red mud is strongly inhibited at pH 5, while the extraction efficiency
of citric acid remains relative constant. This is most likely caused by
chemical nature and pKa values of selected organic acids. Dicarboxylic
oxalic acid's pKa1 is 1.21, followed by tricarboxylic citric acid's pKa1
value of 3.13 and monocarboxylic gluconic acid's 3.86 pKa1 value. This
allows oxalic acid to form anions even at low pH values and form stable
5- or 6-bond ring structures with aluminium [47]. However, among
these organic acids, citric acid forms most stable complexes with alu-
minium and hamper aluminium precipitation at higher pH [48]. This af-
fects high extracted aluminium yields by citric acid even at pH 5.

To conclude chemical extraction experiments, we can claim that the
achieved aluminium extraction yields from red mud by single organic
acids or their mixture are similar or lower compared to direct red
mud bioleaching at presence of filamentous fungus A. niger G-10.

3.5. Molecular recognition of the most efficient bioleaching agent

Amplicon of ITS region of our Aspergillus strain was 612 bp long, and
showed 99% sequence similarity with A. niger. Thus taxonomic identity
of our strain was attributed to this specie. ITS region was repeatedly
used to distinguish strains of black aspergilli also in other studies [49],

Fig. 7. Aspergillus niger G-10 (a) and Penicillium crustosum G-140 (b) extracellular organic
acid concentrations and culture medium pH in 7-day incubation at red mud presence.

Fig. 8. Chemical leaching of aluminium from redmud by organic acidsmixtures labelled A,
B, C prepared according to Aspergillus nigerG-10 strain's extracellular organic acid concen-
trations in culture media on the 3rd, 5th and 7th cultivation day, respectively. Each mix-
ture was incubated at 25 °C for 2 days. Different letters above bars indicate statistical
significance at 0.05 level (t-test).

Fig. 9. The influence of 20mmol·L−1 citric, gluconic and oxalic acid concentration in aque-
ous solutions at various pH on aluminium extraction from red mud during 24-hour static
chemical leaching at 25 °C.
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wheremajority of these strains belong to A. niger, Aspergillus tubingensis,
Aspergillus carbonarius or rarely to another Aspergillus taxa.

4. Conclusions

Strains of genera Penicillium showed high aluminium leaching effi-
ciency from red mud. However, A. niger G-10 strain's solubilization effi-
ciency was superior to all tested fungal species. The mixtures of organic
acids, prepared according to their detected concentration duringA. niger
G-10 strain's cultivation, were also highly efficient. This suggests that
organic acids significantly contributed to aluminium leaching from red
mud. Our results clearly demonstrate that aluminium leaching by fila-
mentous fungi is efficient, thus providing inspiration for further re-
search on this subject. Our result highlights the viability of bioleaching
implementation in procedures and technologies for aluminium recov-
ery from hazardous waste materials. Therefore, microbially induced al-
uminium recovery from red mud can be further assessed in more
complex, hydrometallurgical studies on bauxite waste treatment and
management.
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Abstract This article evaluates various extraction tech-
niques’ suitability for soil mercury phytoavailable frac-
tion assessment, including DGT method and extraction
with microscopic filamentous fungi metabolites, MgCl2,
rainwater, and EDTA. After mercury extraction from
contaminated soils by these techniques, the obtained data
were compared to mercury accumulation by shoots of
barley (Hordeum vulgareL.). Comparison of these values
showed that DGTmethod is able to separate soil mercury
with the best agreement to total mercury concentration in
shoots of barley. However, comparingmercury extraction
efficiency of selected techniques to extraction efficiency
of barley, statistical significance at 0.05 significance level
was proved for fungal Cladosporium sp. and Alternaria

alternata metabolites. Our results indicate that these ex-
traction techniques are suitable for risk assessment of
mercury phytoavailability in contaminated areas.

Keywords Mercury . Soil . Barley . Extraction
technique . Selectivity

1 Introduction

Mercury is relatively rare element in the Earth’s crust, and
it occurs mostly in argillaceous sediments and fossil fuels.
Mercury is in soil preferably bound to clay minerals and
organic matter (Hlodák et al. 2014). However, organic
Hg(II) complexes formation is considered to be a dominant
process in soil (Yin et al. 1997). Under specific conditions
of soil acidification, oxidative weathering, low soil organic
content, or enhanced microbial activity (Jing et al. 2007;
Kocman et al. 2004; Loredo et al. 2006; Navarro et al.
2006; Urík et al. 2014), mercury can be easily remobilized
and redistributed into other environmental compartments
(Kim and Zoh 2012). Due to enhanced bioavailability of
mobile species of toxic metals, they easily become part of
food chain and potentially endanger human health and
environmental stability (Hiller et al. 2010).

Mercury is preferably accumulated in plant roots
(Sierra et al. 2008; Zornoza et al. 2010). Even in cases
of mercury accumulation by aboveground biomass from
atmosphere, mercury is most likely translocated to roots
(Cavallini et al. 1999). Also in carrot roots and other
edible root plants significantly elevated mercury con-
centrations were observed (Hlodák et al. 2015).
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This transfer to food chain increases the necessity of
phytoavailable mercury determination to evaluate its
potential risk for environment and human health. There-
fore, evaluation of soil mercury fractionation with em-
phasis on phytoavailable mercury species quantification
belongs to frequent studies in environmental and chem-
ical sciences and wide range of mostly chemical extrac-
tion techniques are used for this purpose (John 1972;
Millán et al. 2006; Sánchez et al. 2005; Wang et al.
2004). Water-soluble mercury species in soil may aid
in providing an indication of the bioavailable mercury
concentrations (Reis et al. 2014). Especially synthetic
rainwater mimics natural conditions for toxic metals
water soluble fraction extraction (Öborn and Linde
2001). Other weakly bound, active, and exchangeable
mercury fractions in soil samples are mostly separated
by MgCl2 (Renneberg and Dudas 2001), NH4Ac
(Biester and Scholz 1997), or CaCl2 (Wang et al.
1997). Furthermore, DGT is commonly applied in bio-
available mercury determination in soil samples (Senila
et al. 2013). Application of more efficient reagents, such
as Na-thiosulfate, for soil mercury single extraction was
reported, when mercury is strongly bound to specific
sites of organic matter (Issaro et al. 2010). This is even
more powerful reagent than EDTA, DTPA, or cysteine,
and along with these, it also separates nonreactive mer-
cury species (Issaro et al. 2009).

Hence, the aim of this work was to correlate Hg
concentrations accumulated in barley, grown under lab-
oratory conditions on mercury-contaminated soils, with
soil mercury phytoavailable fractions obtained by appli-
cation of 11 extraction techniques, with emphasis on
filamentous fungal exometabolites. Consequently, the
most suitable extraction techniques for extraction of
phytoavailable soil mercury were determined.

2 Materials and Methods

2.1 Description of the Sampling Sites

Our sampling sites were located near former ore-
processing factory in vicinity of Rudňany (48° 53′
40.75″ N, 20° 39′ 21.49″ E) and in Poráč village (48°
53′ 3.89″ N, 20° 43′ 23.20″ E and 48° 53′ 3.89″ N, 20°
43′ 23.20″ E). These sites are part of one of the most
mercury polluted area in central Europe, located in
middle Spiš region, Eastern Slovakia (Hiller et al.
2013; Vaculík et al. 2013). Origin of mercury

contamination in studied area is mostly in processing
of schwazite ore [(Cu,Hg)12Sb4S13] which contains in-
creased levels of mercury and mineralogically belongs
to the class of sulfides. Soil samples were collected on
May 2013, from sites that had been extensively exposed
to airborne mercury contamination (peak part of hills
with 650 to 780 m a.s.l.). This region is characterized by
moderate cool climate.

2.2 Soil Sampling

Composite soil sample from site one (forest soil—type
Calcaric Lithosol) was prepared by collecting and
mixing 20 soil subsamples from approximately 100-
m2 area, sampled from soil upper part (ca. 5–10 cm).
Composite A-horizon (upper 5–20 cm) garden soil sam-
ples (type Eutric Planosol) were collected from approx-
imately 10-m2 arable area (sites 2 and 3), each
consisting of five thoroughly mixed subsamples. All
three composite soil samples were air-dried and then
milled in an agate mortar to the fine powder which was
used for analysis of total mercury content. For extraction
procedures and rest of pedogeochemical characteristics,
air-dried and through a 2 mm sieve sieved soils were
used.

Soil texture was determined with use of pipette meth-
od (Fiala et al. 1999). Contents of sand (2–0.05mm), silt
(0.05–0.002 mm), and clay (<0.002 mm) fractions were
measured, and obtained results were classified accord-
ing to USDA-FAO texture triangle (FAO 2006). Soil pH
was determined potentiometrically in deionized water
and in 1 M KCl with a soil/solution ratio of 1:2.5.
CaCO3 content was measured with Janko’s calcimeter
(Fiala et al. 1999), and TOC content was determined
according to Walkley and Black (1934).

2.3 Barley Cultivation

To 15 plastic pots (200 ml) was added 100 g air-dried
and through a 5 mm sieve sieved soil. For soil from each
site four replicates with plant and one control (without
plant) were done. Into each cultivation pot 5 grains of
barley (H. vulgare L.) were sown. Consequently, into
each pot we added 60ml of synthetic rainwater prepared
according to Zhang et al. (2012). The experiment was
held under laboratory conditions at 25 °C and optimized
light conditions (16 h of light per 24 h). After 7 days, the
experiment was ended, and shoots of barley were har-
vested and air-dried.
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2.4 Extraction Procedures

All used single extraction procedures were applied to 1 g
of air-dried and sieved (fraction under 2 mm) soils in
25 ml polyethylene tubes. Extractions were done in
three replicates. Sample-extracting agent suspensions
were shaken for 16 h and consequently centrifuged
(2300g) for 40 min. Obtained supernatant was analyzed
immediately.

Pseudototal content of soil mercury was obtained by
extraction with 4 ml of concentrated HNO3 (Medved’
et al. 1998). Mercury bound in sulfides was extracted
with 5 ml saturated solution of Na2S (Wang et al. 2005).

For extraction of potentially phytoavailable mercury
in studied soils were applied following single extraction
agents: (1) synthetic rainwater prepared according to
Zhang et al. (2012); (2) 1 M MgCl2; (3) 0.1 M EDTA.
As another extraction technique we used single
extractants containing metabolites of microscopic fila-
mentous fungi. Microbial metabolites were prepared by
dynamic cultivation of selected microbial species natu-
rally occurring in studied soils (Aspergillus niger, As-
pergillus clavatus, Cladosporium sp., Alternaria
alternata, Penicillium sp., Trichoderma sp.), which
were precultivated for 3 days on Sabouraud dextrose
broth (HiMedia, India) and then incubated for 3 days in
distilled water. Before application, the metabolites were
filtered through a membrane filter (0.45 μm). The vol-
ume of extracting agents used for extraction of poten-
tially phytoavailable mercury was 10 ml.

To obtain potentially phytoavailable mercury also
DGT method was applied (diffusive gradients in thin
films (DGT)). This extraction technique is based on
diffusion of matter (elements and their labile species)
through defined layer of ion-permeable hydrogel (diffu-
sive gel or layer) and following accumulation of this
matter in sorbent, which is placed in another gel layer
(sorption gel or layer) (Diviš et al. 2005; Gregušová
et al. 2008; Szkandera et al. 2013). DGT units from
DGT Research Ltd. (Lanchester, UK) were used for
mercury determination. Each DGT unit consists of a
plastic piston covered by a layer of polyacrylamide gel
containing Spheron-Thiol resin (with –SH groups). This
resin gel was covered with the agarose diffusive gel
sheet with a thickness of 0.76 mm and a 0.45-μm pore
size membrane filter with a thickness of 0.13 mm. This
unit was pressed by a plastic cap with a 2 cm window in
diameter. Processing and analysis of soil samples at this
method was done according to Senila et al. (2013).

2.5 Instrumentation

Total Hg content in studied soils, shoots of barley, and
extracts was determined directly with use of cold vapor
atomic absorption spectrometry (AMA-254, Altec,
Czech Republic, limit of quantification 0.05 ng Hg).
The analyzer LECO model TruSpec (LECO Corp.,
USA) was used for sulfur determination in soil samples.

Accuracy of analytical quantification of mercury in
analyzed samples of soil and barley was validated by
analysis of plant reference material CRM GBW 07604
(leaves of poplar collected from Beijing) with certified
value of mercury 0.026±0.003 mg kg−1 (our value
0.026±0.001 mg kg−1), CRM P-ACHK (green al-
gae—Chlorella kessleri) with informative value of mer-
cury 0.024±0.006 mg kg−1 (our value 0.027±
0.003 mg kg−1) and soil reference material RSS SO-4
(Black Chernozemic soil developed in silty glacial la-
custrine deposits sampled northeast of Saskatoon, Sas-
katchewan) with certified value of mercury 0.030±
0.006 mg kg−1 (our value 0.027±0.001 mg kg−1).

3 Results and Discussion

Pedogeochemical characteristics of soils applied in our
experiment are listed in Table 1. Figure 1 depicts total
mercury concentrations in separated soil mercury frac-
tions and in barley shoots. Here, the shoot mercury
concentration was as high as 0.07 μg g−1. This value is
significantly lower compared to Rodriguez et al.’s
(2007) up to 1.13 μg g−1 shoot tissue mercury concen-
tration detected after various crop plants cultivation on
soil contaminated with 32.2 μg g−1 mercury. This indi-
cates that the availability of soil mercury to plant shoots
is extremely low with roots as an effective barrier to
mercury uptake (Patra and Sharma 2000).

Surprisingly, almost all tested extraction techniques
applied for sites 1, 2, and 3 soil samples found mercury
soil fraction concentrations comparable to relative
values detected in shoots, mostly in 0.02 to
0.06 μg g−1 concentration range. Except the treatments
with EDTA, we may assume that all selected techniques
are suitable for quantitative phytoavailable mercury
fraction analysis. Therefore, it is necessary to evaluate
these results differently to identify the most appropriate
extraction method for soil mercury phytoavailable frac-
tion quantification as discussed later. However, concen-
tration of soil mercury fractions separated by DGT
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method were the most similar with total mercury con-
centration in barley shoots for all studied soil sites. This
should indicate that DGT is the best option for
phytoavailable soil mercury extraction when comparing
total extractable mercury fraction concentration with
plant shoots mercury concentration. This is not
surprising because DGT mimics metal uptake by
plant roots (Senila et al. 2012) and was success-
fully applied for identification of various labile
metal species (Diviš et al. 2003; Dočekal et al.
2003; Dočekalová et al. 2012). Laboratory-
controlled pot-growth experiments usually exceed
root densities of those grown in fields (Mayer
et al. 2003). This allows more effective root ex-
posure to mercury and more efficient root mercury
absorption under laboratory conditions. Therefore,
mercury absorption in pot-growth experiments is
comparable to small soil-volume physicochemical
DGT extraction.

Anticipated most efficient EDTA extraction has been
proven in our experiments. This simple extraction meth-
od separated the highest amount of mercury from all
studied soils (up to 1.53 % of total soil mercury). This
might be due to its stronger chelating properties en-
abling wider range of soil mercury species and fraction
extraction (Rauret 1998). EDTA’s strong complexing
ability displaces metals from insoluble organic or organ-
ometallic complexes in addition to those sorbed on
inorganic soil components (Rao et al. 2008). In our
experiments, determined EDTA-extractable fraction
concentration corresponds better to average total
mercury concentration in soil samples than soil
organic matter content. Reported EDTA’s insignif-
icant removal efficiency from organic rich sandy
soils (Khrishna et al. 2010) corresponds well with
our only up to 1.53 % mercury extraction efficien-
cy. This is explained by large metal quantities
presence in the soil, such as Fe or Ca which

Table 1 Selected pedogeochemical parameters of studied soils

pHH2O pHKCl Soil texture TOC (%) CO3
2− (%) Hgtotal (mg kg−1) Hgpseudototal (mg kg−1) Hgsulf (mg kg−1) Sulfur (%)

Site 1 6.59 6.14 Loamy 8.2 0.85 20.2 19.7 0.46 0.37

Site 2 6.7 6.13 Silty-loamy 3.1 0.04 6.9 6.1 0.57 0.29

Site 3 7.27 7.1 Loamy 4.5 2.36 30.9 26.9 0.31 0.35

TOC total organic carbon content,Hgtotal total mercury content in soil,Hgpseudototal soil mercury extractable with concentrated HNO3,Hgsulf
soil mercury extractable with saturated Na2S solution

Fig. 1 Total mercury
concentration in shoots of barley
(Hordeum vulgare L.) and total
extractable soil mercury
concentrations separated by other
techniques (mg kg−1)
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compete significantly for EDTA (Subirés-Muñoz
et al. 2011).

Figure 1 also illustrates that except EDTA extraction,
significantly lower portions of mercury concentrations
were detected in extracts from site 1 soil sample com-
pared to mercury concentration in barley shoots. Site 1
soil sample has extremely high organic matter and sulfur
content, as depicted in Table 1. Reduced sulfur groups in
natural organic matter are highly competitive for mer-
cury in soil systems, forming strong two-coordinated
mercuric complexes (Skyllberg et al. 2006), thus signif-
icantly affecting mercury mobility and extractability,
resulting in observed lower extraction efficiency. For
example, extraction by MgCl2 is numerically in good
agreement with average shoot mercury concentrations
in soil site 2 and 3 samples, but fails to predict
phytoextracted fraction in soil sample of site 1.

Here, the novelty for bioavailable mercury extraction
method evaluation is in microbial metabolites applica-
tion of various fungal species. This method has been
applied in various pro-environmental cleaning and re-
mediation techniques such as zinc desorption using
Trichoderma harzianum, T. reesei, and Coriolus
versicolor with organic acids and some proteins as
efficient chelators (Adams et al. 2007). In our experi-
ment, all of applied fungal metabolites showed similar
extraction efficiency, with highest extracted mercury

values by Aspergillus clavatus and A. niger 2. Both of
these fungal species have shown great potential in re-
mediation processes (Urík et al. 2007) with high acidic
metabolites production which significantly contribute to
metal desorption and leaching (Fomina et al. 2005).

As discussed previously, simple comparison of rela-
tive increase or decrease of soil extract mercury concen-
trations limits the data proposition. To give a general
idea of relevance, these data need to be evaluated in
relation to selected parameter, such as increasing abso-
lute mercury content in soils. Therefore, suitability of
applied extraction techniques was evaluated in relation-
ship with barley shoot extraction efficiency and soil
mercury content as depicted in Figs. 2 and 3, respective-
ly. Figure 2 depicts the relation between extraction
efficiency of applied extraction techniques and barley
shoot extraction efficiency. Figure 3 illustrates the rela-
tion between extraction efficiency of applied extraction
techniques and absolute mercury content in 100 g of
soil. The 100 g soil weight corresponds to the weight of
soil applied in pot experiments.

The relationship power for each extraction technique
is indicated by Table 2 determination coefficient values.
In the first row, the values indicate the relationship
between extraction efficiency of applied extraction tech-
niques and barley shoot extraction efficiency. Although
the power of relationship is high, the statistical

Fig. 2 The relationship between
extraction efficiency of applied
extraction techniques and barley
shoot extraction efficiency. RW
synthetic rainwater, AC
Aspergillus clavatus, AN1
Aspergillus niger 1, AN2
Aspergillus niger 2, CL
Cladosporium sp., PN
Penicillium sp., T Trichoderma
sp., ALT Alternaria alternata
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significance was confirmed only for Cladosporium and
Alternaria extractants at 0.05 significance level. Also,
the dependence is generally positive, except for 0.1 M
EDTA. Coefficient of determination values decrease in
the following order: Cladosporium sp. > Alternaria
alternata > Penicillium sp. > synthetic rainwater >
Trichoderma sp. > Aspergillus niger 1 > Aspergillus
clavatus > DGT > Aspergillus niger 2 > 1 M MgCl2 >
0.1 M EDTA. In the same order decreases the suitability
of these methods for assessment of transferred
phytoavailable mercury fractions into the shoots of bar-
ley. Highest suitability of microscopic filamentous fungi
metabolites might be explained by their biochemical
similarity with the root exudates of plants which usually
contain organic acids. These are also main fungal
exometabolites that significantly influence biogeochem-
ical behavior (transformation, mobilization, and transfer
into plant tissues) of elements in the rhizospheric soil
(Jones 1998). This exaggerates the importance of fungal
metabolites in bioavailable mercury determination as
suggested here.

The lowest value of R2 for 0.1 M EDTA corresponds
with abovementioned statement that this extraction tech-
nique is from all of used extraction techniques least

selective and most effective for extraction of soil mer-
cury, and it separates not only phytoavailable mercury
fractions. High positive correlation for synthetic rainwa-
ter is probably caused by ability of this extraction tech-
nique to separate water-soluble mercury species, which
are considered to be phytoavailable as well. Obtained
significant correlation for DGT method proves the use-
fulness of this extraction technique in phytoavailable
soil mercury assessment studies (Diviš et al. 2005;
Senila et al. 2013). Similarly, the second row in Table 2
which shows R2 values for the correlation between
extraction efficiency of applied extraction techniques
and absolute mercury content in 100 g of soil confirms
the suitability of DGT. The highest correlation relation-
ship was observed for DGT method and metabolites of
Aspergillus clavatus and Aspergillus niger 1 with only
DGTextraction technique statistically significant at 0.05
level.

Except for 0.1 M EDTA, all tested extraction tech-
nique relationships were negative. This means that the
ratio of separated mercury by these extraction tech-
niques decreases with increasing mercury content in
soil. Therefore, absolute mercury content in the soil is
obviously unsuitable for predicting the amount of

Table 2 Coefficient of determination (R2) values for relationship between (1) the extraction efficiency of applied extraction techniques and
barley shoot extraction efficiency (2) and extraction efficiency of applied extraction techniques and absolute mercury content in 100 g of soil

R2 RW MgCl2 AC AN1 AN2 CL PN T ALT DGT EDTA

1. 0.96 0.47 0.87 0.90 0.52 0.99a 0.98 0.92 0.99a 0.73 0.26

2. 0.62 0.88 0.98 0.97 0.10 0.77 0.87 0.52 0.81 0.99a 0.71

RW synthetic rainwater, AC Aspergillus clavatus, AN1 Aspergillus niger 1, AN2 Aspergillus niger 2, CL Cladosporium sp., PN Penicillium
sp., T Trichoderma sp., ALT Alternaria alternata
a Correlations statistically significant at level 0.05

Fig. 3 The relationship between
extraction efficiency of applied
extraction techniques and
absolute mercury content in 100 g
of soil. RW synthetic rainwater,
AC Aspergillus clavatus, AN1
Aspergillus niger 1, AN2
Aspergillus niger 2, CL
Cladosporium sp., PN
Penicillium sp., T Trichoderma
sp., ALT Alternaria alternata
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mercury translocated into the shoots of barley, and it
proves the necessity of application of such extraction
techniques that are known to separate potentially
phytoavailable soil mercury fractions, such as DGT
and microbial metabolites, as presented in this article.

4 Conclusions

Our results indicate that the best extraction techniques
for soil mercury phytoavailable fraction assessment
should be metabolites of Cladosporium sp., Alternaria
alternata, and DGT method. Except for EDTA, all
applied extraction techniques are able to separate soil
mercury concentrations comparable to concentration
values detected in shoots of barley with the best agree-
ment for DGT method. However, because of relatively
similar values obtained for most of used extraction
techniques, also other ways of comparison, based on
absolute values of mercury both in shoots of barley and
soil, were tested. These results proved the adequacy of
microbial metabolites, especially those of Cladosporium
sp. and Alternaria alternata, and also DGT method ap-
plication when assessing soil mercury phytoavailability.
These statements are in good agreement with character of
our extraction techniques which biogeochemically mimic
plant uptake mechanism of metals.
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Abstract As with many metals, bismuth can be accumu-

lated or transformed by microorganisms. These interactions

affect microbial consortia and bismuth environmental

behaviour, mobility, and toxicity. Recent research focused

specifically on bismuth anaerobic transformation by bacteria

and archaea has inspired the evaluation of the mutual inter-

actions between bismuth and filamentous fungi as presented

in this article. The Aspergillus clavatus fungus proved

resistant to adverse effects from bismuth contamination in

culture medium with up to a concentration of 195 lmol L-1

during static 15- and 30-day cultivation. The examined

resistance mechanism includes biosorption to the fungal

surface and biovolatilization. Pelletized fungal biomass has

shown high affinity for dissolved bismuth(III). Bismuth

biosorption was rapid, reaching equilibrium after 50 min

with a 0.35 mmol g-1 maximum sorption capacity as cal-

culated from the Langmuir isotherm. A. clavatus accumu-

lated B70 lmol g-1 of bismuth after 30 days. Preceding

isotherm study implications that most accumulated bismuth

binds to cell wall suggests that biosorption is the main

detoxification mechanism. Accumulated bismuth was also

partly volatilized (B1 lmol) or sequestrated in the cytosol or

vacuoles. Concurrently, B1.6 lmol of bismuth remaining in

solution was precipitated by fungal activity. These obser-

vations indicate that complex mutual interactions between

bismuth and filamentous fungi are environmentally signifi-

cant regarding bismuth mobility and transformation.

Metal(loid) transformation in natural or anthropogenically

modified environments is greatly accelerated by microor-

ganisms in various metabolic pathways including valence

transformation, intracellular and extracellular precipitation,

and biovolatilization (Thayer 2002). The formation of

volatile methylated or hydride species increases the ele-

ment’s environmental mobility resulting in formation of

derivatives with different toxicity than their precursors

(Dopp et al. 2004).

Bismuth has been proven susceptible to biotransforma-

tion under anaerobic conditions. Huber et al. (2011) high-

lighted that intact mice intestinal microbiota is indispensable

for bismuth transformation into (CH3)3Bi (TMBi), which

was detected in the blood samples of mice fed with bismuth

subcitrate-enriched chow. In addition, microbial transfor-

mation of bismuth into (CH3)3Bi, (CH3)BiH2, and BiH3

volatile compounds was confirmed in ex situ incubation of

both human colon microbiota and murine gut segments

(Michalke et al. 2008). In the environment, production of

methylated bismuth derivatives varies significantly with

microbial habitat. Although bismuth volatile species are

dominant in anaerobically incubated sewage sludge samples

(Michalke et al. 2000), TMBi production in alluvial soil

samples is negligible and most likely triggered by the pre-

sence of other metal(loid)s (Meyer et al. 2007).

Mutual interaction between metals and fungi, including

biosorption, and bioprecipitation, can affect bismuth vola-

tilization, decreasing the amount available for metabolic

transformation. Although biosorption and bioaccumulation

highlight the amount of immobilized metal in dead and

living biomass (Chojnacka 2010), microbial production of

chelating and redox metabolites also allows metal precip-

itation in surrounding media, thus restricting metal uptake

(Sayer et al. 1999). Bismuth volatilization has been noted

only in anaerobic archaea and bacteria cultivation, and
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although Dodge and Wackett (2005) reported that aerobi-

cally cultivated fungal Fusarium sp. strain BI accumulated

bismuth intracellularly in stable phosphorus-rich granules

distributed in the cytoplasm and vacuoles, there was no

evidence for bismuth volatilization by microorganism

cultivated under aerobic conditions.

Aspergillus species frequently occur in soils contami-

nated with heavy metals (Zafar et al. 2007). They exhibit

great metal tolerance beneficial in their role as bioreme-

diators of contaminated sites (Iram et al. 2013). Further-

more, efficient heavy metal removal through continual

metabolic uptake and transformation by Aspergillus spe-

cies, including Aspergillus clavatus, has been confirmed in

various studies (Dursun et al. 2003; Magyarosy et al. 2002;

Srivastava et al. 2011; Urı́k et al. 2007). Therefore, the

main objective of this study was to investigate bismuth(III)

uptake and subsequent volatilization in A. clavatus aerobic

cultivation.

Materials and Methods

Chemicals and Reagents

All chemicals used in this study were of analytical grade, and

a stock aqueous solution of bismuth(III) of 20 mmol L -1

was prepared by dissolving Bi(NO3)3.5H2O, p.a. (Lachema,

Brno, Czech Republic) in deionized water.

Test Microorganism

A fungal isolate of A. clavatus was obtained from E.

Piecková at the Mycological Laboratory of the Slovak

Medical University, grown in Sabouraud dextrose agar

(HiMedia, Mumbai, India), and maintained at 4 �C.

Fungal Biomass Preparation

Conidia for biosorption experiments were harvested from a

7-day-old colony surface of A. clavatus using sterile deion-

ized water. These were inoculated in 500-mL flasks con-

taining 200 mL growth Sabouraud broth medium (HiMedia,

Mumbai, India). The growth medium was autoclaved at

121 �C for 15 min before inoculation. The flasks were sha-

ken on a rotatory shaker (Unimax 2010; Heidolph, Schwa-

bach, Germany) at 120 rpm under aerobic conditions at

25 �C. After 3-day incubation, average 3 mm-diameter

spherical pelletized biomasses were separated by filtering the

culture medium through Whatman no. 1 paper, thoroughly

washed with deionized water to remove residual growth

medium, and filtered through a 0.45-lm mixed cellulose

ester (MCE) membrane filter (Membrane Solution, Tokyo,

Japan). Biosorption studies were performed using chemi-

cally and physically unmodified wet fungal biomass.

Biosorption Studies

Batch biosorption studies were performed in a 250-mL

beaker containing 100 mL of bismuth(III) pH \ 1 solution

with the desired 0.1 to 2 mmol L-1 concentration and 1 g

of unmodified pelletized wet fungal biomass. Beakers were

placed on a platform rotary shaker at 120 rpm and 25 �C

for B240 min with samples collected at predetermined

intervals and filtered through 0.45-lm MCE membrane

filters. Filtered samples were analyzed for residual bismuth

concentrations by inductively coupled plasma optical

emission spectrometry (ICP-OES). All experiments were

performed in triplicate, and the average values were used to

calculate sorption kinetic and isotherm parameters.

Bioaccumulation Studies

The bioaccumulation experiments were performed in the

250-mL Erlenmeyer flasks containing 45 mL of Sabouraud

dextrose broth medium with the desired 4 to 240 lmol L-1

bismuth(III) concentrations. The growth medium was auto-

claved at 121 �C for 15 min before inoculation, and 5 mL of

spore suspension prepared from 7-day-old A. clavatus cul-

ture diluted to approximately 106 mL-1 were transferred to

growth medium under aseptic conditions and incubated in

the dark at 25 �C for 15 and 30 days. Resultant fungal bio-

mass was collected by filtering the growth medium through

0.45-lm MCE membrane filters, dried at 25 �C to prevent

bismuth volatilization, weighed, and digested in an auto-

clave at 160 �C for 4 h after adding 5 mL 65 % HNO3.

Membrane filters were similarly digested to detect bismuth

content in the insoluble residue. The spent growth medium

pH was measured and analyzed for residual bismuth con-

centration by ICP-OES. Controls contained no bismuth, and

triplicate parallel experiments were performed for each

experimental condition; arithmetic mean and SD were

recorded.

Analytical Method

Total bismuth content in residual filtered water solutions, in

spent culture medium, and in digested biomass and membrane

filtrates was determined using ICP-OES at 223.061 nm. The

Jobin-Yvon 70 Plus ICP spectrometer (France) was equipped

with a concentric nebulizer (Meinhard, USA) and a cyclonic

spray chamber. Plasma power was 1,000 W.
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Results and Discussion

Kinetic Studies

The kinetics of bismuth(III) sorption onto pelletized fungal

biomass were studied by performing batch experiments at

several initial bismuth concentrations in the

0.11–2.06 mmol L-1 range at 25 �C. A. clavatus pelletized

biomass sorption capacity generally increased rapidly in the

first 20 min reaching equilibrium after approximately

50 min (Fig. 1). The fungal biomass bismuth sorption is a

relatively fast process due to rapid attachment and the large

number of sorption sites available at the commencement of

this process; subsequent slower sorption is attributed to

intraparticle diffusion (Sen Gupta and Bhattacharyya 2011).

Synthetically prepared polymers, such as hydrophilic

methacrylate gel (Slovák and Dočekal 1980) and polyure-

thane foam (El-Shahawi and Al-Mehrezi 1997), have similar

sorption kinetics, thus attaining equilibrium within 1 h.

Experimental results were fitted by nonlinear kinetic

models of pseudo first-order (Eq. 1) and pseudo second-

order (Eq. 2) using the scaled Levenberg–Marquardt

method for the following equations:

St ¼ Seqð1� e�k1tÞ; ð1Þ

St ¼
S2

eqk2t

1þ k2Seqt
; ð2Þ

where t describes the contact time (min); k1 (min-1) and k2

(g mmol-1 min-1) denote rate constants for the pseudo-

first and pseudo-second order kinetics, respectively; and

Seq (mmol g-1) is the equilibrium bismuth concentration

on the fungal biomass.

The calculated kinetic constants at different initial bis-

muth concentrations are given in Table 1. As predicted, the

calculated equilibrium sorption capacities increased with

increased initial bismuth concentration from 0.06 to

0.45 mmol g-1. Our Fig. 1 coefficients of determination

highlight that experimental sorption data were better

described by the pseudo second-order kinetic model, thus

suggesting that chemisorption is the main binding mecha-

nism able to undergo both ion exchange and complex for-

mation (Ding et al. 2007). However, pseudo second-rate

constants decreased significantly above the initial

1.0 mmol L-1 bismuth concentration indicating changes in

bismuth sorption mechanics. This same pattern is identified

in kinetic constants calculated by the pseudo first-order

kinetic model.

Isotherm Studies

Figure 2, adsorption isotherms from bismuth(III) sorption

on A. clavatus pelletized biomass, depicts the relationship

between bismuth equilibrium concentration in solution

(Ceq) and the amount of bismuth bound to biomass (Seq).

Experimental data were fitted to the nonlinear form of

Langmuir (Eq. 3) and Freundlich (Eq. 4) isotherm to

evaluate biomass adsorption characteristics as in the fol-

lowing equations:

Seq ¼
CeqKLSmax

1þ KLCeq

ð3Þ

Seq ¼ KFC1=n
eq ð4Þ

where Seq is biomass bismuth uptake (mmol g-1); Smax is

the maximum bismuth uptake at defined pH and tempera-

ture (mmol g-1); Ceq is the equilibrium bismuth concen-

tration in solution (mmol L-1); KL (L mg-1) is the

Langmuir constant for sorbate affinity to adsorbent; KF is

the Freundlich constant (L g-1) for biomass sorption

capacity in unitary sorbate equilibrium concentration; and

n is the binding-site heterogeneity constant.

Coefficients of determination [0.89 highlighted that

both equations fitted the experimental data of bismuth(III)

sorption onto pelletized fungal biomass relatively well.

However, the similar values of Akaike weights calculated

for Freundlich (0.52) and Langmuir (0.48) isotherm listed

in Table 2 suggest that both models are unsuitable for data

regression analysis or the relative probability that the both

applied models minimize the information loss is equal. We

are therefore unable to confirm if the sorption process is

restricted to specific sorption sites or to precisely evaluate

their heterogeneity.

The initial slope of both isotherms is steep suggesting

that removal efficiency from the diluted bismuth solution

approaches 99 %. This is attributed to the great affinity of
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bismuth(III) for the biosorbent, and this is supported by the

Langmuir constant magnitude (Table 2). The calculated

Smax isotherm value lies within achieved experimental

range at highest initial bismuth concentrations. Further-

more, the Smax value listed in Table 2 approximates

0.35 mmol g-1, thus indicating that bismuth immobiliza-

tion by A. clavatus fungal biomass is more effective than

sorption to sorbents based on activated carbon prepared

from coconut flakes whose bismuth(III) Smax value was

approximately 0.26 mmol g-1 (Sartape et al. 2012), and

that it is superior to sorption to polymeric sorbent prepared

from polyurethane at almost 0.19 mmol g-1 (El-Shahawi

and Al-Mehrezi 1997).

Bismuth Bioaccumulation and Precipitation

Fungal bismuth uptake was measured after the 15- and

30-day cultivation periods at initial concentrations ranging

from 4 to 241 lmol L-1 (Fig. 3). The highest average 56

and 70 lmol g-1 bismuth concentration in A. clavatus

biomass was detected in treatments grown on media with

the highest initial bismuth concentrations after 15 and

30 days, respectively. Accumulation data indicated that

bismuth uptake increased linearly with increasing culture

medium residual concentration with linear regression ana-

lysis coefficients of determination of 0.99 and 0.66 for 15

and 30 days, respectively. In addition, the accumulated

bismuth concentrations after 3-day cultivation concur with

the sorption capacities of fungus calculated in isotherm

studies (Fig. 2). This indicates that the apparent bioaccu-

mulated amount of bismuth is preferentially sequestrated in

the cell wall or immobilized in extracellular exudates

located in the cell wall’s matrix. This renders bismuth

nonharmful for cell metabolism because the cell wall

presents an effective barrier restricting transport of harmful

metals into the cytosol, thus enhancing cell tolerance (Hall

2002). However, there is strong evidence that ‘‘biosorp-

tion’’ is not the only bismuth-detoxification mechanism of

filamentous fungi. Based on EDAX analysis, Alharbi et al.

(2012) suggested that these fungi also transport bismuth

Table 1 Kinetic parameters of

bismuth(III) sorption onto

pelletized A. clavatus biomass

T = 298.15 K; 120 rpm

Initial

bismuth(III)

concentration

(mmol L-1)

Pseudo first-

order kinetic

constant

(min-1)

Pseudo second-

order kinetic

constant

(g mmol-1 min-1)

Equilibrium

concentration of bismuth

on fungal biomass

calculated from pseudo

first-order kinetic model

(mmol g-1)

Equilibrium

concentration of

bismuth on fungal

biomass calculated

from pseudo second-

order kinetic model

(mmol g-1)

0.11 0.206 ± 0.010 0.466 ± 0.216 0.066 ± 0.0004 0.066 ± 0.0005

0.39 0.074 ± 0.008 0.409 ± 0.408 0.157 ± 0.004 0.170 ± 0.011

1.00 0.103 ± 0.002 0.487 ± 0.120 0.293 ± 0.001 0.318 ± 0.012

1.31 0.011 ± 0.003 0.023 ± 0.016 0.314 ± 0.048 0.414 ± 0.086

2.06 0.028 ± 0.001 0.076 ± 0.022 0.385 ± 0.022 0.451 ± 0.030
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Fig. 2 Sorption data for (filled circles) bismuth(III) biosorption onto

pelletized A. clavatus biomass (T = 298.15 K; 130 rpm) fitted by

Langmuir and Freundlich isotherm. Total bismuth concentration in

biomass (open circles) is presented as a function of remaining culture

medium bismuth after 30-day static fungal cultivation

Table 2 Calculated Langmuir and Freundlich isotherm parameters for bismuth(III) sorption onto pelletized A. clavatus biomass

Isotherm KF (L g-1) n Smax (mmol g-1) KL (L mmol-1) R2 Akaike weight

Freundlich 0.33 ± 0.02 3.73 – – 0.92 0.58

Langmuir – – 0.35 ± 0.04 9.83 0.89 0.42

T = 298.15 K; 120 rpm
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through the cell membrane and deposit it in the cytosol.

Furthermore, bismuth concentration B195 lmol L-1 most

likely facilitates some of the nutrient uptake seen in fungal

biomass dry weight increase after 15-day cultivation. This

effect, however, diminished by the 30th day of cultivation

possibly due to nutrient depletion and subsequent biomass

degradation (Fig. 4).

Precipitation should also be considered a microbially

triggered detoxification mechanism (Tsezos 2009) because

of fungal production of various chelating, redox, and acidic

metabolites (Alibhai et al. 1993). A. clavatus produces

relative alkali metabolites (Fig. 5), which facilitate bismuth

precipitation, thus converting bismuth to unavailable form.

The total bismuth content in the nondissolved residue in

Fig. 6a suggests that the highest amount of bismuth (almost

1.6 lmol) precipitates at its highest initial concentration. In

addition to initial concentration influence, it is most likely

that the initial pH values also significantly affect sub-

sequent bismuth precipitation in culture medium. Although

chemically induced bismuth precipitation at initial

241 lmol L-1 concentration in non-inoculated culture

media shown in Fig. 6b supports pH’s significant contri-

bution to the formation of nondissolved residue, here the

bismuth precipitation was still significantly lower than

bioprecipitation efficiency triggered by fungal metabolites
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(Fig. 6a). This suggests that although initial acidic condi-

tions facilitate bismuth precipitation, fungal metabolites

significantly enhanced this mechanism of bismuth immo-

bilization. These observations indicate that mutual inter-

actions between bismuth and filamentous fungus are more

complex and also relates to the intensity of metabolic

activity and precipitation/dissolution of bismuth species.

Bismuth Biovolatilization

The most interesting biogeochemical implication of bismuth

detoxification is its microbially mediated transformation into

volatile derivatives. Although several publications have

suggested the anaerobic volatilization of bismuth (Bialek

et al. 2011; Huber et al. 2011; Michalke et al. 2000, 2008),

there was no direct or indirect evidence of microbial vola-

tilization of bismuth under aerobic conditions. Our results

clearly indicate that increased available bismuth in the cul-

ture medium increased its biovolatilized amount almost

linearly up to 1 lmol (Fig. 7). This is 8.1 % of the initial

241 lmol L-1 bismuth concentration in culture medium.

According to all previous statements, we conclude that

A. clavatus is relatively nonsensitive to bismuth(III) at

B195 lmol L-1 concentration and that this constitute the

threshold limit for bismuth adverse effects on fungal

growth (Fig. 2). Bismuth biovolatilization efficiency is

significantly enhanced above this concentration. Its vola-

tilization relative to biomass dry weight is 4.7 and 3.0 times

greater than that at 195 lmol L-1 with average biovola-

tilized bismuth of 10.5 and 8.9 lmol g-1 of dry fungal

biomass after 15- and 30-day cultivation, respectively

(Fig. 7). This suggests that transformation into volatile

bismuth derivatives is a response to high bioavailable

bismuth concentrations used by the fungus for efficient

detoxification under extreme contamination conditions.

This indicates that biovolatilization is triggered to remove

excess of bismuth from cytosol when the efflux or

deposition of bismuth into the cell wall is insufficient to

eliminate its toxic effects on cell metabolism.

Indirect evidence is presented here because the amount

of volatilized bismuth was calculated indirectly as the

difference between the amount of bismuth(III) added to

solution after inoculation and the summation of total bis-

muth accumulated in biomass and bismuth remaining in

soluble and insoluble form in culture medium after the

desired cultivation period. Therefore, further analysis of

gaseous bismuth concentrations in fungal headspace or

bismuth speciation of volatile derivatives is required for

unequivocal evaluation of this microbially induced phe-

nomenon. Nevertheless, this is the first evidence of aerobic

biotransformation of bismuth into volatile species by

microbial metabolism effected by varying the initial bis-

muth concentrations.

Conclusions

Mutual interactions between bismuth and filamentous fungi

are complex because they are intimately related to the inten-

sity of metabolic activity, volatilization, precipitation/dis-

solution, and biosorption/bioaccumulation of the bismuth

species. Biosorption of bismuth on A. clavatus unmodified

biomass proved to be a relatively rapid process with equilib-

rium attained after 50 min and maximum sorption capacity

calculated from Langmuir isotherm at 0.35 mmol g-1. The

biosorption kinetics is well described by the pseudo second-

order model, thus suggesting that chemisorption is the main

sorption mechanism. Average maximum A. clavatus bismuth

accumulation in aerobic cultivation was 56 and 70 lmol g-1

after 15 and 30 days, respectively. Although the correlation of

these results with fungal-sorption capacities implies that cell

wall bismuth immobilization is the main detoxification

mechanism, bismuth bioprecipitation triggered by fungal

metabolites and its biovolatilization also significantly con-

tributes to detoxification. Accumulated bismuth was partly

volatilized by fungus up to 1 lmol, which is almost 8.3 % of

the initial 241 lmol L-1 bismuth(III) concentration in culture

medium.
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Abstract This article evaluates mercury-resistant au-
tochthonous filamentous fungi’s role in mercury transfor-
mation and mobility with respect to mercury
biovolatilization. Aspergillus , Cladosporium ,
Trichoderma, and Alternaria genera isolated from mer-
cury contaminated and non-contaminated soils were cul-
tivated under static conditions in 8.2–32.7 mg L−1

mercury(II) concentration range to evaluate and compare
mercury bioaccumulation, fungal strain resistance, and
biovolatilization efficiency. Results indicate the enor-
mous fungal capacity for mercury removal and volatili-
zation, especially by Aspergillus niger andCladosporium
isolates, which volatilized almost 80 % of initial mercury
content during 7-day static cultivation in the dark. We
presume that the mercury detoxification mechanism
changed above our 8.2 mg L−1 initial media concentra-
tion with significant domination of mercury volatiliza-
tion. We suggest that mercury biovolatilization, rather
than its deposition or efflux in non-volatile forms, is the
major filamentous fungal detoxification mechanism. Our
results highlight that the soil filamentous fungi’s contri-
bution on mercury biogeochemical cycle may be consid-
ered significant, if the conditions for fungal growth are

sufficient. Still, when contaminated soil is treated with
respect to enhanced fungal growth, biovolatilization may
be beneficiary for natural remediation processes applied
for mercury contaminated soils.

Keywords Soil fungi . Mercury . Biovolatilization .

Bioaccumulation

1 Introduction

The importance of microbial processes in mercury vol-
atilization has been questioned several times, highlight-
ing the confrontation between direct biotic process and
abiotic transformation induced by microbial products
(Schlüter 2000). While bacterially induced reduction to
Hg(0) was determined by Fritsche et al. (2008) in the
latter process, mercuric reductase coded by mer operon
identified in several bacterial strains is significantly
involved in direct mercury reduction to volatile Hg(0)
in cooperation with other biotic factors including
glutathione-transferase activity (Cursino et al. 2000;
Takeuchi et al. 2003). Dimethylmercury, considered an
important biological product in anoxic mercury detoxi-
fication by sulphur reducing bacteria, is also a dominant
mercuric volatile specie (Rodríguez Martín-Doimeadios
et al. 2004).

Both volatile products are readily oxidized and
demethylated in the atmosphere and transported from
their original sources, posing a potential risk to the
environment and human health. Both mercuric organic
and inorganic forms are proven detrimental, with low-
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dose toxic and carcinogenic effects on plants, animals,
and humans (Zahir et al. 2005). This has engendered
extensive studies of the mercury biogeochemical cycle
and the contribution of abiotic and biotic factors on its
transformation and mobility in contaminated sites, es-
pecially in regard to soil remediation and further utili-
zation (Randall and Chattopadhyay 2013; Senila et al.
2011; Windham-Myers et al. 2014).

However, mercury biotransformation research has
primarily focused on (1) bacterial strains or archaea,
thus, omitting the microbial community considerably
resistant to heavy metal contamination—filamentous
fungi, which possess several times higher metal toler-
ance than bacteria (Rajapaksha and P., Tobor-Kapłon,
M. A. and Bååth, E. 2004); (2) fungal mercury accumu-
lation from contaminated sites by higher fungi related to
food chain transfer (Falandysz et al. 2003; Chudzyński
et al. 2011); (3) mycorrhizal fungi colonization affecting
mercury phytotoxicity in higher plants (Jean-Philippe
et al. 2011); and (4) mercury biosorption by higher fungi
as an efficient biosorbent system in wastewater heavy
metal treatment, with dead fungal biomass having high
affinity for Hg(II) (Arıca et al. 2003). Recently, the
physiological responses and molecular approaches elu-
cidating mercury effects in filamentous fungi
Trichoderma harzianum and Fusarium species were
reported (Puglisi et al. 2012; Raspanti et al. 2009).

However, to our knowledge, mercury-resistant au-
tochthonous filamentous fungi’s capacity for mercury
volatilization has not previously been determined or
published; therefore our aim is to isolate fungal strains
from mercury-contaminated sites and evaluate their
ability to transform mercury into a gaseous form by
incubation on media supplemented with bioavailable
mercury(II). This objective is discussed in relevance to
application of filamentous fungi in bioremediation of
mercury contaminated sites.

2 Materials and Methods

2.1 Isolation of Filamentous Fungi from Mercury
Contaminated Soils

Three different soil samples labeled A, B, and C were
collected from the area surrounding the former mercury
mining plant in Rudňany in central Slovakia. These
were transported in sterile plastic bags to our laboratory
and immediately analyzed for fungal strain presence

(Table 1). Soil samples designated for further analysis
were dried in the dark at 25 °C; and homogenized soil
fraction below 2 and 0.2 mm was used for general soil
characteristics and total mercury determination,
respectively.

All samples used for the soil microscopic fungi iso-
lation were diluted 1:10 in sterile distilled water.
Subsequent tenfold serial dilutions ranging from 10−2

to 10−5 were prepared and plated on Blakeslee malt
extract autolysate, Saubouraud chloramphenicol agar,
and Dichloran rose bengal agar to identify the wide
range of fungal species present in soil samples. The
plates were then incubated in a thermostat at 25 °C for
7 to 10 days.

All isolates were classified to the genus/species level
based on colony macroscopic morphology, shape, color
and appearance, and microscopic characteristics (myce-
lium septation, shape and diameter, and conidia texture)
according to Nelson et al. (1983), Summerbell (1996),
Samson and Frisvard (2004), and Pitt and Hocking
(2009). This delivered 6 species and 8 strains of various
mitosporic fungi isolated from studied contaminated
environments suitable for analysis; and 4 control strains
from non-contaminated soils were obtained from the
Department of Mycology and Physiology, Institute of
Botany at the Slovak Academy of Sciences.

2.2 Bioaccumulation and Biovolatilization Studies

Bioaccumulation/biovolatilization experiments were
performed in 250 mL Erlenmeyer flasks containing
inoculated Sabouraud dextrose broth medium with final
volume of 50 mL with 8 to 32.7 mg L−1 Hg(II) concen-
tration. The growth medium was autoclaved at 121 °C
for 15 min prior to mercury addition and inoculation. A
sample of approximately 106 mL−1 spore suspensions
prepared from 7-day-old cultures of strains isolated from
contaminated and non-contaminated soils were asepti-
cally transferred to growth medium and incubated in the
dark at 25 °C for 7 days. Fungal biomass was collected
by filtering growth medium through 0.45 μm MCE
membrane filters, dried at 25 °C to prevent mercury
volatilization, weighed, and digested in 5 mL 65 %
HNO3 to detect the mercury content in the insoluble
residue. Filtrate pH was measured and analyzed by
atomic absorption spectrometry for residual mercury
concentration (Frentiu et al. 2014; Zvěřina et al. 2013).

Controls were performed in the absence of mercury
and fungi; and negligible decrease in mercury
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concentration was detected in control experiment lack-
ing fungi. Triplicate experiments were conducted for
each experimental condition.

2.3 Determination of Mercury and Soil Sample
Characterization

Total Hg content in the studied soils, fungal biomass,
and culture media was determined directly by atomic
absorption spectrometry using AMA-254 (Altec, Czech
Republic, limit of quantification 0.05 ng Hg).

Accuracy of analytical quantification of Hg in ana-
lyzed samples was validated by analysis of soil refer-
ence material CRM SO-4 with certified 0.030±
0.006 mg kg−1 and found 0.027±0.001 mg kg−1 mercu-
ry concentration values; and two plant reference mate-
rials CRM GBW 07604 and CRM P-ACHK with certi-
fied 0.026±0.003 mg kg−1 and found 0.026±
0.001 mg kg−1 mercury concentration values, and infor-
mative 0.024±0.006 mg kg−1 and determined 0.027±
0.003 mg kg−1 mercury concentration values,
respectively.

Soil pH was measured by potentiometer in deionized
water, and in 1 M KCl with 1:2.5 soil to solution ratio.
The CaCO3 and soil organic carbon content were deter-
mined by Janko’s calcimeter (Fiala et al. 1999) and as in
Walkley and Black (1934), respectively.

3 Results

Detailed soil sample characterization and total mercury
concentrations are listed in Table 1; and microscopic
fungi presence and biodiversity are shown in Table 2.
Although 14 microscopic fungi genera and 23 species
were isolated from selected contaminated soils, only
Ascomycota species including genera Alternaria,
Trichoderma, Cladosporium, and strain Aspergillus ni-
ger were used for mercury accumulation and volatiliza-
tion evaluation. These genera were identified in all our
soil samples, and they are efficient heavy metal accu-
mulators with proven resistance to inorganic

contamination (Buszman et al. 2006; Dursun et al.
2003; Ezzhouri et al. 2009; López Errasquín and
Vázquez 2003).

3.1 Culture Medium pH Changes During Fungal
Cultivation

A 7-day-cultivation period was generally assumed by
screening tests and is considered as the beginning of the

Table 1 Soil sample
characteristics

SOC soil organic carbon content,
Hgtotal total concentration of
mercury in soil sample

pHH2O pHKCl SOC (%) Content of CO3
2− (%) Hgtotal (mg.kg−1)

Soil A 6.6±0.3 6.1±0.7 8.2±0.3 0.85±0.06 20.2±0.8

Soil B 6.7±0.6 6.1±0.4 3.1±0.05 0.04±0.02 6.9±0.5

Soil C 7.3±0.2 7.1±0.2 4.5±0.2 2.4±0.2 30.9±0.1

Table 2 Biodiversity of filamentous fungi isolated from mercury
contaminated soils

Soil A Soil B Soil C

Ascomycota
aAlternaria sp. +
aA. alternata +
aA. tenuissima +

Aspergillus sp. + + +

A. flavus +
aA. niger +

A. versicolor +

A. terreus +
aCladosporium cladosporioides + + +

Emericella nidulans +

Fusarium oxysporum + +

F. sporotrichioides +

Paecilomyces sp. +

Penicillium spp. + + +

P. italicum + +

Scopulariopsis sp. +
aTrichoderma atroviride +

Verticillium sp. +

Zygomycota

Absidia sp. + +

Mucor sp. +

Rhizomucor sp. +

Rhizopus sp. + +

a Strains selected for analysis
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stationary fungal growth phase for isolated fungi.
Figure 1 depicts the typical A. niger growth curve.

The pH values were determined for each fungal
isolate after biomass separation. Figure 2 indicates that
except for genus Alternaria, there were no significant
differences in final pH within each fungal genus.
However, A. niger strains significantly acidified culture
medium, while species of the genus Cladosporium,
Alternaria, and Trichoderma only slightly decreased
the culture medium pH, resulting in final values ranging
from 4.5 to 5.3. Only Alternaria alternata species iso-
lated from non-contaminated soil increased pH above its
initial value, but lowered it to approximately 4.8 when it
was isolated from mercury contaminated soil.

Changes in pH should indicate both metabolic diver-
sity among strains and individual fungal response to
mercury contamination. While diversity based on this
assumption correlates with each fungal genus, higher
mercury concentrations did not contribute to significant
apparent changes in exometabolite acidity; neither with-
in genera nor in treatments with varying mercury con-
centrations, except in Alternaria species. These differ in
final culture medium pH, thus, suggesting distinct strain
sensitivity to culture media mercury concentration de-
pendent on strain origin.

3.2 Mercury Concentration in Culture Medium

Evaluation of mercury medium concentration data pre-
sented in Fig. 3 highlights that A. niger is the most
efficient mercury accumulator. This is based on the
lowest concentration remaining in the culture medium.

Here, as in all isolates, higher apparent accumulation
efficiency was observed for the strains isolated from
contaminated soils. This effect was particularly noted
in treatments supplemented with the highest amount of
mercury. Conversely, it indicates reduced mercury up-
take in strains from non-contaminated soils. These have
higher sensitivity to mercury presence than those from
contaminated soils, and therefore, increased uptake re-
striction efficiency.

A similar trend for all isolated strains is noted in
media mercury concentration (Fig. 3). While decreased
fungal capacity for mercury uptake and deposition is
anticipated with increased initial media mercury concen-
tration, significantly lower final mercury media content
was observed at 15.3 mg L−1 initial mercury concentra-
tion. This indicated enhanced fungal mercury accumu-
lation efficiency in all species, regardless of their origin.

This finding influenced our experimental settings at
1.5 to 15.3 mg L−1 initial mercury concentrations for
Cladosporium cladosporioides cultivation (Fig. 4).
Results clearly indicate fungal mercury uptake increases
linearly with increased initial media mercury concentra-
tion until a threshold concentration near 8.2 mg L−1

(Fig. 4a). The amount of mercury remaining in media
with higher than threshold concentration decreased by
75 % or more, which is explained by increased mercury
uptake by significant disruption in physiological barriers
to metal uptake. This weakened fungal mercury trans-
port restriction should have led to enhanced mercury
accumulation and fungal necessity to trigger other de-
toxification mechanisms.

3.3 Mercury Concentration in Biomass

C. cladosporioides biomass’ total mercury content
failed to reflect anticipated enhanced accumulation
(Fig. 4b), with no significant change noted in relative
accumulated mercury up to initial 17 mg L−1 mercury
concentration. We presume that the mercury detoxifica-
tion mechanism changed above our 8.2 mg L−1 thresh-
old concentration, with significant domination of mer-
cury efflux in volatile forms. Hence, sorption via mer-
cury immobilization on the fungal cell wall and bioac-
cumulation in the intracellular compartments play insig-
nificant roles in mercury resistance strategy above de-
termined threshold concentration.

Figure 5 highlights the trend for all isolated fungi to
increase accumulated mercury content with increasing
initial mercury concentration in culture media, with the
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exception of A. niger strains and C. cladosporioides
isolated from soil sample C. However, estimated accu-
mulation capacity did not reflect the actual amount of
fungal uptake in mercury, especially in conjunction with
remaining mercury concentration in culture media
(Fig. 3). As previously noted, there is clear dispropor-
tion between mercury distribution in biomass and in
culture media at initial above-threshold mercury con-
centration, particularly witnessed at 15.3 mg L−1. Fungi
trigger an alternate detoxification mechanism to metal
deposition in cell compartments, when confronted with
high mercury concentrations. This alternate mechanism
resulted in enhanced mercury volatilization.

3.4 Biomass Synthesis Response to Mercury
and Mercury Volatilization

The fungal mercury sensitivity is deduced from fungal
biomass produced in each treatment. Although the ac-
tual amount of biomass produced is strain specific so
that direct comparison of biomass yields by each genus

is restricted, biomass weight is a direct indication of
biological sensitivity to contamination; and this is fre-
quently evaluated in ecotoxicity tests (Fargašová and
Molnárová 2010; Lešková et al. 2013).

Figure 6 shows that highest initial mercury concen-
tration is a relevant indicator for selected strains’ mer-
cury sensitivity where the biomass weight of each iso-
lated strain was reduced by at least 40 %. A. niger strain
unaltered biomass production under these critical con-
ditions proved an exception, suggesting it evolved an
effective detoxification mechanism. Alternaria genus
demonstrated the greatest mercury sensitivity.

Despite distinctive biomass reduction at 32.7 mg L−1,
lower mercury concentrations did not significantly alter
fungal biomass compared to controls. Furthermore, they
result in the biomass weight increase noted in
C. cladosporioides, Trichoderma atroviride, and
A. alternata isolated from non-contaminated soils, al-
though these strains’ growth was nil or negligible under
highest mercury concentration. This indicates an evolve
resistance strategy in strains exposed to long-term

Fig. 2 pH changes after 7-day cultivation of microscopic fungi isolated from mercury contaminated and non-contaminated soils—a
Cladosporium cladosporioides, b Alternaria spp., c Aspergillus niger, and d Trichoderma atroviride
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mercury contamination which facilitates fungal activity
even in highly contaminated soils.

Our results highlight that A. niger is relatively non-
sensitive to selected mercury concentrations, with both
A. niger strains possessing the efficient volatilization
mechanism (Fig. 7). This suggests that volatilization is

a conservative strain feature which is not limited to
A. niger strains under long-term mercury exposure.
Despite this strain’s resistance, it was not isolated from
all collected soils, so we assume that either the soil niche
was unsuitable or there was relatively high competition
for nutrient resources.
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Isolated strains’ mercury volatilization efficiency
was mostly extremely high. This was clearly evident in
A. niger and some C. cladosporioides strains’ volatili-
zation of almost 80 % of mercury added to culture
media. While these species can be successfully applied
in remediation of mercury contaminated waters and
soils, the presence of Cladosporium in all contaminated
soils confirms its soil viability compared to A. niger.

4 Discussion

The major mechanisms in microbial mercury resistance
are (1) the presence of a permeable barrier to limit
mercury uptake (Kinoshita et al. 2013) and (2) produc-
tion of thiols to chelate mercury and limit its bioavail-
ability (Wu andWang 2014), but by far, the most unique
is (3) mercury biovolatilization. The biochemical basis
of bacterial biovolatilization involves the Hg(II) reduc-
tion to volatile Hg(0) by inducible mercuric ion reduc-
tase coded by mer operon (Dash and Das 2012).

However, mer operon is specific for bacterial cells and
not present in eukaryotic organisms; and even if
translocated from bacteria, the efficiency of mercury
reduction in yeasts remains negligible compared to bac-
terial strains (Rensing et al. 1992).

The main eukaryotic freshwater algae detoxification
strategy is mercury(II) transformation into insoluble β-
HgS by intracellular thiols, with thermophilic algae
Galdieria sulphuraria’s transformation of Hg(II) to β-
HgS and conversion to Hg(0) accounting for 90 and
10 % of added mercury concentration, respectively
(Kelly et al. 2007). However, our results clearly indicate
that more than half initial mercury concentration above
15.3 mg L−1 was volatilized in 7 days. In direct contrast
to algal mechanism, biovolatilization is the main detox-
ification pathway in filamentous fungi, especially in high
mercury addition. This does not negate Kelly et al.’s
(2006) conclusion that mercury deposition as HgS in
microfungi dominates at low mercury concentrations.

The precise fungal mercury volatilization mechanism
is not currently elucidated, but it most likely involves

Fig. 5 Concentration of mercury immobilized/accumulated in a Cladosporium cladosporioides, b Alternaria spp., c Aspergillus niger, and
d Trichoderma atroviride after cultivation at different initial mercury concentration
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some intra or extracellular reducing factor and/or meth-
ylation agent when considering mercury volatilization
in dimethyl form. In addition to microbially induced
Hg(0) emissions, gaseous methylmercury release is
proven in Saccharomyces cerevisiae and Candida
albicans yeasts (Yannai et al. 1991). Hence, we
assume both these mechanisms contribute to mercury
volatilization during fungal cell cultivation; especially
since the latter mechanism proved highly efficient in
aquatic non-enzymatic transformation with
methylcobalamin as the methyl donor (Jiménez-
Moreno et al. 2013).

While recent research has suggested that abiotic
methylation of inorganic mercury by humic substances
and low-molecular-weight organic compounds in natu-
ral environments is possible via photo-processes (Yin
et al. 2012), our experiments were performed in the dark
under standard laboratory conditions. Devars et al.’s
(2000) Euglena gracilis incubation determined that
non-biological mercury volatilization is significant un-
der illumination, but negligible in the dark, and this

agrees with photo-catalyzed reactions in Fe(III) or or-
ganic acids presence, triggered solely by radiation.
However, the influence on mercury volatilization from
fungal exo-metabolites with redox properties or methyl
donors, such as organic acids with α-carbon methyl
group (Falter 1999), must be acknowledged because
our isolates, especially A. niger strains, reduce culture
medium pH to extremely acidic regions solely by pro-
ducing large amounts of organic acids (Santhiya and
Ting 2005).

The majority of our fungal strains were resistant to
bioavailable media mercury concentrations as high as
30 mg L−1. These are, therefore, promising organisms
for mercury removal from contaminated sites. Recent
studies have showed that strains isolated from contam-
inated soils do have an excellent capacity to remove
significant quantities of toxic metals (Malik 2004).
Therefore, application of both live and dead fungal
biomass as sorbents/accumulators in heavy metal re-
moval is widely applied in environmental biotechnolo-
gy, detoxifying waste waters, and sludge (Kapoor and

Fig. 6 Biomass dry weight of selected strains—aCladosporium cladosporioides, b Alternaria spp., c Aspergillus niger, and d Trichoderma
atroviride—evaluated after cultivation at different initial mercury concentration
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Viraraghavan 1995). Figure 3 highlights that isolates,
including A. niger strains, remove more than 90 % of
initial mercury dose, and this is supported by Kurniati
et al.’s (2014), who cultivated fungal Aspergillus flavus
strain ability to remove more than 98 % of 10 mg L−1

initial mercury concentration in 7-day static cultivation.
While these authors’ discussion was based only on
culture media mercury loss without mentioning
biovolatilization, no mercury loss was evident in fungal
absence. A. niger’s dead biomass has also proven an
excellent mercury sorbent (Guerra et al. 2013; Nirmal
Kumar et al. 2010).

While transgenic plants with genes from Hg-
detoxifying bacteria display increased resistance and
enhanced plant volatilization capacity (Lyyra et al.
2007), considering our volatilization results, in situ
remediation by autochthonous filamentous fungi is
an excellent alternative to mercury removal using
genetic engineering. Filamentous fungi’s natural re-
sistance to heavy metals and enormous volatilization

capacity make them suitable organisms for the natural
and controlled remediation techniques highlighted in
this article.

5 Conclusions

Our results confirm that biovolatilization is the main
mechanism in mercury detoxification by fungal strains,
regardless of their origin, and the volatilization efficien-
cy of all isolated strains is extremely high, even when
the removal efficiency of mercury sensitive isolates and
non-contaminated soil isolates is slightly suppressed.
A. niger and some C. cladosporioides strains volatilized
almost 80 % of 32.7 mg L−1 mercury concentration in
culture medium, and their accumulated mercury con-
centration was relatively low at 0.6 and 2.1 mg g−1

maxima, respectively. Therefore, the soil filamentous
fungi’s contribution on mercury biogeochemical cycle
may be considered significant, if the conditions for

Fig. 7 Mercury biovolatilization efficiency during 7-day cultivation of fungal strains a Cladosporium cladosporioides, b Alternaria spp., c
Aspergillus niger, and d Trichoderma atroviride
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fungal growth are sufficient. Still, when contaminated
soil is treated with respect to enhanced fungal growth, it
may be beneficiary for natural remediation processes
applied for mercury contaminated soils.

Our results indicate that the threshold concentration
for all isolates falls within similar range, and mercury
biomass immobilization outside this range plays only an
insignificant role in mercury resistance strategy; as ob-
served in C. cladosporioides strain.

While genus Alternaria proved most sensitive to
mercury contamination, A. niger isolates were the least
sensitive. In addition, Cladosporium species with com-
parable volatilization efficiency toA. nigerwere isolated
from all contaminated soils, rendering them the most
suitable for application in remedial technology.
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Abstract This paper evaluates heterotrophic leaching of
arsenic (As) pre-adsorbed onto amorphous ferric
oxyhydrox ides (FeOx) and i t s subsequen t
biovolatilization under laboratory conditions during As-
pergillus niger static cultivation. With initial 90 mg.L−1

As concentration and absence of FeOx, the biomass As
accumulation capacity attained 1.4 mg.g−1 on the 15th
day of cultivation. While FeOx suppressed As biomass
accumulation up to 0.23 mg.g−1, it did not influence
biovolatilization activity. After 15-day cultivation, almost
1.8 mg As was released into the surrounding culture
media, accumulated and subsequently transformed into
its volatile derivatives, regardless of FeOx presence or
absence. The A. niger strain was able to enhance As
release from the FeOx surfaces; the total As medium
concentration increased to 3.1 mg.L−1 on the 15th culti-
vation day, and this amount was considerably higher than
the 0.128mg.L−1 As concentration leached from FeOx in
fungal absence. These observations indicate that complex
mutual interactions between As immobilized in FeOx
and filamentous fungi are environmentally significant
regarding As mobility and transformation in oxic
environments.

Keywords Bioleaching . Biovolatilization . Arsenite .

Fungi

1 Introduction

Ferric oxides, oxyhydroxides and hydrous oxides
(FeOx) found in almost all soils and sediments play an
important role in the arsenic (As) biogeochemical cycle
(Smedley and Kinniburgh 2002). The reductive disso-
lution of FeOx in anoxic environments leads to
adsorbed and coprecipitated As release (Nickson et al.
2000). In contrast, dissolved As in oxic environments
bind strongly to the FeOx surfaces (Ghimire et al. 2003).
These have high sorption capacity and are an important
contaminant sink in contaminated areas (Nguyen and
Itoi 2009). However, As sorption in the presence of
hydroxyl, bicarbonate or phosphate anions is reduced
by competition for sorption sites (Charlet et al. 2007).
Besides, the contribution of microbial metabolism on
adsorbed and coprecipitated As release from FeOx must
be considered. Although autotrophic microorganism in-
fluence on metal(loid)s leaching from ferric and ferrous
minerals is an intensively studied environmental prob-
lem (Garcia-Sanchez and Alvarez-Ayuso 2003), current
literature lacks investigation of As mobilization from
FeOx by filamentous fungi under aerobic conditions.

These fungi produce strongly acidic or chelating
compounds such as polycarboxylic organic acids, which
solubilize metal(loid)s from different oxidized ferric
minerals by redox processes or pH lowering with sub-
sequent complexation (Sayer et al. 1997). Released
metal(loid)s can be subsequently accumulated and me-
tabolized by microorganisms, with unique microbial
mediated As transformation into volatile metabolites
(Cullen and Reimer 1989). Various fungi, including
Aspergillus niger, Aspergillus clavatus, Neosartorya
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fischeri, Ulocladium sp. or Penicillium sp. have been
proven capable of As biovolatilization from aqueous
media and solid substrates (Edvantoro et al. 2004; Urík
et al. 2007). In addition, A. niger uniquely produces a
high quantity of organic acids associated with signifi-
cant pH decrease (Gadd 2004; Jernejc and Legiša 2004;
Kubicek et al. 2011) and it easily induces mineral phases
dissolution due to metabolites’ acidic or chelating prop-
erties (Hosseini et al. 2007). Since no special attention
has focused on possible biotransformation of arsenic
previously adsorbed onto mineral surfaces, this study
evaluates heterotrophic leaching of As adsorbed onto
FeOx and i ts subsequent accumulat ion and
biovolatilization under laboratory conditions in static
A. niger cultivation.

2 Materials and Methods

2.1 Fungal Strain

A. niger (van Tiegham) was obtained from the Myco-
logical laboratory of the SlovakMedical University, and
maintained on agar media.

2.2 Reagents and Solutions

A stock solution of arsenite [iAs(III)] (810 mg.L−1) was
prepared by dissolving sodium arsenite, NaAsO2

(Merck, Germany) in deionized water. FeCl3.6H2O
and NaOH used for FeOx preparation were of analytical
grade (Centralchem, Slovak Republic). Arsenic stan-
dards for chemical analysis were prepared by diluting
an As 1.000 g.L−1 stock solution (Merck, Germany,
H3AsO4 in 0.5 mol.L−1 HNO3).

2.3 Amorphous FeOx Preparation

The FeOx sorption material was prepared by alkaline
(40 g NaOH) precipitation of FeCl3 (54.06 g
FeCl3.6H2O) in 1 L of deionized water under laboratory
conditions. After 12-h stirring at 150 rpm, freshly pre-
pared precipitates were filtered, washed with distilled
water and dried at 80 °C. Sample X-ray amorphous
characteristics were established by X-ray powder dif-
fraction (XRD) analyses (Fig. 1) on difractometer
BRUKER D8 Advance in Bragg-Brentano geometry
(theta-2theta). The XRD patterns were collected using
Cu Kα1 (λKα1=1.5406 Å) radiation in the 10–65 2θ

range with 0.01 step size and a counting time of 1 s per
step (Bačík et al. 2011).

2.4 Bioleaching Experiment

Prior to incubation, Erlenmeyer flasks (100 mL) con-
taining 35 mL of Sabouraud dextrose broth (HiMedia,
India) were inoculated with 5 mL spore suspension
prepared from a 2-week-old culture. Five milliliters of
iAs(III) stock solution was added to attain 90 mg
iAs(III).L−1 concentration and/or the weight of 0.5 g of
FeOx was added to the media. Flasked culture media
without supplemented As or FeOX and non-inoculated
flasks containing FeOx and iAs(III) were used as con-
trols. All treatments were stirred for 2 h on a rotatory
shaker at 150 rpm (Unimax 2010, Heidolph, Germany).

The strainwas grown in stationary culture for 15 days
under laboratory conditions. Fungal biomass was re-
moved by filtration on the 2nd, 6th, 10th and 15th
cultivation day, washed with deionized water and dried
at 60 °C, and the biomass dry weight was recorded. The
pH of each culture filtrate, including controls, was de-
termined before further analysis. All treatments were in
triplicate.

2.5 Analysis of Arsenic in Biomass and Culture
Medium

Total biomass As was analyzed following microwave
digestion (Multiwave 3000, Anton Paar, Austria) in
8 mL of concentrated HNO3, by hydride generation

Fig. 1 XRD patterns of X-ray amorphous ferric oxides/
oxyhydroxides (FeOx) utilized as sorption material in this study
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atomic absorption spectrometry (HG AAS) with the
Perkin-Elmer Atomic Absorption Spectrometer model
1100 (USA) equipped with a hydride generator Labtech
HG-2 (Czech Republic). Arsine was generated from
sample solutions containing 1.5 mol.L−1 HCl using
1 % m/v NaBH4 in 1 % m/v NaOH as reducing agent
after pre-reduction with KI (Bujdoš et al. 2000;
Hagarová 2007).

Analytical procedure accuracy was tested by analy-
ses of certified reference materials (CRM) of plants
NCS DC 73349 (bush branches and leaves) and NCS
DC 73350 (poplar leaves); both from the China National
Analysis Centre for Iron and Steel, Beijing, China.

The residual As concentration in spent media
was determined by galvanostatic dissolved
chronopotentiometry on EcaFlow 150 GLP (Istran,
Slovak Republic). A compact flow-through elec-
trochemical cell type 353c with Pt auxiliary, Ag/
AgCl reference and ET-Au working electrode was
utilized (Istran, Slovak republic). Spent media
were acidified prior to analysis with 0.1 mol.L−3

HCl and dissolved As was quantitatively oxidized
by addition of 0.01 mol.L−3 KMnO4 excess
(Lešková et al. 2013).

3 Results and Discussion

Total biomass As significantly increased during 15-day
cultivation of the A. niger strain in initial 90 mg.L−1

iAs(III) concentration; attaining 1.4 mg.g−1 accumula-
tion capacity (Fig. 2). In contrast, A. niger accumulation

of arsenate with initial concentration of 75 mg.L−1 was
only 0.055 mg.g−1 in comparison to Mukherjee and
Bhattacharya (2001) experiment. This could be contrib-
uted to different arsenate and arsenite uptake mecha-
nisms, preferentially transported by different membrane
transporters (Maciaszczyk-Dziubinska et al. 2012).
However, in the presence of the FeOx amorphous phase,
almost all As was adsorbed onto its surface in initial
cultivation stages, significantly suppressing As bioaccu-
mulation (Fig. 2). A. niger metabolic activity then in-
duced slow As release into the media from FeOx sur-
faces (Fig. 3), increasing the amount of bioavailable As
to 3.13 mg.L−1 after 15-day cultivation (Fig. 4). This is
considerably higher than inorganic As release triggered
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by natural FeOx dissolution in the absence of A. niger
(Fig. 4). Here, the As average concentration in medium

surrounding FeOx was less than 0.128 mg.L−1. This
confirms the significant influence of filamentous fungus
on As release from FeOx clearly identified in Fig. 3.

The previously mentioned leaching effect is general-
ly mediated by extracellular products via three different
mechanisms: (1) lowering the medium pH value of the
medium and inducing dissolution of the substrate that
binds the pollutant, (2) forming organometallic com-
plexes which are readily dissolved in the medium and
(3) competing for sorption positions on the substrate
surface (Burgstaller and Schinner 1993). Here, we ob-
served significantly low pH in the media only on the
second day of cultivation (Fig. 5a). The medium pH
then readily increased to its final value of 7 to 7.5. This
is explained by imbalance in acidic metabolite produc-
tion and its enhanced consumption in later cultivation
stages, reducing acidic FeOx dissolution efficiency. It
has been reported, however, that oxalate acid production
is highly effective even in the 5 to 8 pH range (Ruijter
et al. 1999), which correspond to media pH after the
second cultivation day. Strains of A. niger are common-
ly applied in commercial organic acid production
(Magnuson and Lasure 2004), especially for citrate
and oxalate produced to maximum concentration of
200 mmol.L−1 in similarly designed experiments
(Santhiya and Ting 2006). Therefore, we conclude here
that the As release from FeOx is significantly enhanced
by microbial organic acid production or competition of
metabolites with arsenic for sorption positions on the
FeOx surfaces, rather than by acidic FeOx dissolution.

Surprisingly, the amount of biovolatilized As during
cultivation of A. niger is comparable in both FeOx
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presence and absence (Fig. 6). Therefore, it can be
concluded that the limiting step for As biovolatilization
is fungal metabolic capacity, rather than efficient As
release from FeOx into the surrounding media (inset
Fig. 6). The amount of biovolatilized As increased
steadily and reached its maximum on the last day of
cultivation, and the As loss from cultivation system was
considerably high with average value of 1.8 mg.

Biomass increase was more significantly influenced
in the presence of FeOx than iAs(III), and only a small
biomass dry weight reduction was observed during cul-
tivation in the presence of iAs(III) compared to the
control (Fig. 5b). While FeOx presence slightly en-
hanced fungal growth on the 10th day of cultivation, it
proved more toxic in early growth stages than iAs(III).
Subsequent release of As from the FeOx surface into the
medium was shown in biomass weight decrease (Fig. 3).

4 Conclusions

The A. niger fungal strain releases arsenite from the
FeOx surface. This mechanism is most likely controlled
by the production of organic chelating ligands, rather
than by acidic FeOx dissolution. After 15-day fungal
cultivation in the presence of FeOx with pre-adsorbed
iAs(III), almost 1.8 mg As was released into the sur-
rounding culture media, accumulated and subsequently
transformed into its volatile derivatives. Our results
confirm that fungal biovolatilization activity is con-
trolled by specific biovolatilization rate of the strain
itself and not by desorption of As from FeOx. This
indicates the biogeochemical significance of fungi in
As interaction with FeOx affected by their activity. This
includes the production of exo-metabolites which in-
duce As leaching from FeOx surfaces and As biotrans-
formation into volatile derivatives following its uptake.
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Abstract Mutual sorption interactions between heavy
metals, humic acids and fungi were evaluated in this
article. While the relative amount of sorbed As(V),
Sb(III) and Pb(II) slightly decreased or remained un-
changed, the sorption capacity of Zn(II) increased sig-
nificantly with increasing amounts of immobilized hu-
mic acids in the Ca-alginate beads. Therefore, zinc is
most likely preferentially sorbed to functional groups
provided by humic acids rather than carboxyl or hydrox-
yl groups of alginate, with an optimum pH for uptake
between 4 and 6. Nevertheless, the removal efficiency
of metal(loid)s by unmodified Ca-alginate beads or
those with humic acids modification was highest for
Pb(II), at up to 93.5 %. The pH value also affects humic
acids sorption properties on microbial surfaces. While
the highest humic acids sorption capacity of mycelial
pellets prepared from Aspergillus niger occurred at
pH 8.5 (231 mg g−1), the pelletized Aspergillus clavatus
biomass was more effective in acidic solution and
199 mg g−1 was recorded there at pH 5.5. The effect
of mutual interactions between humic acids and myce-
lial pellets on Zn(II) immobilization indicates that zinc
affinity is higher for the fungal surface than for humic
acids which do not supply sufficient active sorption sites
for zinc. This resulted in less sorption capacity of the
mycelial pellets modified with humic acids compared to
the unmodified biomass.

Keywords Humic acids . Fungi . Toxicmetals .

Biosorption

1 Introduction

Humic acids (HA) are complex natural acidic organic
macromolecules with highly variable chemical compo-
sition and diverse active functional groups (Hladký et al.
2013). This enables intensive interaction with various
soil phases (Arias et al. 2002) and soil organisms, in-
cluding filamentous fungi (Vuković et al. 2008). Their
exceptional sorption properties modulate the mobility of
various elements in the natural environment, including
potentially toxic metal(loid)s (Barančíková and
Makovníková 2003). Therefore, humic acids can act as
a natural barrier to limit organisms' sorption, uptake and
accumulation of toxic metal(loid). Although mutual in-
teractions between mineral phases, humic acids and
toxic substances have been extensively studied in recent
years (Badora 2012; Gardošová et al. 2011; Liu et al.
2011), the influence of humic acid-coated microbial
biomass on the mobility of toxic metal(loid)s is omitted
in literature.

The main object of this study is to evaluate the
sorption properties of humic acids for the surfaces of
two common fungal strains (Aspergillus niger and
Aspergillus clavatus) and for the selected metal(loid)s
(Pb(II), Zn(II), As(V) and Sb(III)). Concurrently, the
effect of mutual interactions between humic acids
and mycelia on immobilization of heavy metals is
also examined.
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2 Materials and Methods

2.1 Chemicals and Reagents

The sodium alginate and humic acids were purchased
from Sigma-Aldrich Chemie (Germany). Stock solu-
tions of As(V), Zn(II), Sb(III) and Pb(II) were prepared
in deionized water by dissolution of Na2HAsO4.7H2O
(Fisher Scientific, UK), Zn(NO3)2.6H2O (Slavus,
Slovakia), C4H4KSbO7.0.5H2O (Centralchem,
Slovakia) and Pb(NO3)2 (Slavus, Slovakia).

2.2 Alginate Beads Preparation

Both pure alginate beads and beads with immobilized
humic acids were prepared by dropping a 2 % (w/v)
sodium alginate solution or a combined sodium alginate
and dissolved humic acids solution (5–30 %) to a gently
stirred 2 % (w/v) CaCl2 solution at 25 °C. The cross-
linking spherical products of both the pure Ca-alginate
beads and those treated with immobilized humic acids
had average diameter of approximately 2 mm. They
were left in solution overnight at 4 °C, then collected
by filtration and washed several times with distilled
water and finally weighed for the following sorption
experiments.

2.3 Sorption of Metal(loid)s onto Ca-alginate Beads
with Immobilized Humic Acids

The metal(loid) stock solutions of Zn(II), Pb(II), As(V)
and Sb(III) were diluted in distilled water to a final
concentration of 500 mg L−1, and 5 mL of this solution
was added to 100 mL of distilled water and stirred at
120 rpm. This was done in 250 mL Erlenmeyer flasks
with ≈0.08 g unmodified alginate beads or alginate
beads modified with humic acids at 25 °C for 24 h, until
equilibrium was reached. The samples were then
filtered, and the total concentration of metal(loid)s
was determined by FAAS (Perkin-Elmer 1100) in
filtrate. The effect of pH on the sorption properties
of humic acids immobilized in alginate beads for
Zn(II) was then examined. After adding in 5 mL
of Zn(II) solution, the pH was then adjusted from
3 to 9 by 1 M HCl or NaOH before the addition
of modified or unmodified beads. All experiments
were run in triplicate.

2.4 Biosorbent Preparation

Fungal strains of A. clavatus and A. niger were isolated
from an indoor environment in Slovakia (Piecková
and Jesenská 1998) and maintained on agar slants
at 4 °C. Fungal conidia were harvested from 7-day
old colonies cultivated at 25 °C on Sabouraud dex-
trose agar plates (HiMedia, India). The agar surface was
rinsed in sterile deionised water, and 5 mL spore suspen-
sion diluted to approximately 106 CFU mL−1 was
inocululated into 100 mL of culture medium (Sabouraud
dextrose broth; Himedia, India) and incubated on a
rotary Unimax 2010 shaker (Heidolph, Germany) in
Erlenmeyer flasks at 120 rpm and 25 °C. Following
3-day incubation, the spherical mycelial pellet bio-
mass was harvested by filtration and washed thor-
oughly in distilled water to remove any growth medium
adhered to its surface.

2.5 Biosorption of Humic Acids onto the Fungal
Biomass

Mycelial pellets of 10 g wet weight were mixed with
50 mL of 0.1 M phosphate buffer solution. The pH was
adjusted to 5.5, 7 or 8.5 in 250 mL Erlenmeyer flasks,
and 5 mL of stock humic acids solution with concentra-
tions ranging from 50 to 450 mg L−1 was then added.
Flasks were agitated on a rotary shaker at 120 rpm and
25 °C for a maximum of 20 h to ensure that sorption
equilibrium was reached. After predetermined time pe-
riod, the mixture was filtered through a 0.45 μm mem-
brane filter and the residual concentration of humic
acids in the filtrate was determined at 410 nm by SP-
300 spectrophotometer (Optima, Japan). The wet humic
acid modified fungal biomass was washed in a small
amount of deionized water and used as biosorbent in
following experiments. All sorption experiments were
run in triplicate and processed in the dark to prevent
humic acid photo degradation (Dziedzic et al. 2010).
Finally, biomass without altered surface was prepared
for control experiments.

2.6 Biosorption of Zn(II) onto HA Mycelial Pellets

Mycelial pellets with a known concentration of humic
acids adsorbed onto their surface were used for experi-
ments on Zn(II) biosorption. Individual flasks were
placed on a rotary shaker at 120 rpm for 24 h. These
contained 10 g of unmodified or modified wet biomass,
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50 mL of distilled water and 5 mL of Zn(II) stock
solution with initial concentrations of 5 to 20 mg L−1.
After membrane filtration, the residual content of Zn(II)
in the filtrate was determined by ICP-OES on Jobin
Yvon 70 Plus (Longjumeau, France). All experiments
were run in triplicate, and control experiments were
conducted without either biomass or Zn(II).

3 Results and Discussion

3.1 Metal(loid) Sorption onto Ca-alginate Beads
with Immobilized Humic Acids

Removal efficiency of metal(loid)s by unmodified or
humic acid modified Ca-alginate beads was highly ef-
fective for Pb(II) (Fig. 1b) while removal of zinc, arsenic
and antimony was significantly lower (Fig. 1a). This
difference in metal ion binding capacity may be due to
both the metal(loid) and sorbent properties, including
their structure and reactive sites (Arica et al. 2004). If we
initially conclude that the increasing amount of humic

acids provide additional active sites for the sorption of
studied elements, we would be correct, because humic
acids are composed of the same functional group types
(carboxylic and hydroxyl groups) responsible for algi-
nate beads' removal of heavy metals (Kleinübing et al.
2011). However, when the sorption capacity of compos-
ite sorbent, expressed as the amount of metal(loid)
immobilized by unitary sorbent mass was calculated as
in Fig. 2, the relative amount of sorbed As(V), Sb(III)
and Pb(II) slightly decreased or remained unchanged
and showed a weak correlation with increasing concen-
tration of immobilized humic acids in the alginate beads.
Therefore, the increased metal(loid) removal efficiency
in Fig. 1 should be attributed to an increase in the total
mass of composite sorbent rather than to the direct effect
of humic acids or their chemical composition. In gener-
al, the sorption capacities of the modified alginate beads
for the examined metal(loid)s had the following order:
Pb(II)>Zn(II)>Sb(III)>As(V). Similar behaviour to
this has been reported by other authors (Li et al. 2010;
Papageorgiou et al. 2006; Wu et al. 2012).

However, zinc behaved differently, and our experi-
mental results clearly indicate that the sorption capacity
increased with increasing amount of immobilized humic
acids in the Ca-alginate beads (Fig. 2). This is attributed
to the different removal mechanism of Zn(II) which
preferentially binds to groups other than carboxylic or
hydroxyl ones. Research by Kleinübing et al. (2013)
indicates that the preferential sorption sites of zinc are
sulphate and amino groups, which are also standard
constituents of humic acids, while the pure alginate
extract does not include these functional groups.
Therefore, we concluded that zinc has the highest affin-
ity for the humic acids in selected potentially toxic
metal(loid)s. This conclusion was applied in the follow-
ing experiments.

3.2 pH Influence on Zn(II) Sorption

The inflex point of Ca-alginate beads occurs at
pH 3 to 4 (Veglio et al. 2002). Because of the signif-
icant protonization of functional groups responsible for
Zn(II) binding, the affinity of Zn(II) to the alginate
beads' surface is negligible at or below these pH values
(Fig. 3a). However, when humic acids are introduced,
the sorption capacity of composite material for zinc
increased significantly in the examined pH range. This
is due to both the different compositions of sorption sites
in the composite sorbent and the different response of
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Fig. 1 Metal(loid) removal efficiency (S%) at 120 rpm and 25 °C
as affected by increased humic acids concentration (cHAp) in the
composite Ca-alginate sorbent. Initial concentration of each met-
al(loid) in water solution was 50 mg L−1
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humic acids to pH (Gardošová et al. 2012). Although
composite sorbent capacity increased steadily with in-
creasing pH, our research data on the sorption capacity
of sole humic acids suggested that the optimum pH for
Zn(II) sorption lies between pH 4 and 6 (Fig. 3b).

3.3 Humic Acids Biosorption onto Mycelial Pellets

Equilibrium sorption experiments were conducted to
evaluate the sorption capacity and affinity of humic
acids for the surface of mycelial pellets prepared from
A. niger and A. clavatus strains. Experimental data for
humic acids sorption onto pelletized fungal biomass of
A. niger and A. clavatus are presented as a functional
dependence on the equilibrium concentration of humic
acids in solution at three different pH's (Figs. 4 and 5).
These data are described by Langmuir (1) and
Freundlich (2) empirical isotherm models in the follow-
ing equations:

Seq ¼ CeqKLSmax
1þ KLCeq
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Fig. 2 Influence of differ-
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Seq ¼ K FC
1=n
eq ð2Þ

where, Seq is the humic acids uptake by biomass
(mg g−1), Smax represents the maximum humic acids
uptake at defined pH and temperature (mg g−1), Ceq is
the equilibrium humic acids concentration in solution
(mg L−1), KL (L mg−1) is the Langmuir constant for
sorbate to sorbent affinity, KF is the Freundlich constant
(L g−1) related to sorption capacity of the biomass when
the equilibrium concentration of sorbate in solution is
unitary and n is the constant for binding site heterogeneity.

The Levenberg–Marquardt method was used to de-
termine fitted parameters, and results were expressed by
the Langmuir and Freundlich model with relatively
good correlation coefficient values. These ranged from
0.84 to 0.99, thus indicating that both isotherms were
suitable for data description. The values of both iso-
therm models constants and their respective correlation
coefficient are presented in Tables 1 and 2.

Vuković et al. (2008) reported that the A. niger strain
exhibited the highest humic acids sorption efficiency of
all their applied fungal strains. Their quoted KF

3.2 L g−1 value most likely results from A. niger's loose
hyphal network which enables sorption in both its exte-
rior and interior mycelial layers. Our results show higher
A. niger and A. clavatus sorption capacity for humic
acids, with Freundlich constant values up to 26.1 L g−1.
However, despite the high correlation coefficient of the
Freundlich isotherm fit, the unitary equilibrium concen-
tration of humic acids in solution applied in the KF

calculation is far below the experimental equilibrium
concentration range (Figs. 4 and 5). This renders it
unsuitable for data interpretation, and the constants cal-
culated from the Langmuir isotherm are more realistic.

Although the Smax constants of both A. niger and
A. clavatus are relative similar, they differ slightly in
response to pH, where the maximum sorption capacity
of A. niger is higher under alkaline conditions
(231 mg g−1) and the removal efficiency of humic acids
by A. clavatus is higher in acidic pH (199 mg g−1 at
pH 5.5). This may be caused by differences in their
functional groups responsible for humic acids sorption
and the degree of surface ionization affecting microbial
biomass sorption (Pagnanelli et al. 2003). Although the
affinity of humic acids for A. clavatus’s mycelial surface
expressed by the KL Langmuir constant in Table 1 was
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Table 1 Langmuir isotherm parameters calculated for humic
acids sorption onto Aspergillus clavatus mycelial pellets

pH Langmuir isotherm Freundlich isotherm

KL (L mg−1) Smax (mg g−1) R2 KF (L g−1) n R2

5.5 0.02 199 0.94 14.0 2.0 0.98

7 0.01 195 0.84 8.6 1.9 0.84

8.5 0.02 163 0.93 12.9 2.2 0.98

Table 2 Langmuir isotherm parameters calculated for humic
acids sorption onto Aspergillus niger mycelial pellets

pH Langmuir isotherm Freundlich isotherm

KL (L mg−1) Smax (mg g−1) R2 KF (L g−1) n R2

5.5 0.08 134 0.96 26.1 3.1 0.84

7 0.02 200 0.86 11.6 2.0 0.95

8.5 0.01 231 0.99 11.3 1.9 0.96
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not affected by pH changes, A. niger's reaction of higher
KL values with decreasing pH indicated high removal
efficiency of humic acids in diluted solutions (Table 2).

3.4 Zn(II) Biosorption onto Humic Acid Modified
Mycelial Pellets

The efficient immobilization of heavy metals by myce-
lial surfaces (Jalili Seh-Bardan et al. 2013) can be sig-
nificantly altered by the presence of other ions or mol-
ecules, including humic acids. Although humic acids
adsorption onto mineral phase surfaces (Arias et al.
2002) or their presence in the adsorption system (Lai
et al. 2002) enhanced the removal efficiency of bivalent
heavy metals, the increasing amount of adsorbed humic
acids on A. niger's mycelial pellet surfaces affected the
fungal sorption capacity for Zn(II) differently. Figure 6
highlights the same pattern for all initial Zn(II) concen-
trations, clearly indicating decreased sorption capacity
for zinc compared to the unmodified control, especially
when the sorbed humic acid concentration on the bio-
mass is under 45mg g−1. Although the sorption capacity
increases above this value, it was not significantly
higher than the sorption capacity of native, unmodified
mycelial pellets. These values were 0.89, 1.22 and
1.24 mg g−1 for initial zinc concentrations of 5, 10 and
20 mg L−1, indicating surface saturation at higher Zn(II)
concentrations. Therefore, we assume zinc affinity is
higher for fungal surfaces than for humic acids which
do not supply sufficient active sorption sites for zinc.
Although fungal surface sorption sites are most likely
blocked after humic acids adsorption, these preferential
sorption sites are also located on humic acids but at
lower concentration (Fig. 2). Therefore, their increased
concentration on the mycelial surface facilitated Zn(II)
sorption.

4 Conclusions

This paper highlights that investigation of mutual sorp-
tion interactions between humic acids and microbial
surfaces is extremely important for understanding the
mobility of potentially toxic metal(loid)s in the environ-
ment. While the fungal biomass constitutes a surface
with high affinity for humic acids, it is highly likely that
the humic acids pre-adsorbed on the microbial surfaces
do not significantly contribute to their mobility because
of the low sorption capacity of humic acids for As(V),

Sb(III) and Pb(II). In contrast, humic acids provide
preferential sorption sites for Zn(II), enabling increased
sorption capacity with increasing amount of humic acids
immobilized in Ca-alginate beads. Optimum uptake
here occurs at pH between 4 and 6. However, the effect
of mutual interactions between humic acids and myce-
lial pellets on Zn(II) immobilization indicates that zinc
affinity is higher for the fungal surface than it is for
humic acids. These do not provide sufficient active zinc
sorption sites, thus resulting in the decreased sorption
capacity of mycelial pellets modified with humic acids
compared to the unmodified biomass.
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ABSTRACT 

The purpose of this work was to evaluate the effec-
tiveness of one-step bioleaching process applying static 
cultivation which involves microbial leaching of heavy 
metals using filamentous fungus Aspergillus niger, com-
pared to acidic/chelating extraction with oxalic and citric 
acids. The e-waste, used in this study, consisted of pulver-
ized parts from desktop computer and mobile phone fabri-
cated between 1999 and 2002. The e-waste particles with 
size distribution between 0.01 µm and 150 µm were char-
acterized by scanning electron microscopy (SEM) and 
energy dispersive X-ray analysis (EDS), and divided into 
three groups based on their shape and morphology. After 
42-day bioleaching treatment, the leachates were analyzed 
for heavy metal concentrations using controlled automatic 
laboratory analyzer EcaFlow. The bioleaching experiment 
has shown that the fungus A. niger was capable to mobilize 
68.3% of Cu and 27.9% of Pb. According to results, citric 
acid (50 mM) was confirmed as the most efficient leaching 
chemical agent that reached more than 65% of Cu, 70% of 
Cd, 90% of Zn and 90% of Pb released into the solution. 
Our results suggest that using of the A. niger strain, citric 
and oxalic acids is appropriate application procedure for 
pre-treatment or final stage of e-waste treatment.  

 
 
 

KEYWORDS: Bio-hydrometallurgy, electronic waste, organic 
acids, Aspergillus niger, heavy metals 

 
 
 
1. INTRODUCTION 

While the demands for heavy metals are ever increas-
ing, the worldwide reserves of high-grade ore are diminish-
ing. Therefore, the permanent pressure for metal recovery 
will manifest in global political, technological, economical, 
and environmental changes in the near future [1, 2]. 
 
* Corresponding author 

One of the most promising resources for recovery of 
valuable metals come from spent industrial materials which 
have relatively short lifetimes, such as electronic waste – e-
waste (components of computers, mobile phones etc.) and 
other discarded appliances that use electricity (household 
appliances, lighting equipment etc.) [3]. From the point of 
material composition, e-waste can be defined as untypical 
mixture of various metals, attached to, covered with, or 
mixed with various types of plastics, ceramics and batter-
ies [4, 5]. E-waste contains precious metals, such as Au, 
Ag and platinum group metals, as well as potential envi-
ronmental inorganic (e.g. Pb, Sb, Hg, Cd, Ni) or organic 
(e.g. polybrominated diphenyl ethers and polychlorinated 
biphenyls) contaminants [5,6]. The recovery of metals from 
e-waste seems to be very profitable, because of their con-
centration that is more than tenfold higher when compared 
to commercially mined polymetallic ores [2,3]. Furthermore, 
the rapid development of new computer technology, espe-
cially in respect to continual changes in its elemental and 
intermetallic alloy composition year after year, provides 
progressive opportunity in this field [7]. 

 
For successful recovery of various metals, the choice 

of effective and commercially advantageous process for 
metal releasing from e-wastes is very important. How-
ever, the traditional chemical or electro-chemical proc-
esses used for leaching of metals from e-wastes have 
direct or indirect negative impact on the environment and 
human health [8-11]. On the other hand, the biohydro-
metallurgical processing methods are environmentally 
friendly due to their low energy requirements, low gas 
emission and waste generation. The biological leaching 
(bioleaching) belongs to such processes, based on the ap-
plication of growing microorganisms or pure microbial 
metabolic exo-products with metal-chelating, redox or acidic 
properties. Also, various intracellular microbial processes 
may contribute to metal release [12-17]. Due to their 
adaptability to toxic concentrations of metals and great 
diversity in metabolic production, the filamentous fungi are 
finding increased application in these processes [18,19], 
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though the autotrophic bacteria, which are more susceptible 
to elevated metal concentrations, are applied more often 
[20]. Besides the applied microorganism, the other impor-
tant aspects of bioleaching treatment are the morphology 
and particle size distribution, its pulp density, surface 
area, initial pH, or other operating parameters [21] and if 
the one-step (e-waste suspended in culture medium is 
inoculated with microorganism) or two-step (bioleaching 
of e-waste is applied after pre-culturing of microorgan-
ism) bioleaching, usually under dynamic conditions (e.g. 
stirring or flow-thorugh method), was applied. However, 
there is a lack of literature relating to one-step (bio)leaching 
under the static condition. If the effectiveness of non-
dynamic bioleaching was proved, it should provide the 
technology economically advantageous.  

This is the reason why the main purpose of this work 
was to evaluate the effectiveness of common fungal prod-
ucts, the citric and oxalic acids, and the Aspergillus niger 
strain to leach different heavy metals (Cu, Pb, Zn and Cd) 
from discarded electronic waste by application of one-
step (bio)leaching under static cultivation conditions 
during the relative long time period. The morphological 
characteristic of the powder prepared from e-waste was 
also investigated. 

 
 
2. MATERIALS AND METHODS 

2.1 E-waste components 

The e-waste components used in the (bio)leaching 
experiments consisted of various personal computer and 
mobile phone parts and components, including mother-
boards, expansion cards, floppy disk, hard disk and com-
pact disk drives, collected from the desktop computer 
with Pentium II and Pentium III CPU and mobile phone 
Nokia manufactured during the late 1999 to 2002. 

The used scrap was subjected to mechanical separa-
tion process, crushed and then grounded to a fine powder 
according to method described by Ilyas et al. [15]. This 
sample was subsequently used for component analysis 
and (bio)leaching experiments. Prior to the total metal 
concentration analysis, the dried and powdered e-waste 
material was digested in concentrated nitric acid. Acid 
extraction of metals was accelerated at higher temperature 
as described by Medveď et al. [22]. The total content of 
desired metals in the e-waste powder is given in Table 1. 
Before leaching treatments, particle size distribution, shape, 
and morphology of representative sample of e-waste was 
examined by scanning electron microscopy (SEM, JXA 
840 A, JEOL, Japan) and energy dispersive X-ray micro-
analysis (EDS) were carried out to determine elemental 
composition [23, 24]. For this purpose all samples were 
coated with carbon.  

 
2.2 Fungal strain 

The mould fungal Aspergillus niger strain was ob-
tained from a dwelling indoor environment in Slovakia 

[25], and was maintained on Sabouraud agar (HiMedia, 
Mumbai, India) in the dark at room temperature. As in-
oculum for bioleaching experiments, the spores, washed 
by the 5 ml of sterile water from the mycelium surface of 
the 14-day old culture, were used. 

 
2.3 Microbial and chemical leaching of e-waste 

Prior to the (bio)leaching procedure, e-waste sample 
was sterilized in a hot air oven at 60 °C for 24 hours. 
According to preliminary experiments, the A. niger strain 
had the best bioleaching capability from various tested 
fungal strains, when applying one-step bioleaching (e-
waste suspended in culture medium is directly inoculated 
with microorganism [26]) with pro-longed static cultivation 
in the dark under laboratory conditions. If not stated other-
wise, all experiments mentioned here were replicated at 
least in three runs. At the first stage, 42-day long one-step 
bioleaching in the dark under laboratory conditions was 
carried out in sterile 250 ml Erlenmeyer flasks containing 
0.3 g of e-waste and 80 ml of the Sabouraud broth media 
(HiMedia, Mumbai, India). The culture medium was 
inoculated with a 5 ml spore suspension harvested from 
14-day old culture of A. niger strain, as mentioned above. 
During the static cultivation of fungus incubated on the 
culture medium supplemented with e-waste, the pH value 
of culture medium was measured every 6 day. Due to 
effort to maintain similar initial pH of medium in one-step 
(bio)leaching and control experiments, the pH value of 
control (distilled water) with no fungal growth was ad-
justed to 5.6 ± 0.1 using 0.1 M HCl. 

The bioleaching efficiency was compared to 42-day 
long chemical leaching by 0.05 M oxalic or 0.05 M citric 
acids (Centralchem, Slovak Republic) with e-waste/ solu-
tion ratio 0.3 g / 80 ml, incubated under the same condi-
tions as the bioleaching experiment. After (bio)leaching 
treatment, the solid residues were filtered by KA2 mem-
brane filter (FILPAP, Czech Republic) and leachate solu-
tion was analyzed for the concentration of extracted met-
als using analyzer EcaFlow. 

 
2.4 Chemical analysis 

The content of heavy metals (lead, copper, zinc and 
cadmium) in leachate was measured by galvanostatic dis-
solved chronopotentiometry (EcaFlow 150 GLP; Istran, 
Slovak Republic) as described by Urminská et al. [27].  

 
 
3. RESULTS AND DISCUSSION 

3.1 E-waste characteristics 

Scanning electron micrographs of e-waste (Fig. 1) 
demonstrated noticeable differences in particle morphol-
ogy and relatively wide particle size distribution ranging 
from 0.01 µm to 150 µm. Based on the shape and mor-
phology, the three distinguish categories of particles in e-
waste powder may be characterized. First type is charac-
teristic for isometric shape with perfect morphology of 
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planes with average size distribution around 10 – 30 µm. 
Second type represents various spherical and non-ideal 
shapes with disruption planes and inhomogeneous mor-
phology. Typical size dimension is approximately from 
40 µm to 100 µm. The third variant is needle-like shape 
with dominant longer-size spherical prismatic plane (maxi-
mum size 150 µm).  

 

 
FIGURE 1 - Scanning electron micrograph of electronic waste 
before leaching treatment. 
 

The e-waste comprised of various potentially toxic 
metals, as being shown in Fig. 2, including Cu, Al, Pb, 
Sn, Fe, Co and Ni. However, the (bio)logical leaching 
only of some most abundant and environmentally harmful 
heavy metals is presented in this paper, including Pb, Cd, 
Zn and Cu. Prior one-step (bio)leaching experiments, their  

total concentration in e-waste was determined (Table 1) 
and as suspected, the major metal was found to be copper 
(7.77 mg/kg), followed by lead, which are used for its 
conductive properties and for soldering or preventing 
oxidation, respectively. Their relative low concentration, 
when compared to other reports [28, 29], should be attrib-
uted to the relatively high content of non-metallic compo-
nents (Fig. 2). 

 
TABLE 1 - Chemical composition of the obtained e-waste powder 
after mechanical treatment 

Metals/Elements Chemical analysis of metals/elements  
content in e-waste (mg/kg) 

Cu 7.77 
Pb 5.61 
Zn 2.82 
Cd 0.05 

 
3.2 (Bio)leaching experiment 

The significant leaching efficiency of heavy metals 
from e-waste by the A. niger strain in one-step bioleach-
ing, when compared to control experiment or chemical 
leaching, was confirmed. The concentrations of Pb, Cd, 
Zn and Cu in collected culture medium after 42-day incu-
bation of fungus at presence of e-waste are presented in 
Table 2. In view of some other similar experiments, con-
ducted by e.g. Brandl et al. [14], the one-step bioleaching 
should be considered as insufficient. For example, while 
the relative efficiency of biologically induced extraction 
of copper, lead, cadmium and zinc, presented in this pa-
per, was 68.2%, 27.9%, 21.9% and 4.1%, respectively, 
the efficiency of the same fungus in Brandl’s work was 
similar. But when Brandl et al. [14] used (commercially ob-
tained A. niger metabolite) 2.5 M gluconic acid, suggesting 

 
 

 
 

FIGURE 2 - Qualitative analysis of electronic waste from Fig. 1. before leaching treatment. The main components were Si, Al, Cu, Pb, Sn, 
Ca, Fe, Co, Ni (EDX). 
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TABLE 2 - Content of the mobilized of heavy metals by microbial leaching with Aspergillus niger strain and chemical leaching with 0.05 M 
oxalic acid and 0.05 M citric acids and distilled water from electronic scrap. Metal concentrations were showed in mg.l-1 and metal content 
was expressed as a percentage in appropriate column. 

 Aspegillus niger Oxalic acid Citric acid H2O 
Metal [mg.l-1] [%] [mg.l-1] [%] [mg.l-1] [%] [mg.l-1] [%] 

Cu 5.27 ± 0.21 68.27 1.02 ± 0.04 13.28 5.24 ± 0.19 67.45 0.007 ± 0.0005 0.09 
Pb 1.56 ± 0.09 27.92 0.41 ± 0.01 7.43 5.13 ± 0.24 91.42 >0.01 0.01 
Zn 0.11 ± 0.02 4.08 0.05 ± 0.001 1.82 2,59 ± 0.13 91.99 0.01 ± 0.001 0.45 
Cd 0.01 ± 0.005 21.90  0.02 ± 0.005 38.92 0.04 ± 0.001 70.8 >0.01 0.1 

 
 
 

that for more efficient mobilization of metals, leaching 
procedure is appropriated where microbial activity and 
biomass production is separated from metals bioleaching, 
the leaching test resulted in almost complete solubilisa-
tion of the available heavy metals in scrap material. How-
ever, this concentration of organic acid is relatively con-
troversial. According to Aung and Ting [30] among the 
main organic acids produced by A. niger (oxalic, citric and 
gluconic), the main leaching agent of heavy metals from 
spent catalyst was citric acid, which was produced at con-
centrations of approximately 57 mM after 14 days. Simi-
larly Amiri et al. [21] found out that the concentration of 
gluconic acid (which did not exceeded the concentration 
of ~370 mM) dropped significantly after 7 day of cultiva-
tion and slightly reached relatively stable concentration 
level of citric acid (~50 mM). At last, the results of bio-
leaching of refinery processing catalyst presented in paper 
of Santhiya and Ting [26] suggest that the effect of two-
step bioleaching may be over-exaggerated and the leach-
ing process is more significantly affected by the pulp den-
sity and particle size. Therefore, if the method of bioleach-
ing should be cost effective, simplistic and eco-friendly, the 
application of bioengineered microorganisms with enhanced 
organic acid production and purified or preconcentrated 
microbial extracts should not be considered as alterna-
tives. 

As can be seen from control experiments presented in 
Tab.2, under slightly acidic conditions (pH 5.6) of pure 
water solution, the leached amount of Cu, Pb, Zn and Cd 
from e-waste was negligible, which should be regarded to 
necessity of the presence of chelating or strongly acidic 
agent produced by fungus or added as chemical entity in 
effective biologically induced or chemical leaching [3]. 

Another issue regarding extraction efficiency is the 
cultivation period. Although some authors incubated fungi 
longer than presented paper (e.g. Santhiya and Ting [30] or 
Xu and Ting [19] for 60 day) and the pro-longed period 
resulted in higher leaching efficiency, several bioprocesses, 
such as bioaccumulation, biovolatilization and biologically 
induced precipitation and intracellular sequestration of 
metals may affect the total amount of metal leached [17-19, 
31-32]. To investigate the possible influence of direct mi-
crobial activity on the leaching efficiency, the chemical 
leaching using main organic metabolites with concentra-
tions reflecting the real microbial production should be 
applied. Previously presented information regarding the 

production of organic acids by filamentous fungus A. 
niger [21, 26, 30] were sufficient to decide to apply the 
0.05 M citric and oxalic acids as chemical leaching agents 
in this experiment, considering this concentration in the 
range of biologically produced acids by applied fungal 
strain. 

The best metal leaching efficiency was reached by us-
ing of citric acid solution, which extracted approximately 
67.4% of Cu, 91.4% of Pb, 70,8% of Cd and almost 92% 
of Zn from e-waste, as presented in Table 2. The similar 
results were obtained by using citric acid solution from 
printed circuit boards, sewage sludge and black shale [5, 
17, 33]. Whereas the chemical leaching efficiency of cop-
per from e-waste was comparable to that of fungus, the sole 
chemical leaching of lead, zinc and cadmium was signifi-
cantly higher, when the 0.05 M citric acid was applied. 
This may be contributed to various effects, including selec-
tive and effective accumulation/sorption of leached metals 
by fungus during incubation [34], or more probable by the 
lower initial pH of citric acid solution, which was approxi-
mately 1.4 and remained relatively stable throughout the 
experimental period. However, the acidic extraction using 
0.05 M oxalic acid was considerably lower, which is at first 
sight, almost contradictive to our previous statement, if the 
pH of the solution is taken under consideration. The initial 
pH value of oxalic acid solutions was 0.66, which should 
imply more efficient leaching. However, according to 
results, oxalic acid was capable of mobilizing only 1.8% 
of Zn, 38.9% of Cd, 7.4% of Pb and 13.3% of Cu. Similar 
outcome of releasing heavy metals were gained using ox-
alic acid up to concentration of 0.5 M from alkaline zinc-
carbon batteries, chromated copper arsenate and sewage 
sludge [35-37]. The higher concentration of dissolved 
heavy metals can be achieved through the formation of 
stable metal-citrate complexes and their low ability to form 
crystal phases [5, 33], unlike in case of oxalic acid, which 
has stronger ability to form crystalline phase (precipitates) 
in form of metal oxalates [35,37]. Although the complexa-
tion constants for metal-oxalate and metal-citrate have 
almost similar magnitude such as Zn-oxalate and Zn-
citrate, most of the oxalate in solution has capability to 
preferentially form precipitates as proposed by Burckhard 
et al. [38].  

In case of bioleaching, the possible process of metal 
precipitation affecting the leaching efficiency seems to be 
more complex and relates to broad range of interactions 
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of microbial surface and metabolites with dissolved met-
als in culture medium, including changes in pH value 
during fungal incubation. 

The pH of solution is one of the most significant fac-
tors which play a key role in the (bio)leaching processes. 
For example, while the citric acid (maximum ~ 60 mM) is 
produced more efficiently under acidic conditions (pH 3), 
the optimum for gluconic acid production is at pH of 4.5–
6.5, reflecting the activity of glucose oxidase [39]. The 
pH diagram (Fig. 3) demonstrates different trends of the 
pH of culture media during incubation of A. niger strain at 
presence of e-waste. Initial exponential fungal growth 
phase within 5 days of cultivation resulted in rapid decrease 
of the pH of culture medium (pH = 3.9). It could be most 
likely due to extensive production of acidic secondary 
metabolites that had considerable influence on metal releas-
ing from e-waste [14,32]. After the tenth day of cultivation, 
the pH of culture medium steadily increased and reached its 
maximum on the thirtieth day of cultivation. Similarly, 
Amiri et al. [40] marked the 10th day of incubation as the 
end of active growth phase after which the significant de-
crease in concentrations of citric acid in medium was de-
tected, which probable relates to increase of resorption of 
produced organic acids by fungus, which probable relates 
to observed significant increase of the pH of culture me-
dium on the 14th day of incubation. 

 
FIGURE 3 - Changing of the pH during bio-leaching by the Aspegil-
lus niger strain (e-waste + Aspergillus niger) and control experiment 
with distilled water (e-waste + H2O) 

 
The other issue is the application of static cultivation, 

which may result in excretion of different type and amounts 
of secondary metabolites and therefore significant differ-
ences in overall pH values of medium and subsequent 
leaching efficiency, when compared to dynamic cultiva-
tion conditions (e.g. agitation), applied for example by 
Brandl et al. [14]. 

The necessity of the presence of strong chelating or 
acidic chemical species for achieving a reasonable leach-
ing efficiency is evident from Fig. 3. The lower efficiency 

of heavy metal leaching by application of slightly acidi-
fied distilled water (Tab. 2) clearly demonstrates correla-
tion between insignificant changes in the pH value during 
incubation and amount of extracted metals. This outcome 
is in good agreement with research of Brandl et al. [14].  

 
 
4. CONCLUSIONS 

In this paper, the potential application and efficiency 
of one-step bioleaching process during the pro-longed 
static cultivation of A. niger strain at the presence of e-
waste with relatively low concentrations of potentially 
toxic metals, such as zinc, lead, copper and cadmium is 
discussed and compared to sole chemical leaching using 
0.05 M solutions of citric and oxalic acids. Applied citric 
acid solution was confirmed as better leaching agent when 
compared to A. niger strain or oxalic acid leaching effi-
ciency, capable to recovery approximately 70% of Cu and 
Cd and more than 90% of Pb and Zn. The effect of oxalic 
acid and biologically induced leaching on heavy metal 
extraction was less significant and the lower extraction 
efficiency probable relates to formation of precipitated 
oxalates and relative high pH of culture media during 
cultivation of fungus, respectively. According to results, 
the one-step bioleaching during static cultivation may not 
be considered as suitable for extremely efficient metal 
recovery. However, if any method should be applied as an 
alternative way for the first-step or final stage of e-waste 
treatment, the method must remain simplistic and cost 
effective, similarly as presented one-step bioleaching in 
this paper. Interactions between e-waste and microorgan-
isms and their secondary metabolites, such as organic 
acids, could be considered as one of the most progressive 
and environmental friendly, non-toxic and economically 
profitable applications in the biohydrometallurgy. 

 
 
ACKNOWLEDGEMENT  

This research was financially supported by grants and 
projects VEGA 1/0778/11, VEGA 1/0492/11, VEGA 
1/1034/08, VEGA 1/0639/11, APVV LPP-0188-06, 
VEGA 1/0860/11, VEGA 1/0551/12. 

 
The authors have declared no conflict of interest. 
 
 
 
REFERENCES  

[1]  Wong, M.H., Wu, S.C., Deng, W.J., Yu, X.Z., Luo, Q., 
Leung, A.O.W., Wong, C.S.C., Luksemburg, W.J., Wong, 
A.S. (2007) Export of toxic chemicals - A review of the case 
of uncontrolled electronic-waste recycling. Environ Pollut 
149, 131-140. 

[2]  Ongondo, F.O., Williams, I.D., Cherrett, T.J. (2011) How are 
WEEE doing? A global review of the management of electri-
cal and electronic wastes. Waste Manag 31, 714–730. 



© by PSP Volume 22 – No 12a. 2013   Fresenius Environmental Bulletin    

3678 

[3]  Cui, J., Zhang, L. (2008) Metallurgical of metals from elec-
tronic waste: A review. J Hazard Mater 158, 228-256. 

[4]  Santos, M.C., Nóbrega, J.A., Cadore, S. (2011) Determina-
tion of Cd, Cr, Hg and Pb in plastics from waste electrical 
and electronic equipment by inductively coupled plasma 
mass spectrometry with collision–reaction interface technol-
ogy. J Hazard Mater 190, 833–839. 

[5]  Xiu, F.R., Zhang, F.S. (2009) Electrokinetic recovery of Cd, 
Cr, As, Ni, Zn and Mn from waste printed circuit boards: Ef-
fect of assisting agents. J Hazard Mater 170, 191–196. 

[6]  Ma, J., Cheng, J., Wang, W., Kunisue, T., Wu, M., Kannan, 
K. (2011) Elevated concentrations of polychlorinated 
dibenzo-p-dioxins and polychlorinated dibenzofurans and 
polybrominated diphenyl ethers in hair from workers at an 
electronic waste recycling facility in Eastern China. J Hazard 
Mater 186, 1966–1971. 

[7]  Robinson, B., H. (2009) E-wate: An assessment of global 
production and environmnetal impacts. Sci Total Environ 
408, 183-191.  

[8]  Jun-hui, Z., Hang, M. (2009) Eco-toxicity and metal con-
tamination of paddy soil in an e-wastes recycling area. J Haz-
ard Mater 165, 744–750. 

[9]  Lim, S.R., Schoenung, J.M. (2010) Human health and eco-
logical toxicity potentials due to heavy metal content in waste 
electronic devices with flat panel displays. J Hazard Mater 
177, 251–259. 

[10]  Djukic, M., Djunisijevic-Bojovic, D., Grbic, M., Skocajic, 
D., Obratov-Petkovic, D., Bjedov, I. (2013) Effect of Cd and 
Pb on Ailanthus altissima and Acer negundo seed germina-
tion and early seedling growth. Fresen Environ Bull, in press. 

[11]  Avci, H. (2013) Heavy metals in vegetables irrigated with 
wastewaters in Gaziantep, Turkey: a review of causes and po-
tential for human health risks. Fresen Environ Bull, in press. 

[12]  Szymczycha-Madeja, A. (2011) Kinetics of Mo, Ni, V and Al 
leaching from a spent hydrodesulphurization catalyst in a so-
lution containing oxalic acid and hydrogen peroxide. J Haz-
ard Mater 186, 2157–2161. 

[13]  Zhang, Q., He, J., Wang, H., Yang, K., Ma, F. (2013) Labo-
ratory observation on Bacillus cereus enhanced biological 
phosphorus removal (EBPR) performance under anoxic and 
aerobic conditions. Fresen Environ Bull, in press. 

[14]  Brandl, H., Bosshard, R., Wegmann, M. (2001) Computer-
munching microbes: metal leaching from electronic scrap by 
bacteria and fungi. Hydrometallurgy 59, 319-326. 

[15]  Ilyas, S., Ruan, Ch., Bhatti, H.N., Ghauri, M.A., Anwar, 
M.A. (2010) Column bioleaching of metals from electronic 
scrap. Hydrometallurgy 101, 135-140.  

[16]  Gadd, G.M. (2007) Geomycology: biogeochemical transfor-
mations of rocks, minerals, metals and radionuclides by fun-
gi, Bioweathering and bioremediation. Mycol Res 3, 3-49. 

[17] Anjum, F., Bhatti, H.N., Asgher, M., Shahid, M. (2010) 
Leaching of metal ions from black shale by organic acids 
produced by Aspergillus niger. Appl Clay Sci 47, 356–361. 

[18]  Chiang, Y,W., Santos, R.M., Monballiu, A., Ghyselbrecht, 
K., Martens, J.A., Laura, M., Mattos, T. Gerven, T.V., 
Meesschaert, B. (2013) Effects of bioleaching on the chemi-
cal, mineralogical and morphological properties of natural 
and waste-derived alkaline materials. Miner Eng 48, 116-
125.  

[19]  Xu, T.-J., Ting Y.-P. (2004) Optimization on bioleaching of 
incinerator fly ash by Aspergillus niger – use of central com-
posite design. Enzym Microb Tech 35, 444-454.  

[20]  Asghari, I., Mousavi, S.M., Amiri, F., Tavassoli, S. (2013) 
Bioleaching of spent refinery catalysts: A review. J Ind Eng 
Chem 19, 1069–1081.  

[21]  Amiri, F., Mousavi, S.M., Yaghmaei, S., Barati, M. (2012) 
Bioleaching kinetics of a spent refinery catalyst using Asper-
gillus niger at optimal conditions. Biochem Eng J 67, 208–
217. 

[22]  Medveď, J., Streško, V., Kubová, J., Polakovičová, J. (1998) 
Efficiency of decomposition procedures for the determination 
of some elements in soils by atomic spectroscopic methods. 
Fresen J Anal Chem 360, 219-224. 

[23]  Buc, D., Bello, I., Čaplovičová, M., Mikula, M., Kováč, J., 
Hotový, I., Chong, Y.M. and Siu, G.G. (2007) Analysis of 
magnetron sputtered boron oxide films. Thin Solid Films 
515, 8723-8727.  

[24]  Guláš, M., Čaplovičová, M., Michalka, M., Normand, F.L., 
Rayar, M., Macko, P. and Veis P.(2008) Growth of carbon 
nanofibres and related structures by combined method of 
plasma enhanced chemical vapor deposition and aerosol syn-
thesis. Vacuum 82, 805-813. 

[25]  Piecková, E., Jesenská, Z. (1998) Molds on house walls and 
the effect of their chloroform-extractable metabolites on the 
respiratory cilia movement of one-day-old chicks in vitro. 
Folia Microbiol 43(6), 672 - 678. 

[26]  Santhiya, D., Ting, Y.-P. (2005) Bioleaching of spent 
refinery processing catalyst using Aspergillus niger with 
high-yield oxalic acid. J Biotechnol 116, 171-184. 

[27]  Urminská, J., Porhajašová, J., Ondrišík, P. (2010) 
Determination of Cd, Pb and As Concentrations by Flow 
Electro-chemical methods in sediments from the artificial 
water reservoirs of the Banská Štiavnica Region. Chem Listy 
104, 807−810. 

[28]  Zhu, N., Xiang, Y., Zhang, T., Wu, P., Dang, Z., Li, P., Wu, 
J. (2011) Bioleaching of metal concentrates of waste printed 
circuit boards by mixed culture of acidophilic bacteria. J 
Hazard Mater 192, 614-619. 

[29]  Xiang, Y., Wu, P., Zhu, N., Zhang, T., Liu, W., Wu, J., Li, P. 
(2010) Bioleaching of copper from waste printed circuit 
boards by bacterial consortium enriched from acid mine 
drainage. J Hazard Mater 184, 812-818. 

[30]  Aung, K.M.M., Ting, Y.-P. (2005) Bioleaching of spent fluid 
catalytic cracking catalyst using Aspergillus niger. J Biotech-
nol 116, 159-170. 

[31]  Mishra, A., Malik, A. (2012) Simultaneous bioaccumulation 
of multiple metals from electroplating effluent using Asper-
gillus lentulus. Water Res 46, 4991-4998.  

[32]  Arwidsson, Z., Allard, B. (2010) Remediation of metal-
contaminated soil by organic metabolites from fungi II—
metal redistribution. Water Air Soil Pollut 207, 5–18. 

[33]  Hunag, L., Zhou, Q-X., Zhang, Q-R. (2008) Removal effect 
of citric acid, oxalic acid and acetic acid on Cd, Pb, Cu and 
Zn in sewage sladge. Chin J Appl Ecol 19, 641-646.  

[34]  Dursun, A. Y., Uslu, G., Cuci, Y., Aksu, Z. (2003) 
Bioaccumulation of copper(II), lead(II) and chromium(VI) by 
growing Aspergillus niger. Process Biochem 38, 1647-1651. 

[35]  Sayilgan, E., Kukkrer, T., Ferella, F., Akcil, A., Veglio, F., 
Kitis, M. (2009) Reductive leaching of manganese and zinc 
from spent alkaline and zinc-carbon batteries in acidic media. 
Hydrometallurgy 97, 73-79. 

[36]  Sierra-Alvarez, R. (2009) Removal of copper, chromium and 
arsenic from preservative-treated wood by chemical extrac-
tion-fungal bioleaching. Waste Manag 29, 1885–1891. 



© by PSP Volume 22 – No 12a. 2013   Fresenius Environmental Bulletin    

3679 

[37] De Michelis, I., Ferella, F., Karakaya, E., Beolchini, F., Ve-
glio, F. (2007) Recovery of zinc and manganese from alka-
line and zinc–carbon spent batteries. J Power Sourc 172, 
975–983. 

[38] Burckhard, S.R., Schwab, A.P., Banks, M.K. (1995) The ef-
fects of organic acids on the leaching of heavy metals from 
mine tailings. J Hazard Mater 41, 135-145. 

[39] Gharehbagheri, H., Safdari, J., Roostaazad, R., Rashidi, A. 
(2013) Two-stage fungal leaching of vanadium from uranium 
ore residue of the leaching stage using statistical experimen-
tal design. Ann Nucl Energ 56, 48-52. 

[40] Amiri, F., Yaghmaei, S., Mousavi, S.M., Sheibani, S. (2011) 
Recovery of metals from spent refinery hydrocracking cata-
lyst using adapted Aspergillus niger. Hydrometallurgy 109, 
65-71.  

 
 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

 
 
 

Received: March 12, 2013 
Revised: June 26, 2013; August 15, 2013 
Accepted: September 06, 2013 
 
 
CORRESPONDING AUTHOR 

Marek Kolenčík 

Institute of Laboratory Research on Geomaterials 
Faculty of Natural Sciences 
Comenius University in Bratislava 
Mlynska dolina 
842 15 Bratislava 
SLOVAKIA 
 
E-mail: marekkolencik@gmail.com 
 

 FEB/ Vol 22/ No 12a/ 2013 – pages  3673 - 3679 

 
 
 



Attachment L Kolenčík, M., Čerňanský, S., Urík, M., Littera, P., Molnárová, M., Gardošová, K. 

& Chipik, J. (2012). Solubilization of toxic metal mineral by the Aspergillus niger 

strain and oxalic acid. Fresenius Environmental Bulletin, 21(8A):2289-2297. 

 



© by PSP Volume 21 – No 8a. 2012   Fresenius Environmental Bulletin    

2289 

 

SOLUBILIZATION OF TOXIC METAL MINERAL  
BY THE Aspergillus niger STRAIN AND OXALIC ACID 

 
Marek Kolenčík1*, Slavomír Čerňanský2, Martin Urík1, Pavol Littera1,  

Marianna Molnárová2, Katarína Gardošová1, Ján Štubňa3, Hana Vojtková4 and Juraj Chlpík5 

1Comenius University in Bratislava, Faculty of Natural Sciences, Institute of Laboratory Research on Geomaterials, Bratislava, Slovakia  
2Comenius University in Bratislava, Faculty of Natural Sciences, Department of Ecosozology and Physiotactics, Bratislava, Slovakia 

3Constantine the Philosopher University in Nitra, Faculty of Natural Sciences, Nitra, Slovakia 
4VŠB – Technical University of Ostrava, Faculty of Mining and Geology, Ostrava, Czech Republic 

5Department of Soil Science and Geology, Faculty of Agrobiology and Food Resources, Slovak University of Agriculture, Nitra, Slovakia 

 
 
 
 
ABSTRACT 

The objective of this study is solubilization of lead and 
arsenic from toxic metal mineral lead arsenate hydroxide - 
hydroxymimetite with oxalic acid and distilled water. Fur-
thermore, the Aspergillus niger (A. niger) strain was ap-
plied for solubilization of lead and arsenic from hydroxy-
mimetite. Oxalic acid was confirmed as the best leaching 
agent and was able to mobilize 96% of As and 1.49% of 
Pb. Also, the oxalic acid was capable of solubilizing inor-
ganic Pb from crystalline compound and transforming it 
into the different organic Pb phase, which partially precipi-
tated as lead oxalate Pb(C2O4). Our experimental studies 
bring insight into the biogeochemical cycles of the studied 
elements and have potential application in the bio-hydro-
metallurgical processes for recovery of arsenic and lead 
from different materials (e. g. toxic metal minerals, mining 
ores, contaminated soil and sediment and other environ-
mental area). 

 
 
 

KEYWORDS: Chemical and biological leaching, Aspergillus 
niger, toxic minerals, organic crystalline phase, lead oxalate 

 
 
 
1 INTRODUCTION 

Heavy metals are widely distributed in natural envi-
ronments [1-4]. Metals released to the environment from 
natural and anthropogenic sources such as weathering, 
erosion, mining and industry [5-8]. Furthermore, many of 
heavy metals from natural minerals such as carbonates, 
phosphates and arsenates or pure synthetic chemical com-
pounds were used to be applied in agriculture as herbi-
cides, fungicides, insecticides, even supplemental synthetic 
fertilizers. The increase inputs of many trace elements into 
agricultural soil over the past decades have resulted in the 
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potential toxicological implications and detrimental long 
term trends effects. Lead arsenates, including; lead arse-
nic hydroxide - hydroxymimetite (Pb5(AsO4)3OH), is not 
widespread common natural mineralogical phase in the 
primary and secondary deposit of the polymetallic ore. 
However, there was the most extensively used as lead 
arsenical insecticides from the early 1900s to the early 
1960s [9,10]. Hydroxymimetite is considered to have low 
solubility [9,10] and thermodynamically stable phase, thus 
the residues of hydroxymimetite can be still detected in 
the environment [9,11].  

Recently, arsenic and lead have been receiving in-
creasing attention due to their implication for human health. 
Considerable research has been devoted to understanding 
their geochemical cycles, toxicological fate and behavior in 
the environment. Arsenic and lead are one of the most sig-
nificant global environmental contaminants. They are very 
toxic elements to both animals and plants due to affinity for 
proteins, lipids, and other cell components, causing a num-
ber of different cancer types, and cardiovascular and neuro-
logical problems [12,13]. Mobility, toxicity and bioavail-
ability of arsenic and lead species are accelerated by pri-
mary and secondary metabolites of microbial consortium 
in the environment. 

Microorganisms such as bacteria, fungi, algae and yeast 
are capable of transforming insoluble arsenic and lead min-
erals into soluble derivatives in terrestrial and aquatic envi-
ronments [14,15]. Microscopic fungi, as one of the domi-
nant component of microbiota in soil, mineral and rock sub-
strates are important physical and chemical decomposers; 
therefore they play a significant role in biogeochemical 
cycles of the toxic elements [16-19]. Fungal mobilization 
of metal(loid)s depends on several mechanisms, including 
acidolysis (proton promoted), complexolysis (ligand pro-
moted) and reductive mobilization. The bioleaching proc-
ess can occur due to the production of primary and secon-
dary metabolites with metal-chelating properties (carbox-
ylic acids, amino acids and phenolic compounds) [16,20,21]. 
One of the most promising applications of bioleaching is 
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in biotechnological processes resulting in recovery and 
detoxification of lead and arsenic from low grade ores, coal, 
fly ash, sewage sludge, soils and sediments and other con-
taminated materials [15,22-28].  

Experiment on bioleaching of arsenic and lead from 
minerals using different bacterial species has been pub-
lished recently [29,30]. However, the application of fila-
mentous fungi in bioleaching of arsenic and lead minerals 
is missing in literature.  

The purpose of this work is to examine the ability of 
the filamentous fungus A. niger and the chemical leaching 
with oxalic acid and distilled water to solubilize lead and 
arsenic. Transformation of lead arsenate hydroxide was 
also observed. Thus, X ray diffraction analysis and the scan-
ning electron microscopy with energy dispersive X-ray mi-
croanalysis were used to determine size distribution, struc-
tural, morphological and chemical properties of hydroxy-
mimetite before and after leaching by A. niger, oxalic acid 
and distilled water. The attention was also focused on 
changing of pH values during the microbial and chemical 
leaching. 

 
 
2 MATERIALS AND METHODS 

2.1 Preparation of synthetic lead arsenate hydroxide 

Synthetic lead arsenate hydroxide - hydroxymimetite 
Pb5(AsO4)3OH was prepared by mixing of 20 ml 1 mol 
dm-3 Pb(NO3)2, 10 ml of 1 mol dm-3 Na2HAsO4 solution 
and 1 mol dm-3 NaOH (the stoichiometric ratio of Pb, As 
and OH were 5:3:1) in 80 ml of redistilled H2O. The pH 
was adjusted to 6.5 ~ 7 by 1 ml 0.01 mol.dm-3 NaOH. All 
used chemicals were of analytical grade obtained from 
Centralchem, Slovak Republic. The mixture was heated 
under reflux for 5 hours at 100°C. Obtained crystalline 
phases were filtered and then washed with a significantly 
large amount of water and ethanol. Chemical properties of 
the synthetically prepared hydroxymimetite were deter-
mined and are shown in Table 1. 

 
TABLE 1 - Chemical properties of synthetic hydroxymimetite 

Pb5(AsO4)3OH. 

Chemical  
element 

Content of metal(loid) in  
hydroxymimetite (mg kg-1) 

Pb 70440 
As 17030 

 
2.2 Microorganism, culture media and bio-leaching experi-
ments 

The A. niger strain was used for bioleaching experi-
ments. According to preliminary experiments, used A. 
niger strain has had the best bioleaching capabilities of all 
various fungal strains. Used A. niger strain was isolated 
from soils affected by mining activities with a high con-
tent of arsenic (Pezinok, Slovakia). The fungal strain was 
maintained on Sabouraud agar (HiMedia, Mumbai, India) 
in the dark at room temperature. Bio-leaching experi-
ments were carried out in three different experiments. The 

bioleaching capacity of the A. niger strain was compared 
with chemical leaching by oxalic acids (see below) and 
the leaching with distilled water. All types of experiments 
were carried out in sterile 100 ml Erlenmeyer flasks con-
taining 0.05 g of hydroxymimetite and 50 ml of the 
Sabouraud broth (HiMedia, Mumbai, India). The systems 
were inoculated with a 5 ml spore suspension of the A. 
niger strain and cultivated for 42 days. Due to similar ini-
tial condition for leaching with A. niger strain and control 
system with distilled water the pH was adjusted to 5.6 ± 
0.1 with 0.1 mol dm-3 HCl or 0.1 mol dm-3 NaOH. All 
laboratory samples and used culture media were auto-
claved at 121°C for 20 min. before bio-leaching experi-
ments. All experiments were replicated in three times. 

The chemical leaching of hydroxymimetite was carried 
out using 0.05 mol dm-3 oxalic acid [C2O4H2·H2O] (Cen-
tralchem, Slovak Republic). Oxalic acid is one of the 
main extracellular fungal metabolites and this was used to 
study the extraction of Pb and As from synthetic hydroxy-
mimetite. The results were compared with fungal leaching 
and leaching in distilled water (Table 2). The pH val-
ues were measured after 6., 12., 18., 30. and 42. days. The 
pH was not measured for oxalic acid.  

 
2.3 Analytical data 

The content of arsenic and lead were measured by 
galvanostatic dissolved chronopotenciometry EcaFlow 150 
GLP (Istran, Slovak Republic). The structure of the syn-
thetic lead arsenate hydroxide and crystals evolved during 
the A. niger strain and chemical leaching was examined 
by scanning electron microscopy (SEM, JXA 840 A, 
JEOL, Japan) and energy dispersive X-ray microanalysis 
(EDX) for elemental composition determination [31,32]. 
All samples were coated with carbon. 

The X - ray diffraction analysis was used to observe 
the changing of residues before and after fungal and chemi-
cal leaching. The crystalline symmetry and structure pa-
rameters of new solid phases were studied by X-ray pow-
der diffraction analysis using the diffractometer BRUKER 
D8 Advance (Laboratory of X-ray diffraction SOLIPHA, 
Comenius University in Bratislava, Faculty of Natural Sci-
ences) under the following conditions: Bragg-Brentano ge-
ometry (Theta-2Theta), Cu anticathode (λα1 =  1.54060 Å), 
accelerating voltage 40 kV, beam current 40 m Å. Ni Kβ 
filters were used for stripping Kβ radiation on the primary 
and diffracted beam, and data was obtained by the BRUKER 
LynxEye detector. The step size was 0.01° 2Θ, the step time 
was 1 s per one step, and the range of the measurement 
was 4 – 65° 2Θ [33]. Measured data was evaluated with 
DIFFRACplus EVA software package. 

 
 
3 RESULTS AND DISCUSSION 

The obtained results of the solubilization of insoluble 
hydroxymimetite by fungal and oxalic acid leaching is 
shown in Table 2. The highest arsenic and lead leaching 
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TABLE 2 - The results of microbial leaching and leaching with oxalic acid and distilled water. Leaching period was 42 days. 

Metal content after leaching treatment (mg.kg -1) Extraction of metal (%) Leaching agent 
Pb As Pb As 

Oxalic acid 1052.4 ± 72.06 16320 ± 167.07 1.49 96 
Aspergillus niger 6920 ± 102.42 468 ± 8.13 9.82 2.75 

Distilled water 24 ± 1.01 12 ± 0.20 0.03 0.07 
 

 
 
 

efficiency was achieved using the oxalic acid. The oxalic 
acid was able to release 1.49% of lead and 96% of arsenic 
from the solid phase. Several reports have been examin-
ing the ability of leaching by oxalic acid and ammonium 
oxalate on different samples [25,26]. Our preliminary re-
search on arsenic leaching suggests almost comparable 
result [25], where oxalic acid was able to mobilize 95.2% 
of arsenic from synthetic zinc arsenate adamite. Müller et 
al. [26] found similar results (80%), estimating the anti-
mony and arsenic mobilization from samples contami-
nated by ore processing waste using sequential extraction 
procedure with ammonium oxalate. Kušnierová [27] found 
that the arsenic solubility after 23 day leaching of fly ash 
by citric acid achieved 25% (0.06 mg from 0.24 mg As). 
Huang et al. [28] observed the removal of Pb, Cd, Cu and 
Zn from sludge by citric, oxalic and acetic acid. Similarly 
to our results, they showed that oxalic acid leached low 
amounts of lead. Corkhill et al. [29] investigated the oxi-
dative dissolution of arsenopyrite in the presence of the 
Leptospirillum ferrooxidans bacterium. After 4 weeks of 
cultivation, they found 95% dissolution of arsenopyrite 
surface. 

In comparison with leaching by water, the A. niger 
strain was able to transform more Pb and As from hy-
droxymimetite. Similar ability to transform insoluble lead 
containing minerals by ericoid mycorrhizal and ectomy-
corrhizal fungi was confirmed by Sayer et al. [16,20] and 
Fomina et al. [17,18]. Originally, studies dealt with capabil-
ity of primary and secondary fungal metabolites to leach ar-
senic minerals are almost absent. Sierra-Alvarez et al. [34] 
investigated the effectiveness of copper-tolerant brown-rot 
fungi Antrodia vaillantii for remediation of wood treated 
with chromated copper arsenate (CCA). Applied microor-
ganism was found to promote extensive mobilization of 
arsenic (66%) from wood treated with CCA preservatives. 
There is some evidence that in our experiment only 2.75% 
of arsenic was detected in the solution. Apparent discrep-
ancy between released concentration of arsenic (2.75%) 
and lead (9.82%) could be due to extensive biosynthetic 
activity of fungal strain. Ability of A. niger species to bio-
accumulate, biosorb and biovolatilise from solution was 
experimental confirmed by Čerňanský et al. [35] and Urík 
et al. [36].  

According to presented results (in Table 2), distilled 
water possesses a very low ability to transform As and Pb 
to dissolved compounds. Comparable results were achieved 
with deionized water (0.02% As released) and rain water 
(0.03% As released) after 24 h [21] and also leaching 

from heavy metals contaminated soil using distilled water 
was able to solubilize 0.5% As [23] . 

Solubility, mobility and potential toxicity of arsenic 
and lead species largely depend on the changes in acidity 
and alkalinity of the surrounding environment [15]. The 
changes in pH are shown in Figure 1. In fact, considerable 
pH changes were recorded in the systems, where leaching 
was applied using A. niger strain or distilled water. After 
six days of A. niger cultivation, the pH decreased from the 
initial value of 5.6 to minimum value of pH 4.2. A de-
crease in pH values can be explained by the varied bio-
synthetic activity of A. niger strain (production of acidic 
secondary metabolites) and consequent release of metals 
from mineral surface into solution. At the first stage of 
cultivation decrease in pH value was probably connected 
with exponential growth of microscopic fungus in the 
cultivation system. Mainly organic acids, which are also 
produced by fungi as secondary metabolites, can play 
significant role to mobilize or immobilize heavy metals. 
The analogy between pH changing and release and redis-
tribution of metals in the metal contaminated soil was 
confirmed by Arwidson et al. [22]. Eventually, the maxi-
mum pH reached was 8.3 on the 42nd day of cultivation. 
However increasing in pH value was firstly observed be-
tween 6th and 12th after this time period pH value did not 
change significantly. This could be attributed to production 
different type, probably, alkaline metabolites [15].   

 
FIGURE 1 - Changes in pH during bio-leaching by Aspegillus niger 
(Aspergillus niger + Pb5(AsO4)3OH) and with distilled water (H2O + 
Pb5(AsO4)3OH) from hydroxymimetite. 

 
The effect of distilled water on pH change was less 

significant. The minimum pH was the initial value (pH 5.6) 
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and maximum value was achieved at the end of the ex-
periment (pH 7.35). The pH value of distilled water 
leachate shows slow increasing trend when compared to 
leaching with A. niger strain, which was very likely the 
main cause for dissolution of insignificant content of arse-
nic and lead into the solution. Yang [24] established similar 
result in pH changes using distilled water and the A. niger 
strain in leaching of fly ash. 

The X-ray diffraction patterns of hydroxymimetite be-
fore leaching procedures are shown in Figure 2, with typi-
cal roughly - grained particles (Figure 4) with elemental 
composition as shown in Figure 5. After the bioleaching 
procedure, the A. niger strain transformed hydroxymimetite 
into the mixture of hydroxymimetite and an unidenti-
fied amorphous or low crystalline phase (Figure 3).  

 

 

 

 

FIGURE 2 - X-ray - diffraction patterns of hydroxymimetite before the leaching procedure. 
 
 
 

 

 
FIGURE 3 - X-ray - diffraction patterns of hydroxymimetite after bioleaching by the Aspergillus niger strain. 



© by PSP Volume 21 – No 8a. 2012   Fresenius Environmental Bulletin    

2293 

 

FIGURE 4 - The scanning electron micrograph shows synthetic hydroxymimetite before the leaching treatment, (SEM).  
 
 

 

FIGURE 5 - Energy dispersive X-ray microanalysis (EDX) exhibited qualitative analysis of the synthesis hydroxymimetite before the leach-
ing treatment. The main components were Pb, As, O. 

 
 
 
The scanning electron micrograph (Figure 6) showed 

residues after bioleaching treatment provided by the ex-
perimental evidence of the fungal hyphae presented within 
the mycogenic mineral; typical morphology of the parallel 
particles with the pseudohexagonal shape. The qualitative 
analysis of the unidentified phase contained almost pure 
lead with associated carbon and oxygen (Figure 7). Ac-
cording to results, the transformation of the original min-
eral phase to the obtained organic (mycogenic) phase was 
established. Similar results were achieved by the Beauve-
ria caledonica fungus, which was able to transform syn-
thetic phase PbCO3 to the lead oxalate PbC2O4 [17] and 

also the Aspergillus niger strain, which was able to trans-
form pyromorphite Pb5(PO4)3Cl to Pb oxalate [20]. The 
structural differences, such as structural parameters and unit 
cell dimension, were recorded between hydroxymimetite 
before and after the bio-leaching treatment (Table 3). In the 
absence of evidence to the contrary it could assumed that 
low content of Pb (1.49%) in solution was associated with 
production of precipitated Pb oxalate (Table 3). Typical 
crystal symmetry (Figure 8) and idiomorphic crystals (Fig-
ure 9) with qualitative analysis (Figure 10) of lead oxalate 
was detected.  
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FIGURE 6 - The scanning electron micrograph shows parallel pseudohexagonal unidentified phase observed after bioleaching. The crystals 
are overgrown by fungal hyphae (SEM). 
 

 

FIGURE 7 - Energy dispersive X-ray microanalysis (EDX) exhibited qualitative analysis of the unidentified phase after bioleaching treat-
ment. The main components were Pb, O, C. 

 
 

TABLE 3 - Symmetry, structural parameters and unit cell dimension before and after the fungal and chemical leaching of synthetic hy-
droxymimetite 

 Aspergillus niger Oxalic acid Leaching agents 
Identified phase hydroxymimetite lead oxalate Pb(C2O4) 

 Before leaching  
treatment  

After leaching by A. niger strain After leaching by oxalic acid 

Crystal symmetry Hexagonal Hexagonal Triclinic 
a (Å) 10,2810(6) 10,2652(1) 5,5530(2) 
b (Å) - - 6,9740(1) 
c (Å) 7,4513(7) 7,4379(8) 5,5717(7) 
α (°) - - 109,55(1) 
β (°) - - 113,58(1) 
γ (°) - - 88,81(1) 

Unit cell dimension Å3 682,09(1) 678,76(7) 184,74(1) 
Z 2 2 2 
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FIGURE 8 - X-ray - diffraction patterns after leaching treatment with oxalic acid. Lead oxalate Pb(C2O4) was identified after chemical 
leaching with oxalic acid. 

 
 

 

FIGURE 9 - The scanning electron micrograph shows lead oxalate crystals identified after chemical leaching with oxalic acid, (SEM).  
 

 

FIGURE 10 - Energy dispersive X-ray microanalysis (EDX) exhibited qualitative analysis of lead oxalate after leaching with oxalic acid. The 
main components were Pb, O, C. 
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The symmetry of synthetic hydroxymimetite was not 
changed using distilled water in comparison with the 
oxalic acid and the A. niger strain treatment (Figures 8-
10, Table 3). 

 
 
4 CONCLUSION 

In this paper, the processes of As and Pb leaching 
from synthetic lead arsenate hydroxide (hydroxymimetite) 
using the Aspergillus niger strain, oxalic acid and distilled 
water were investigated. The transformation of hy-
droxymimetite to Pb oxalate was achieved by oxalic acid. 
Hydroxymimetite and an unidentified low crystalline 
phase by the A. niger strain were achieved. Oxalic acid 
was established as the best leaching agent. The distilled 
water had poor ability to mobilize As and Pb from hy-
droxymimetite. The application of oxalic acid and the A. 
niger strain metabolites have a great potential for metal 
recovery and detoxification. 
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ABSTRACT 

Accumulation of Sb(III) as antimonyl tartrate by As-
pergillus niger strain was examined. The pH value of both 
antimony-free and antimony supplemented culture media 
declined in the first five days to extremely acidic region 
(approximately pH 2) and did not change during the rest 
of cultivation period. There were no statistically signifi-
cant, microbially mediated changes in pH of broth media 
supplemented with Sb(III) when compared to antimony-
free control. While the biomass yield of antimony supple-
mented culture media (upto 100 mg.L-1) during the expo-
nential growth phase was identical to the antimony-free 
control, antimonyl tartrate however, had beneficial effect 
on fungal growth during the stationary growth phase. Ac-
cording to antimony accumulation results, A. niger strain 
efficiently reduced the uptake and enhanced the efflux of 
antimony during the first week of cultivation though later 
uptake of antimony was enhanced. The results indicate a 
relationship between the amount of antimony uptake and 
biomass growth at the stationary growth phase. This re-
lates to possible tartrate function as carbon source. 

 
 
 

KEYWORDS:  
antimonyl tartrate, fungi, bioaccumulation 

 
 
 
1. INTRODUCTION 

Antimony is a trace element, which is used for improv-
ing dozens of industrial and commercial materials. There-
fore, large quantities of antimony compounds are released 
into the environment due to anthropogenic activities, and 
elevated concentrations of antimony in both soil and water 
are reported all over the world, especially at mining and 
smelting areas [1,2]. 

Considering antimony as a toxic element and poten-
tial human carcinogen [3] there is an urgent need for effi-
cient and environmentally friendly approach for remedia-
tion of contaminated sites. When occurring in water solu- 
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ble forms, antimony is readily absorbed by plants or fungi 
[4]. Therefore, bioaccumulation may be successfully used 
to clean up contaminated soils or waters. 

Studies on bioaccumulation of antimony have been con-
sidered with its distribution in grass foliage [5,6], speci-
ation analysis in freshwater plants [7], biomethylation by 
filamentous fungi [8] or accumulation by macrofungi [9]. 
Study on the kinetics of antimony accumulation by micro-
organisms, including filamentous fungi has not been cited 
elsewhere. 

Although it is well known that the fungi show great 
capacity to absorb significant amount of metals yet, much 
less is known about the bioaccumulation of toxic metals 
by viable cells when compared to the other bioremoval pro-
cesses for the abatement of toxic metal(loid)s in the envi-
ronment, such as biosorption. Similarly, the fungal inter-
action with toxic metals, including antimony and the im-
pact of these interactions on mobility of toxic elements in 
the environment is usually overlooked. The aim of our study 
was to examine fungal accumulation of Sb(III), which is 
ten times more toxic than Sb(V) [10], during 30-day cul-
tivation of Aspergillus niger and influence of elevated 
antimony on the accumulation of the element by the organ-
ism and the growth of the fungus. 

 
 
2. MATERIALS AND METHODS 

2.1. Fungal strain 

The Aspergillus niger VAN TIEGHEM strain used in this 
study was isolated from non-contaminated soil. Ready-
made potato dextrose agar medium (PDA; Himedia, Mum-
abi, India) was used to maintain and to propagate the fungal 
culture at room temperature. Fungal strain was identified 
at the Institute of Preventive and Clinical Medicine (Slo-
vak Medical University, Bratislava) by using standard 
identification techniques such as colony morphology and 
microscopic examination. 

 
2.2. Reagents and solutions 

Stock solution of Sb(III) (1000 mg.L-1) was freshly pre-
pared by dissolving the appropriate amount of potassium 
antimonyl tartrate hemihydrate (Centralchem, Bratislava, 
Slovakia) in deionized water in 1L glass volumetric flask. 
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2.3. Bioaccumulation of antimony 

Prior to the bioaccumulation experiment, five millili-
ter of spore suspension prepared from 14-day old culture 
of A. niger was added to 100 mL of aqueous Sabouraud 
broth media (SAB; HiMedia, Mumbai, India) supplemented 
with 10 or 100 mg.L-1 of Sb(III) in conical flasks. The 
antimony-free media inoculated with spore suspension and 
fungal-free media supplemented with antimony were used 
as control experiments. 

On selected days during the 30-day static cultivation 
at room temperature, three flasks were randomly selected 
from each antimony concentration and control. The fungal 
biomass was separated from culture media by filtration on 
a 0.45 µm membrane filter, dried at 60°C in an oven until 
constant weight and weighed. The pH of the filtrate was 
measured and subsequently analyzed for residual anti-
mony concentration electrochemically. 

 
2.4. Determination of antimony 

Analysis of antimony in culture media were carried 
out with a flow electrochemical analyzer EcaFlow 150 
GLP (Istran Ltd., Bratislava, Slovakia) equipped with a 
microprocessor controlled potentiostat and galvanostat [11]. 
The carrier electrolyte was prepared by dilution of analytical 
grade hydrochloric acid with redistilled water. The detection 
limit for this analytical procedure was 0.6 µg.L-1. 

 
 
3. RESULTS AND DISCUSSION 

The pH value of the culture medium significantly af-
fects the fungal growth. Therefore some fungi adjust pH 
of the medium by production of specific metabolites to 
optimize their environment allowing for better develop-
ment of the fungi [12]. Fungi generally grow well in acidic 
conditions [13]. Similarly, in the present study, the pH 
values were found to have been lowered to the acidic 
region (to approximately pH 2 in the first five day) during 
the culture period in all media examined (Fig. 1). 

The pH of the medium may have significant influence 
on the toxicity of heavy metals to microorganisms [14]. 
However, there were no statistically significant, micro-
bially mediated changes in pH of broth media supplemented 
with Sb(III) when compared to antimony-free control 
(Fig. 1). It could thus be concluded that even at extremely 
high Sb(III) concentration (100 mg.L-1) there is no need 
for adaption strategy which relates to changes in abiotic 
factors of the culture media, such as pH, which was ob-
served in other studies [15,16]. 

According to Colpaert and van Assche [17] fungal iso-
lates from polluted sites exhibit great tolerance to heavy 
metals, whereas the growth of most of the isolates from 
non-polluted areas is significantly inhibited. In the present 
study, for all the tested antimony concentrations, the growth 
rate of A. niger during the exponential growth phase was 
found to be identical to the antimony-free control (Fig. 2) 
in spite of the high antimony toxicity. It needs to be men- 

 
FIGURE 1 - Changes in pH of culture media during the 30-day 
cultivation of Aspergillus niger on antimony supplemented or anti-
mony-free media (data represent the average of three independent 
experiments; error bars represent standard deviation from three 
independent experiments) 

 
FIGURE 2 - Changes in dry weight of biomass of Aspergillus niger 
during the 30-day cultivation on antimony supplemented or anti-
mony-free media (data represent the average of three independent 
experiments; error bars represent standard deviation from three 
independent experiments; the asterisks indicate significant differ-
ences (p < 0.05) between values of treatment groups) 

 
FIGURE 3 - The amount of accumulated Sb(III) in biomass of 
Aspergillus niger during the 30-day cultivation on antimony supple-
mented culture media (data represent the average of three inde-
pendent experiments) 
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tioned here that the strain used was isolated from non-
polluted soil. Furthermore, antimonyl tartrate had benefi-
cial influence on fungal development at the stationary 
growth phase (Fig. 2). There was no extension in lag phase 
during the cultivation of A. niger on antimony-supplemented 
culture media when compared to antimony free control. 
The rapid adjustment of A. niger to the new environmental 
conditions can be seen in Fig. 2. The most common way 
microorganisms deal with excess of toxic metal(loid)s is to 
pump the metal(loid) out and restrict uptake at the same 
time [18]. The same strategy was applied by the A. niger 
strain, which reduced the uptake and enhanced the efflux 
of antimony during the first week of cultivation, as can be 
seen in Fig. 3. Contrarily, antimony uptake was signifi-
cantly enhanced on the tenth day of cultivation. We 
assumed that this effect reflects the shortage in carbon 
source in culture media during cultivation. 

Members of the genera Aspergillus were found to be 
active tartrate decomposers [19] which, when supplemented 
into the culture medium, can be utilized as a carbon source 
by large variety of microorganisms [20]. We have con-
cluded that most of the carbon source was utilized within 
15 days in antimony-free culture media. Although the dif-
ference between the dry weight of biomass harvested on 
antimony-free media and that in the presence of antimony 
was not statistically significant, on the 15th day of cultiva-
tion and later on, the biomass yield was, however, signifi-
cantly higher for strains cultured on antimonyl-tartrate 
supplemented culture media (Fig. 2). Considering anti-
mony to be a non-essential element, tartrate is the only 
other com-ponent in culture medium, which could have 
enhanced fungal growth and may be used as a carbon 
source. The relationship between the amount of antimony 
(and simultaneously tartrate) uptake and biomass 
growth can be particularly seen during the cultivation of 
the A. niger at higher concentration of antimony in culture 
medium (Fig. 2 and Fig. 3). In this case, after the consump-
tion of the most of additional carbon source in the form of 
tartrate, antimony was once again pumped out to the cul-
ture medium (Fig. 3). 

 
 
4. CONCLUSIONS 

The growth rate of the strain of A. niger on antimony 
supplemented culture media (100 mg.L-1) during the ex-
ponential growth phase was identical to the antimony-free 
control. Additionally, antimonyl tartrate had beneficial in-
fluence on fungal growth during the stationary growth 
phase. Considering antimony a non-essential element, 
tartrate is the only other component in culture medium, 
which could enhance the fungal growth. 

The results indicate a relationship between the amount 
of antimony uptake and biomass growth at the stationary 
growth phase. This relates to possible tartrate function as 
carbon source. However, the fungal strain of Aspergillus 
niger exhibits an effective mechanism for restriction of 

antimony uptake and its efflux during the exponential 
growth and the stationary phase after the tartrate was util-
ized. 
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Arsenic removal from aqueous solutions by biomass of two fungal strains, 

 

Aspergillus niger

 

 and 

 

Neosartorya fischeri

 

,
was assessed. The biosorption capacity of fungal biomass was studied within the As(V) concentration range of
approximately 0.2 to 5.0 mg L

 

−

 

1

 

 at two different pH values (pH 5 and 7). With increasing initial arsenic concentration,
the biosorption capacity of both fungal strains increased almost linearly and achieved the sorption capacity of 0.317
and 0.124 mg g

 

−

 

1

 

 for biomass of 

 

N. fischeri

 

 and 

 

A. niger

 

, respectively. The effect of biomass treatment with FeCl

 

3

 

and HCl on As(III) and As(V) uptake was also studied. The optimum biosorption pH as well as the effect of biomass
treatment was found to be dependent on the fungal strain used. Treatment with FeCl

 

3

 

 and HCl did not result in any
significant increase in arsenic uptake. To the contrary, treatment with ferric oxyhydroxide was found to be very
effective and virtually 100% of the arsenic was removed from the samples of contaminated natural water.

 

Keywords: 

 

arsenic removal; biosorption; filamentous fungi

 

Introduction

 

Arsenic (As) is a hazardous pollutant in ground and
surface waters, and has caused severe health problems
among affected populations in many countries such as
Bangladesh, India, Vietnam, Taiwan, Northern China
and Chile [1].

Biosorption has been studied as an alternative
method for treatment of contaminated waters. Biomass,
produced in large quantities as a waste product of the
agriculture, pharmaceutical, food processing and fishing
industries, can be utilized as an inexpensive sorbent [2–
5]. Biosorption of cationic heavy metals is already well
established, and many works in this field have been
published over the last two decades [6–8]. In contrast,
biosorption of anionic metal(loids), including arsenic,
has not received much attention until recent years. Over
a major part of the pH range, the surface of the biomass
has a net negative charge, which reduces the amount of
arsenic oxyanions sorbed. This problem was overcome
by chemical modifications of the biomass. The surface
charge of the biomass can be increased by elimination
of negatively charged functional groups [9] or by treat-
ment with cationic polyelectrolytes or surfactants [10].
Good results were observed also after biomass treatment
with Fe(III) and ferric oxyhydroxides [11,12]. Very
encouraging results were published by Kamala 

 

et al.

 

[13], who used immobilized plant biomass for biosorp-
tion of As(III). These authors recorded exceptionally
high biosorption capacity, which outmatched dozens of
synthetic sorbents such as activated carbon, synthetic
resins and alumina [14], thus clearly indicating the
potential of biosorption for arsenic removal from
contaminated waters. Other biomass types assessed for
arsenic biosorption include baker’s yeast [9], micro-
scopic filamentous fungi [15], crabshell [5], rice polish
[16,17] and orange juice residue [18].

The aim of our study was to evaluate the adsorption
capacity of two ubiquitous fungal strains (

 

Aspergillus
niger

 

 and 

 

Neosartorya fischeri

 

) at two different pH
values. The effect of biomass modification with HCl
and FeCl

 

3

 

 on As(III) and As(V) removal was also stud-
ied. Finally, arsenic removal from natural contaminated
water by various types of (bio)sorbents (fungal
biomass, sawdust, zeolite and ferric oxyhydroxide) was
compared.

 

Materials and methods

 

Preparation of the sorbent

 

Biomass of 

 

Aspergillus niger

 

 (bAN) and 

 

Neosartorya
fischeri

 

 (bNF) was cultivated in 250 mL Erlenmeyer
flasks with 100 mL SAB liquid medium (Sabouraud
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maltose broth, Merck, Darmstadt, Germany) inoculated
with a spore suspension of the particular fungal strain.
The flasks were placed on a rotary shaker (Unimax 2010,
Heidolph, Schwabach, Germany) and agitated at 140
rpm. After four days of dynamic cultivation, the grown
biomass in the form of fungal pellets (2–3 mm in diam-
eter) was separated from the medium by filtration,
washed with deionized water and centrifuged for 5min at
3000 rpm (MPW-340, Mechanika Precyzyjna, Warsaw,
Poland) to remove the residual water from the biomass.

The dried biomass of 

 

Aspergillus niger

 

 (dbAN) was
cultivated in SAB liquid medium under static condi-
tions and harvested after seven days. It was then washed
with deionized water, autoclaved for 1 h, dried in an
oven (120 

 

°

 

C, 48 h) and finally powdered to a fine size
and sieved.

Sawdust (SD) of chemically untreated spruce wood
(

 

Picea abies

 

) was obtained from a small wood-process-
ing plant in Slovakia. Before the experiments, this was
washed with deionized water, dried and sieved.

Zeolite (Ze) – clinoptilolite –was obtained from a
quarry located in Ni

 

[zcaron]

 

n

 

[yacute]

 

 Hrabovec, Slovakia. Before the
experiments, it was ground to a fine size and sieved.

Ferric oxyhydroxide (FeOx) was prepared by the
neutralization of FeCl

 

3

 

 solution (10%, 100 mL) with 10
M NaOH at room temperature. A colloidal gel was
formed, and this was dried in an oven (180 

 

°

 

C, 24 h).
Soluble salts were removed by triple decantation, and
then the insoluble phase was dried again, powdered to a
fine size and sieved.

 

Chemical modification of the sorbents

 

Chemical modification with 0.1 M HCl

 

Five grams of pelletized fungal biomass (bAN or bNF)
was transferred into a series of 100 mL flasks filled with
50 mL of 0.1 M HCl solution and subsequently agitated
on a rotary shaker at 150 rpm. After 24 h, the biomass
was separated by filtration and used in sorption experi-
ments. Biomass modified by this procedure is hereafter
referred to as bAN-HCl and bNF-HCl.

 

Chemical modification with Fe(III) solution

 

Five grams of pelletized fungal biomass (bAN or bNF)
was transferred into a series of 100 mL flasks filled with
FeCl

 

3

 

 solution (22 mg L

 

−

 

1

 

, 50 mL; Merck, Darmstadt,
Germany), and subsequently agitated on a rotary shaker
at 150 rpm. After 24 h, the biomass was separated by
filtration and used in sorption experiments. The
measurement of residual Fe(III) in the filtrate by HG-
AAS confirmed that virtually 100% of the iron was
bound to the biomass. Biomass modified by this proce-
dure is hereafter referred to as bAN-Fe and bNF-Fe.

 

Preparation of sorbents coated with 
Fe(III)-oxyhydroxide

 

The sorbents coated with Fe(III)-oxyhydroxide were
prepared according to a procedure published by Pokhrel
and Viraraghavan [12], where the FeCl

 

3

 

 solution (5M,
80 mL) was mixed with 10 M NaOH (1 mL). A mass of
10 g of the desired sorbent (dbAN, SD or Ze) was homog-
enized with the mixture, and placed in an oven for 3 h
at 80 

 

°

 

C. After 3 h, the oven temperature was raised to
110 

 

°

 

C and, after 24 h, the coated sorbent was separated
manually, washed, dried and used in the sorption exper-
iments. Sorbents prepared by this procedure are hereafter
referred to as dbAN-FeOx, SD-FeOx and Ze-FeOx.

 

Chemical modification with urea

 

One gram of dry weight of the previously prepared inor-
ganic sorbent (Ze or FeOx) or biosorbent (dbAN or SD)
was transferred into a 100 mL flask filled with 50 mL
of deionized water, and 10 g of urea (Merck, Darmstadt,
Germany) was added. These flasks were then agitated at
150 rpm. After 24 h, the sorbents modified with urea
were separated from the solution by filtration and were
dried and used in the sorption experiments. Sorbents
prepared by this procedure are hereafter referred to as
dbAN-U, SD-U and Ze-U.

 

Preparation of reagents

 

Stock solutions of As(III) and As(V) were prepared by
dissolving the arsenic salts NaAsO

 

2

 

 and Na

 

2

 

HAsO

 

4

 

(Merck, Darmstadt, Germany), respectively, in distilled
water. Arsenic solutions used in the experiments were
prepared by diluting these stock solutions to the desired
concentration with distilled water. Before the experi-
ments, the pH value of the arsenic solutions was adjusted
by adding 0.1 M HCl or 0.1 M NaOH.

A sample of natural arsenic-contaminated water was
taken from a contaminated site in Po a (Eastern
Slovakia), and it was filtered to remove insoluble parti-
cles. The concentration of total arsenic after filtration
was 330 

 

µ

 

g L

 

−

 

1

 

, and its pH value of 7.17 was not
adjusted prior to the experiment.

 

Sorption experiments

 

All sorption experiments were carried out batchwise in
three replicated runs.

 

Biosorption of As(V) from model solutions by native 
fungal biomass

 

Arsenic solutions with a volume of 50 mL and an As(V)
concentration of 0.251, 0.501, 1.014, 2.555 and 5.176
mg L

 

−

 

1

 

 were prepared in 250 mL beakers. Their pH
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value was adjusted to 5 or 7. Five grams of native
fungal biomass (bAN or bNF) was transferred into each
solution, which was then agitated on a rotary shaker at
140 rpm. After 1 h, the biomass was separated from the
solution by filtration. Arsenic in the filtrate was then
stabilized with redistilled HNO

 

3

 

 and determined by
HG-AAS [19]. The dry weight of biomass was
measured after drying at 105 

 

°

 

C.

 

Biosorption of As(V) and As(III) from model solutions 
by chemically modified and unmodified fungal biomass

 

A series of As(III) and As(V) solutions with a volume
of 50 mL were prepared in 250 mL beakers. The
concentrations of As(III) solutions were 0.968 and
4.191 mg L

 

−

 

1

 

, concentrations of As(V) solutions were
1.014 and 5.176 mg L

 

−

 

1

 

, and their pH was adjusted to 7.
Five grams of native (bAN or bNF) or chemically modi-
fied (bAN-Fe, bAN-HCl, bNF-Fe or bNF-HCl) fungal
biomass was transferred into the solutions and agitated
at 150 rpm. After 1 h, the solutions were filtered, and
the amount of arsenic in the filtrate was determined by
HG-AAS. The dry weight of biomass was measured
after drying at 105 

 

°

 

C.

 

Arsenic removal from natural waters by various types 
of sorbents

 

Natural arsenic-contaminated water (100 mL) was
transferred into 250 mL beakers with 2 g of the desired

inorganic sorbents (Ze, Ze-FeOx, Ze-U, FeOx or FeOx-
U) or biosorbents (dbAN, dbAN-FeOx, dbAN-U, SD,
SD-FeOx, SD-U). The beakers were agitated at 150 rpm
for 24 h. After 24 h, the sorbents were separated by
filtration and dried at 105 

 

°

 

C, and the concentration of
the residual arsenic in the filtrate was determined by
HG-AAS.

 

Results and discussion

 

With increasing initial arsenic concentration, the
biosorption capacity of both fungal strains increased
almost linearly (Figures 1 and 2). This indicates that the
amount of available binding sites did not have a signif-
icant inhibitive effect on arsenic binding in the studied
concentration range.

 

Figure 1. Influence of different initial concentration of As(V), C

 

0

 

, on sorption capacity, S

 

t

 

, of chemically unmodified biomass of 

 

Aspergillus niger

 

 at pH 5 and 7.Figure 2. Influence of different initial concentration of As(V) on sorption capacity of chemically unmodified biomass of 

 

Neosartorya fischeri

 

 at pH 5 and 7.

 

The trends observed in the sorption experiments
were different for the two studied fungal strains. For all
initial arsenic concentrations, bAN had a higher biosorp-
tion capacity at pH 5 (Figure 1), whereas bNF had a
higher biosorption capacity at pH 7 (Figure 2). For both
arsenic species at pH 7, bNF had a higher sorption
capacity than bAN

 

.

 

 However, the biosorption capacity
of bNF was significantly decreased after being modified
with HCl and FeCl

 

3

 

, whereas no significant decrease
was observed with bAN (Figures 3, 4, 5 and 6).

 

Figure 3. Biosorption of As(III) by native and chemically modified fungal biomass (initial As concentration was 0.968 mg L

 

−

 

1

 

).Figure 4. Biosorption of As(V) by native and chemically modified fungal biomass (initial As concentration was 1.014 mg L

 

−

 

1

 

).Figure 5. Biosorption of As(III) by native and chemically modified fungal biomass (initial As concentration was 4.191 mg L

 

−

 

1

 

).Figure 6. Biosorption of As(V) by native and chemically modified fungal biomass (initial As concentration was 5.176 mg L

 

−

 

1

 

).

 

To our knowledge, this is the first publication
comparing arsenic biosorption by different fungal
strains; thus there are no works available to discuss. But
there are several publications comparing the removal of

Figure 1. Influence of different initial concentration of As(V), C0, on sorption capacity, St, of chemically unmodified biomass
of Aspergillus niger at pH 5 and 7.
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other heavy metals by different fungal strains, with
similar results. Acosta 

 

et al.

 

 [20] studied the biosorption
of chromium oxyanions by two fungal strains. The
maximum metal uptake was recorded at pH 2 for one
strain and at pH 4 for the other. Differences in optimum
biosorption pH and biosorption capacity between the

fungal strains tested were also reported by Khattab [21],
Yetis 

 

et al.

 

 [22] and Zafar 

 

et al.

 

 [23], Huang and Huang
[24] assessed Cu removal by untreated and acid-treated
biomass of two fungal strains. Here, acid-washing
enhanced the biosorption capacity significantly for one
strain but had almost no effect on the other. Different

Figure 2. Influence of different initial concentration of As(V) on sorption capacity of chemically unmodified biomass of
Neosartorya fischeri at pH 5 and 7.

Figure 3. Biosorption of As(III) by native and chemically modified fungal biomass (initial As concentration was 0.968 mg L−1).
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results observed in the biosorption experiments can be
explained by differences in the cell wall properties of
the studied fungal strains. It is well known that there is
a great diversity in cell wall composition and structure
between fungi, and also that differences can be found
even between taxonomically related strains [25].

However, this sorption capacity is probably still not
sufficient for practical application, and cost-effective
modification of biomass, such as treatment with ferric

or acids, should be considered to enhance the efficiency
of arsenic uptake.

Another interesting point is that modification with
HCl and FeCl

 

3

 

 didn’t increase the biosorption capacity
of the two fungal strains. Similar results were reported
by Sathishkumar 

 

et al.

 

 [26], who studied the As(V)
uptake by native and pretreated biomass of 

 

Aspergillus
fumigatus.

 

 Treatment with FeCl

 

3

 

 had a negligible effect,
and acid treatment even lowered the maximum

Figure 4. Biosorption of As(V) by native and chemically modified fungal biomass (initial As concentration was 1.014 mg L−1).

Figure 5. Biosorption of As(III) by native and chemically modified fungal biomass (initial As concentration was 4.191 mg L−1).
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adsorption capacity of the biomass. However, in As(III)
biosorption experiments, a significant increase was
recorded after biomass treatment with FeCl

 

3

 

 [11,27].
On the other hand, sorbents treated with FeOx

removed virtually all arsenic from the contaminated
water (Figure 7). The considerable potential of FeOx-
treated biosorbent was also reported by Pokhrel and
Viraraghavan [12]. Many works have also reported high

arsenic removal by FeOx-treated zeolites [28,29]. But
similar to our results, untreated zeolites did not show a
satisfactory arsenic uptake. Although zeolites have very
good cation-exchange properties, their capability to
bind oxyanions such as arsenic is rather low, owing to
their low isoelectric point [29]. Arsenic uptake by
untreated sawdust was negligible. The cell walls of this
biomass are mainly composed of cellulose, which

 

Figure 6. Biosorption of As(V) by native and chemically modified fungal biomass (initial As concentration was 5.176 mg L

 

−

 

1

 

).

Figure 7. Arsenic removal from natural contaminated water (0.330 mg L−1 of total arsenic, pH 7.17) by various types of
(bio)sorbents.
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probably does not offer suitable binding sites for
arsenic. A somewhat higher arsenic uptake by untreated
fungal biomass can be explained by the presence of
chitin in the fungal cell wall. Chitin contains amide
functional groups, which have been proved to be impor-
tant binding sites for arsenic [9].

 

Figure 7. Arsenic removal from natural contaminated water (0.330 mg L

 

−

 

1

 

 of total arsenic, pH 7.17) by various types of (bio)sorbents.

 

The different effect of fungal biomass treatment
with FeCl

 

3

 

 solution (Figures 3, 4, 5 and 6) and with
FeOx (Figure 7) is quite surprising. Ferric cations are
strongly bound by siderophores, present in fungal cell
walls [30]. Because siderophores can also serve as bind-
ing sites for arsenic, modification with FeCl

 

3

 

 could have
reduced the amount of available binding sites for
arsenic [31].

 

Conclusions

 

Biomass is a potential material for water treatment, but
it is also quite specific. In particular, the cell wall, which
is mainly responsible for arsenic binding, is a complex
and diverse structure. Differences in cell wall properties,
often found between fungal strains, were probably also
a cause of the different biosorption behaviour of

 

Aspergillus niger

 

 and 

 

Neosartorya fischeri

 

 observed in
our experiments. These differences need to be kept in
mind when comparing biosorbents and predicting trends.

Although some works quote a positive effect of
FeCl

 

3

 

 treatment on arsenic uptake, our results indicate
that these conclusions may be equivocal. On the other
hand, arsenic removal effectiveness of sorbents coated
with ferric oxyhydroxide was very high. In all cases, this
type of modification led to complete arsenic removal
from contaminated water. Treatment with ferric oxyhy-
droxides can therefore be used to develop a biosorbent
with the desirable efficacy for use in water treatment.
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ý

š š
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a b s t r a c t

Production of volatile derivatives of arsenic was studied using pure cultures of different fungal strains
under laboratory conditions. Arsenic was used in its trivalent and pentavalent forms to evaluate the effect
of arsenic valency on its biovolatilization. The average amount of volatilized arsenic for all fungal strains
ranged from 0.026 mg to 0.257 mg and 0.024 mg to 0.191 mg of trivalent and pentavalent arsenic, respec-
tively. These results show that approximately 23% of arsenic was volatilized from all culture media orig-
inally enriched with approximately 4 and 17 mg L�1 of arsenic in trivalent form. The average amount of
biovolatilized arsenic from culture media originally enriched with 4 and 17 mg L�1 of arsenic in pentava-
lent form was 24% and 16%, respectively. The order of ability of arsenic biovolatilization is Neosartorya
fischeri > Aspergillus clavatus > Aspergillus niger. Toxicity and fungal resistance to trivalent and pentavalent
arsenic were also evaluated based on radial growth and biomass weight.

� 2008 Elsevier Ltd. All rights reserved.

1. Introduction

Arsenic species are widely distributed in nature. Their origin in
soil, water and air is due to various natural processes and to
anthropogenic activities such as volcanic eruptions, weathering
of minerals and rocks, ore production and processing, the applica-
tion of pesticides in agriculture and to the mining and production
of energy from fossil fuels (Matschullat, 2000; WHO, 2001;
Bhattacharya et al., 2002). The amount of arsenic in the environ-
ment can be also influenced by low-temperature biovolatilization.
Arsenic biovolatilization is quite widespread in the environment
(Siegel, 2002; Michalke and Hensel, 2004). Aerobic and anaerobic
microorganisms such as bacteria and microscopic fungi are partic-
ularly responsible for the evolution of volatile arsenic compounds
(Cullen and Reimer, 1989; Bentley and Chasteen, 2002; Meyer et
al., 2007). Volatile derivatives of arsenic (especially arsines,
mono-, di-, tri-methylarsine and arsenic oxides) can often be found
in gases released from natural and anthropogenic environments –
e.g. geothermal gases, sewage treatment plants, lake and marine
sediments, landfill deposits and mining wastes – (Hirner et al.,
1994; Feldmann and Hirner, 1995; Craig and Jenkins, 2004;
Čerňanský et al., 2006). Biological production of volatile com-
pounds is considered to be an important part of the biogeochemi-

cal cycles of metals and metalloids (Craig and Jenkins, 2004; Dopp
et al., 2004; Islam et al., 2007). Volatile arsenic compounds are
more mobile, bioavailable and often more toxic in comparison to
inorganic trivalent and pentavalent arsenic species. For example,
volatile arsines and methylarsines are more toxic as inorganic
trivalent arsenicals; however, volatile methylated arsenic oxides
are less toxic as inorganic As(III) (Vega et al., 2001). Moreover, bio-
volatilization can also be considered to be a bioremediation tool
(Thompson-Eagle and Frankenberger, 1992; Urík et al., 2007). Once
volatile methylated arsenic is in the air, it can easily and rapidly be
oxidized and demethylated, and finally dispersed by air flows
(Gao and Burau, 1997; Pongratz, 1998; Planer-Friedrich and
Merkel, 2006).

The aim of this paper is to study the biovolatilization of As(III)
and As(V) by three strains of microscopic filamentous fungi under
laboratory conditions. The toxicity of both arsenic species was
evaluated by observing the changes in biomass weight and colony
growth of the Neosartorya fischeri strain.

2. Methods

2.1. Strains of microscopic filamentous fungi

The strains of Aspergillus niger, A. clavatus and N. fischeri were
isolated from soil samples collected from a mining site highly con-
taminated with arsenic (Pezinok, Slovakia). The fungi were main-
tained on Sabouraud agar (HiMedia, Mumbai, India).

0960-8524/$ - see front matter � 2008 Elsevier Ltd. All rights reserved.
doi:10.1016/j.biortech.2008.07.030
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2.2. Biovolatilization of arsenic by microscopic filamentous fungi

To observe the evolution of volatile arsenic compounds, 250 mL
Erlenmeyer flasks containing 40 mL of Sabouraud (SAB) medium
were inoculated with a 5 mL spore suspension of 14 day old cul-
tured spores which were cultivated on SAB agar. This suspension
was prepared from pure cultures of A. niger, A. clavatus or N. fischeri
grown at room temperature at a ratio of 10�1 CFU. The SAB med-
ium was autoclaved for 20 min at 121 �C before cultivation. The
SAB medium was then enriched with 0.2 or 0.8 mg of arsenic in tri-
valent or pentavalent form as a solution of NaAsIIIO2 or Na2HAsVO4

to reach concentrations of 4 and 17 mg L�1 of arsenic. The pH was
adjusted to 4 ± 0.1 with 0.1 M HCl. After a 35-day cultivation per-
iod at room temperature, the compact biomass of selected fungi
was separated from the SAB medium. Using fritted glass, the bio-
mass was centrifuged at 3000 rpm for 10 min, and after this first
centrifugation, the fungal biomass was washed by deionized water
and centrifuged again at 3000 rpm for 10 min. This procedure was
carried out to completely remove the culture medium and the
residual solution after centrifugation was added to the culture
medium. The biomass and culture medium were analyzed for total
arsenic concentration by HG AAS (hydride generation atomic
absorption spectrometry) according to Čelková et al. (1996) and
Bujdoš et al. (2000). There were three replicated runs for each
experiment. Non-inoculated controls containing SAB and the de-
sired concentration of arsenic were prepared to determine back-
ground volatilization fluxes of arsenic. Fungal controls were
cultivated in the absence of arsenic.

2.3. Fungal colony growth and biomass weight in the presence of
As(III) and As(V)

Fungal colony growth. The Petri plates (d = 9 cm) with 20 mL of
Sabouraud agar (HiMedia, Mumbai, India), previously autoclaved
for 20 min at 121 �C, were enriched with 2.5 mL of NaAsIIIO2 or
Na2HAsVO4 solution to reach concentrations of 4, 17 and 40 mg L�1

of arsenic. The Petri plates were covered and the culture medium
was gently mixed. After culture medium cooling, 20 ll of N. fischeri
spore suspension (10�1 CFU) was placed under aseptic conditions
in the centre of the medium. The radial expansion was recorded

daily during the 5-day cultivation period, and fungal controls were
also cultivated in the absence of arsenic.

Fungal biomass weight . Hundred milliliter Erlenmeyer flasks
with 40 mL of SAB medium were enriched with NaAsIIIO2 or Na2-

HAsVO4 solution to reach concentrations of 17 and 40 mg L�1 of ar-
senic. The pH was adjusted to 4 ± 0.1 with 0.05 M HCl. The systems
were then inoculated with a 5 mL spore suspension of N. fischeri
and cultivated for 35 days. The biomass after 5, 10, 15, 20, 25, 30
and 35 day cultivation was separated from the SAB medium, dried
at 100 �C and weighed. Fungal controls were also cultivated in the
absence of arsenic.

3. Results

The ability of A. niger, A. clavatus and N. fischeri to volatilize tri-
valent and pentavalent arsenic is demonstrated by results shown
in Tables 1 and 2. The results were calculated as the difference be-
tween the content of total arsenic before cultivation and the sum of
arsenic in the biomass and SAB medium. All fungal strains were
capable of biovolatilizing trivalent and pentavalent arsenic species,
with no extremely significant difference between the biovolatiliza-
tion of trivalent and pentavalent arsenic. However, the A. niger and
N. fischeri strains biovolatilized a little higher amount of trivalent
arsenic than pentavalent arsenic, while the biovolatilization of tri-
valent arsenic by the A. clavatus strain was higher only in the pres-
ence of higher arsenic content. The average amount of volatilized
arsenic for all fungal strains ranged from 0.026 mg to 0.257 mg
and 0.024 mg to 0.191 mg of trivalent and pentavalent arsenic,
respectively. These results show that approximately 23% of arsenic
was volatilized from all culture media originally enriched with
approximately 4 and 17 mg L�1 of arsenic in trivalent form. The
average amount of biovolatilized arsenic from culture media orig-
inally enriched with 4 and 17 mg L�1 of arsenic in pentavalent form
was 24% and 16%, respectively. The order of ability of arsenic bio-
volatilization is N. fischeri > A. clavatus > A. niger. Fungal controls
cultivated in the absence of arsenic contained no arsenic, and no
loss of arsenic was observed in non-inoculated controls (SAB and
desired concentration of arsenic).

According to the highest arsenic biovolatilization ability, the N.
fischeri strain was selected to observe the influence of trivalent and

Table 1
Biovolatilization of trivalent arsenic by different fungal strains after 35-day cultivation period (initial arsenic content in SAB medium before cultivation was 0.201 mg and
0.848 mg, which represents 4.02 and 16.96 mg L�1 of arsenic; n = 3)

Fungal strain Initial arsenic content in SAB
media before cultivation (mg)

Dry weight of
biomass (g)

Arsenic content in
biomass (mg)

Calculated amount of
biovolatilized arsenic (mg)

Amount of biovolatilized
arsenic (%)

Aspergillus clavatus 0.201 1.368 ± 0.04 0.002 ± 0.0005 0.038 ± 0.003 18.84
Aspergillus clavatus 0.848 1.299 ± 0.16 0.006 ± 0.0010 0.166 ± 0.050 19.53
Aspergillus niger 0.201 1.959 ± 0.04 0.005 ± 0.0004 0.026 ± 0.003 12.80
Aspergillus niger 0.848 1.889 ± 0.09 0.015 ± 0.0013 0.143 ± 0.016 16.92
Neosartorya fischeri 0.201 1.551 ± 0.05 0.003 ± 0.0006 0.074 ± 0.007 36.65
Neosartorya fischeri 0.848 1.571 ± 0.05 0.011 ± 0.0006 0.257 ± 0.010 30.36

Table 2
Biovolatilization of pentavalent arsenic by different fungal strains after 35-day cultivation period (initial arsenic content in SAB medium before cultivation was 0.212 mg and
0.853 mg, which represents 4.24 and 17.06 mg L�1 of arsenic; n = 3)

Fungal strain Initial arsenic content in
SAB media before cultivation (mg)

Dry weight of
biomass (g)

Arsenic content in
biomass (mg)

Calculated amount of
biovolatilized arsenic (mg)

Amount of biovolatilized
arsenic (%)

Aspergillus clavatus 0.212 1.271 ± 0.10 0.002 ± 0.0000 0.059 ± 0.004 27.96
Aspergillus clavatus 0.853 1.279 ± 0.08 0.007 ± 0.0005 0.121 ± 0.050 14.19
Aspergillus niger 0.212 1.971 ± 0.14 0.005 ± 0.0006 0.024 ± 0.001 11.23
Aspergillus niger 0.853 1.813 ± 0.18 0.018 ± 0.0030 0.093 ± 0.029 10.91
Neosartorya fischeri 0.212 1.442 ± 0.02 0.002 ± 0.0002 0.067 ± 0.006 31.57
Neosartorya fischeri 0.853 1.364 ± 0.09 0.010 ± 0.0016 0.191 ± 0.012 22.45
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pentavalent arsenic (4, 17 and 40 mg L�1 of arsenic) on radial
growth and biomass weight of this strain. Fig. 1 shows the changes
in the radial growth of N. fischeri during 5 days. Both trivalent and
pentavalent arsenic significantly reduced radial growth only when
in a concentration of 40 mg L�1, and the growth effect using 4 and
17 mg L�1 of trivalent and pentavalent arsenic was very similar to
the non-arsenic controls. Biomass weight changes in the N. fischeri
strain are shown in Fig. 2. The highest biomass weight was ob-
served after 10 days cultivation using 0 and 17 mg L�1 of trivalent
and pentavalent arsenic. In systems with trivalent and pentavalent
arsenic, the biomass weight was higher than in systems without
arsenic. After a 10-day cultivation period, the biomass weight
was found to be constant or a bit lower. Using 40 mg L�1 of triva-
lent and pentavalent arsenic, the highest biomass weight was ob-
served 10 days later when compared to the non-arsenic controls.
In the following days, the biomass weight was observed to be rel-
atively constant.

4. Discussion

The toxicity of most organic methylated arsenicals is much less
than that of inorganic arsenic species (Caussy, 2003; Stolz et al.,

2006; Islam et al., 2007; Řezanka and Sigler, 2008). It appears that
even trimethylarsine (TMA), which is considered with inorganic ar-
sine to be the most toxic arsenic species, has low toxicity potential
as recently reported by Cullen and Bentley (2005). Biomethylation
of arsenic is considered to be a detoxifying process (Sakurai, 2003),
following the excretion via volatilization of methylated arsenic
species which reduces its toxicity for microorganisms. Although
the final product of biomethylation is trivalent trimethylarsine,
its volatilization lowers the arsenic concentration in both the med-
ium and in the cell, thus preventing its accumulation in cells and
augmenting its detoxification (Qin et al., 2006). The biovolatiliza-
tion ability of various microbial strains is very variable and it most
likely depends on many environmental factors. Results in this pa-
per are comparable to those of other researchers. Visoottiviseth
and Panviroj (2001) observed that the extremely arsenic-resistant
fungal species Penicillium sp. is capable of volatilizing 25.82–
43.94 lg of arsenic during a 5-day cultivation period. Similar to
this study, authors also reported that there is no biovolatilization
difference whether trivalent or pentavalent arsenic is used.
Although, trivalent arsenic is considered a more toxic species than
pentavalent arsenic (Cervantes et al., 1994; Smedley et al., 1996).
Moreover, the biovolatilization of trivalent species can be a bit
higher in comparison with the pentavalent species. This is most
likely due to the higher toxicity of trivalent arsenic resulting in
an increased biovolatilization process, or alternatively, there is no
difference in toxicity of either trivalent or pentavalent arsenic for
fungal strains. This latter proposition is more likely since there is
no difference in the radial growth rate and the biomass weight
whether trivalent or pentavalent arsenic is used (Figs. 1 and 2).
Ngu et al. (1998) observed the stimulation in radial growth in
the presence of low and intermediate initial concentrations of ar-
senic for several Fusarium strains. It appears that arsenic toxicity
is correlated with the initial arsenic concentration ( Figs. 1 and
2), and that the biovolatilization rate is also affected by the initial
arsenic concentration (Tables 1 and 2). While there is more total
arsenic removed from the medium (0.093–0.191 mg of arsenic)
where there is a higher initial arsenic concentration (17 mg L�1

of arsenic), the percentage removal of arsenic is higher when the
initial arsenic concentration is lower. This effect was observed in
the biovolatilization of pentavalent arsenic by all fungal strains,
where as in trivalent arsenic it was seen only in the N. fischeri
strain. Visoottiviseth and Panviroj (2001) also reported this same
effect. According to these observations, it seems that arsenic bio-
volatilization is a species-dependent phenomenon. However,
Pearce et al. (1998) found that there was no correlation between
the initial concentration of arsenic in the media and the amount
of volatilized arsenic. The highest biovolatilization capacity for
both trivalent and pentavalent arsenic (total arsenic removed and
percentage arsenic removal) was observed using the N. fischeri
strain.

5. Conclusion

The results of this paper demonstrate that fungi are capable of
biovolatilizing arsenic under laboratory conditions. Moreover,
there is no significant difference between biovolatilization of triva-
lent and pentavalent arsenic. It appears that the initial arsenic con-
centration is more important in the reduction of biovolatilization
in comparison to the valency of the arsenic species. Thus, micro-
scopic fungi can play an important role in the bioconversion of
inorganic arsenic to its organic forms. Therefore, biovolatilization
of arsenic, together with other microbial processes such as oxida-
tion, reduction, alkylation, and dealkylation represent significant
processes influencing the volatility, mobility, toxicity and bioavail-
ability of arsenic in the environment. As our knowledge concerning
the emission of gaseous arsenic from various natural and anthro-

Fig. 2. Changes in biomass weight of the Neosartorya fischeri strain. Initial arsenic
concentration in the cultivation medium was 0, 17 and 40 mg L�1 trivalent and
pentavalent arsenic.

Fig. 1. Colony growth of the Neosartorya fischeri strain. Initial arsenic concentration
in the cultivation medium was 0, 4, 17 and 40 mg L�1 trivalent and pentavalent
arsenic.
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pogenic substrates increases, the role of biomethylation in nature
will become more fully appreciated (Thayer, 2002).
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Vega, L., Stýblo, M., Patterson, R., Cullen, W., Wang, C., Germolec, D., 2001.
Differential effects of trivalent and pentavalent arsenicals on cell proliferation
and cytokine secretion in normal human epidermal keratinocytes. Toxicol. Appl.
Pharmacol. 172, 225–232.

Visoottiviseth, P., Panviroj, N., 2001. Selection of fungi capable of removing toxic
arsenic compounds from liquid medium. Science Asia 27, 83–92.

WHO, 2001. Arsenic and Arsenic Compounds. Environmental Health Criteria 224,
second ed. World Health Organization, Geneva.
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Abstract The quantification of arsenic biovolatilization
by microscopic filamentous fungi Aspergillus clavatus,
A. niger, Trichoderma viride and Penicillium glabrum
under laboratory conditions is discussed in this article.
The fungi were cultivated on a liquid medium enriched
with inorganic arsenic in pentavalent form (H3AsO4).
Filamentous fungi volatilized 0.010 mg to 0.067 mg
and 0.093 mg to 0.262 mg of arsenic from cultivation
systems enriched with 0.25 mg (5 mg.l−1 of arsenic in
culture media) and 1.00 mg of arsenic (20 mg.l−1 of
arsenic in culture media), respectively. These results
represent the loss of arsenic after a 30-day cultivation
from cultivation systems. The production of volatile

arsenic derivatives by theA. niger and A. clavatus strains
was also determined by hourly sorption using the
sorbent Anasorb (CSC) on the 29th day of cultivation.

Keywords Arsenic . Biovolatilization . Fungi .

Microorganisms . Bioremediation

1 Introduction

Arsenic is widely distributed in natural environments.
Recently, the environmental fate and behaviour of
arsenic has received increasing attention due to its
toxic effects on human health (Vahter and Concha
2001; Stýblo et al. 2002; Slaninka et al. 2006).
Consequently, the use of microorganisms in bioreme-
diation of metal(loid) contaminated sites is gaining
more attention (Huang and Huang 1996; Hiller 2003;
Volesky 2003). The search for an effective treatment
technology for the removal of metal(loid) ions
includes the use of differing strategies including
biovolatilization (Thompson-Eagle and Frankenberger
1992; Gadd and White 1993). Biovolatilization is an
enzymatic conversion of organic and inorganic com-
pounds of metal(loid)s into their volatile derivatives
by an intracellular biochemical reaction, which is
well-known as biomethylation (Cullen and Reimer
1989; Michalke et al. 2000; Mukhopadhyay et al.
2002). Biovolatilization of arsenic is a natural
process, which occurs in natural as well as in
anthropogenic environments, where fungi are wide-
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spread, abundant and geochemically reactive compo-
nents (Visoottiviseth and Panviroj 2001; Turpeinen et
al. 2002).

The aim of this work is to study the biovolatilization
of arsenic by fungal strains, originally isolated from a
site highly contaminated with arsenic, under laboratory
conditions and thereby to evaluate possible application
of filamentous fungi in the bioremediation of arsenic
contaminated substrates.

2 Materials and Methods

2.1 Strains of Microscopic Filamentous Fungi

Strains of Penicillium glabrum, Trichoderma viride,
Aspergillus clavatus and Aspergillus niger A were
isolated from soil samples collected from site highly
contaminated with arsenic (Pezinok – Kolársky vrch,
Slovakia). The fungi were maintained on Sabouraud
agar (HiMedia, Mumbai, India). The Aspergillus
niger B strain was isolated from uncontaminated
garden soil and was maintained on Sabouraud agar.

2.2 Biovolatilization of Arsenic by Microscopic
Filamentous Fungi

To study the production of volatile arsenic compounds,
100ml Erlenmeyer flasks containing 40ml of Sabouraud
(SAB) medium were inoculated with a 5 ml spore
suspension of 14 day old culture spores cultivated on
Sabouraud agar. This suspension was prepared from
pure cultures of Penicillium glabrum, Trichoderma
viride, Aspergillus clavatus and Aspergillus niger A
and B grown at room temperature at a ratio of 10−1

CFU. The SAB medium was autoclaved for 20 min at
121°C before inoculation. The SAB medium was then
enriched with 0.25 or 1.0 mg of arsenic in pentavalent
form as a solution of arsenic acid (Merck, Germany,
H3AsO4 in 0.5 mol.l−1 HNO3) to reach concentrations
of 5 and 20 mg.l−1 of arsenic. After a 30-day
cultivation, the compact biomass of selected fungi was
separated from the SAB medium. The biomass and
SAB medium were analyzed for total arsenic concen-
tration by HG AAS (hydride generation atomic
absorption spectrometry) according to Čelková et al.
(1996) and Bujdoš et al. (2000) (see below). There
were three replicated runs for each experiment. Non-
inoculated controls (SAB and desired concentration of

arsenic) were prepared to determine background vola-
tilization fluxes of arsenic. There were fungal controls
cultivated in the absence of arsenic.

Volatile arsenic metabolites from mycelial head-
spaces were captured using selective sorbent sample
tubes (Anasorb CSC with sorption material made
from coconut shell charcoal, SKC, USA). For this
procedure, a Pocket Pump 210-1002 (SKC) with a
defined flow rate of 100 ml.min−1 and a sorption time
of 1 h was used. Cultivation systems that contained
40 ml of the SAB medium, 5 ml of spore suspension
of the Aspergillus niger A and Aspergillus clavatus
strains and 1.00 and 2.50 mg of arsenic in pentavalent
form were prepared, respectively, to reach concen-
trations of 20 and 50 mg.l−1 of arsenic in the
cultivation systems. The biovolatilization of arsenic
was measured on the 29th day of cultivation. The
controls were sorbent tubes, which sorbed laboratory
air for 1 h and unused sorbent tubes.

The dry mass of the fungus was determined by
drying mycelium at 40°C to a constant weight.

2.3 Analytical Method

The arsenic standard was prepared using a dilution of
stock solutions of As 1.000 g.l−1 (Merck, Germany,
H3AsO4 in 0.5 mol.l−1 HNO3).

Decomposition of samples Step 1 0.18 to 0.59 g of
dry mass of the sample was digested with 5 ml of
concentrated HNO3 in a stainless-steel coated
polytetrafluoroethylene (PTFE) pressure bomb at
160°C in an electric oven for 6 h. The cool digest
was transferred into a 50 ml volumetric flask, made
up to mark with deionized water and mixed. Step 2:
Before a 25 ml of the digest was transferred into a
PTFE beaker, 5 ml of concentrated H2SO4 was added,
covered and digested on the sand bath for 3 h. The
solution was then evaporated to approximately 5 ml,
transferred to a 25 ml volumetric flask and made up to
the required volume.

Arsenic determination The total concentration of
arsenic in the biomass and culture medium was
analyzed by using hydride generation atomic absorp-
tion spectrometry (HG AAS), using Perkin-Elmer
Atomic Absorption Spectrometer model 1100 (USA)
equipped with a hydride generator Labtech HG-2
(Czech Republic).
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Pre-reduction with KI HG AAS requires arsenic to be
present in the As(III) form in the sample solution. An
efficient pre-reduction step must be involved in the
analytical procedure. A 5 ml aliquot of the decom-
posed sample solution, standard and culture medium
was transferred to a 50 ml volumetric flask. 20 ml of
re-distilled water, 5 ml of concentrated HCl and 2 ml
of 20% m/v KI solution were added. After 15 min,
2 ml of 10% m/v ascorbic acid solution was added
and this solution was left for 60 min.

Verification of analytical procedure Accuracy of the
entire analytical procedure was tested by analyses of
certified reference materials (CRM) of plants NCS
DC 73349 (Bush Branches and Leaves) and NCS DC
73350 (Poplar Leaves), human hair NCS DC 73347,
all from China National Analysis Centre for Iron and
Steel, Beijing, China and soil CRM SO-4 (CANMET,
Canada), containing a high content of organic matter.
All results were consistent with certified values.

3 Results

The ability of filamentous fungi to volatilize arsenic is
demonstrated by the results shown in Tables 1 and 2.
These results were calculated as the difference
between the content of total arsenic before cultivation
and the sum of arsenic in the biomass and SAB
medium. The average amount of volatilized arsenic
for all fungal strains ranged from 0.010 mg to
0.067 mg of arsenic for cultivation systems originally
enriched with 0.25 mg of inorganic arsenic. For
systems enriched with 1.0 mg of inorganic arsenic,
the amount of arsenic volatilized by these species was
higher (0.093–0.262 mg of arsenic).

There was no arsenic in cultivated fungal controls.
No loss of arsenic was determined in the cultivation
systems witch lacked microorganisms. These systems
also included only a 45 ml SAB medium which was
only enriched with only the desired amount of
arsenic.

The Aspergillus niger A and Aspergillus clavatus
strains were then used for the direct determination of
the production of volatile arsenicals on the 29th day of
cultivation in a cultivation system enriched with 1.00
and 2.5 mg of inorganic arsenic, respectively. The
direct determination of volatilized arsenic was carried
out by capturing volatile arsenicals on sorption material
(sorbent tubes). The amount of arsenic captured on
sorption material (Table 3) was 40.7 and 39.98 ng of
arsenic for the Aspergillus clavatus and Aspergillus
niger A strains, respectively. No arsenic was deter-
mined in either type of control for sorption material.

4 Discussion

Tables 1 and 2 show clear evidence of the biovolatili-
zation of arsenic due to fungal activity. This identical
method for the calculation of biovolatilized arsenic
from cultivation systems was used by Visoottiviseth
and Panviroj (2001). From all isolated strains, they
identified the Penicillium sp. strain as the best arsenic-
biovolatilizing fungus and it volatilized 0.027–
0.043 mg of arsenic (initial arsenic concentration was
10 mg.l−1). These results are comparable to the
observations presented in this paper. Pearce et al.
(1998) isolated the Scopulariopsis brevicaulis fungal
strain which biovolaitlized 0.007–0.014 mg of arsenic
after a 7 day cultivation from culture medium. Initial
concentrations of arsenic in the media were 5 to
300 mg.l−1 of arsenic. Michalke et al. (2000) deter-

Table 1 Biovolatilization of arsenic by different fungal strains after a 30-day cultivation period (initial arsenic content in SAB
medium before cultivation was 0.25 mg, which represents 5 mg.l−1 of arsenic; n=3)

Fungal
strain

Arsenic content (mg)
in SAB media

Dry weight of
biomass (g)

Arsenic content in
biomass (mg)

Calculated amount of
biovolatilized arsenic (mg)

Amount of
biovolatilzed arsenic
(%)

Penicillium glabrum 0.018±0.002 0.431±0.075 0.170±0.038 0.063±0.037 25.2
Trichoderma viride 0.235±0.010 0.183±0.008 0.001±0.001 0.010±0.007 4.0
Aspergillus clavatus 0.190±0.020 0.349±0.004 0.010±0.002 0.050±0.018 20.0
Aspergillus niger A 0.167±0.010 0.562±0.088 0.015±0.001 0.067±0.011 26.8
Aspergillus niger B 0.209±0.020 0.596±0.015 0.019±0.001 0.023±0.019 9.2
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mined various volatile arsenic species in the headspace
of sewage sludge during 7 day cultivation at 37°C. The
content of volatile arsenic species in the headspace was
AsH3 0,76 μg.l−1; MMA 0,68 μg.l −1; DMA 0,51 μg.
l −1; TMA 3,3 μg.l −1. Volatile arsenic species have also
been detected in gases released from various anthropo-
genic environments such as waste water treatment
plants, waste deposits or main tailing sites (Solozhenkin
et al., 1987; Čerňanský et al. 2006) and also from
environments not significantly affected by anthro-
pological activities (Hirner et al. 1998a, b).

The metabolic transformation of arsenic into its
volatile derivatives by fungi was observed in all
cultivation systems and for all fungal strains. But not all
fungal strains were able to biovolatilize the same amount
of arsenic. The most active arsenic-biovolatilizing
organisms were the Penicillium glabrum and Aspergillus
niger B strains. However, application of microorgan-
isms for the remediation does not require cultivation of
the particular organism for arsenic removal from the
solid substrates, because biovolatilization was observed
for all fungal species. The amount of released volatil-
ized metalloids from soils, sediments and waters by

indigenous fungi may be enhanced by the optimization
of environmental parameters affecting volatilization,
such as the addition of soil nutrients and moisture and
aeration regulation (Thompson-Eagle et al. 1989,
1991; Thompson-Eagle and Frankenberger 1992;
Frankenberger and Arshad 2001). However, Edvantoro
et al. (2004) used augmentation of particular arsenic
volatilizing fungal strains (Penicillium sp. and Ulocla-
dium sp.) for remediation of cattle-dip site soils
contaminated with arsenic.

Here, it was observed that the amount of volatilized
arsenic depends on the initial arsenic concentrations in
the SAB medium. A higher ability of fungi to
biovolatilize arsenic was observed with increasing
initial concentration of arsenic. It seems that a higher
arsenic concentration in association with its toxicity
leads to more intensive fungal arsenic metabolic
activity, resulting in the formation of volatile arsenic
derivatives. These are mostly methylated arsenic com-
pounds, which are metabolites of intracellular mecha-
nism known as the Challenger pathway for arsenic
biomethylation (Challenger 1945). Biomethylation is
often regarded as a method for the detoxification of

Table 3 Biovolatilization of arsenic by different fungal strains after a 30-day cultivation period (initial arsenic content in SAB
medium before cultivation was 1.00 and 2.5 mg, which represent 20 and 50 mg.l−1 of arsenic, respectively) and the amount of hourly
biovolatilized arsenic sorbed from the headspace of the fungal strains on the 29th day of cultivation

Fungal
strain

Arsenic content
(mg) in SAB
media before
cultivation

Arsenic
content (mg)
in SAB media
after
cultivation

Dry weight of
biomass (g)

Arsenic
content in
biomass
(mg)

Calculated
amount of
volatilized
arsenic (mg)

Amount of hourly
biovolatilized arsenic
on the 29th day of
cultivation (ng)

Amount of
biovolatilzed
arsenic after
30-day
cultivation (%)

Aspergillus
clavatus

2.5 mg 0.243±0.018 0.245±0.028 0.736±0.028 1.522±0.023 40.70±16.24 60.88

Aspergillus
niger A

1.0 mg 0.692±0.032 0.461±0.010 0.056±0.001 0.252±0.032 36.98±17.84 25.2

Table 2 Biovolatilization of arsenic by different fungal strains after a 30-day cultivation period (initial arsenic content in SAB
medium before cultivation was 1.00 mg, which represents 20 mg.l−1 of arsenic; n=3)

Fungal
strain

Arsenic content (mg)
in SAB media

Dry weight of
biomass (g)

Arsenic content in
biomass (mg)

Calculated amount of
biovolatilized arsenic (mg)

Amount of
biovolatilzed arsenic
(%)

Penicillium glabrum 0.070±0.013 0.495±0.014 0.668±0.030 0.262±0.035 26.2
Trichoderma viride 0.843±0.019 0.286±0.042 0.062±0.010 0.093±0.019 9.3
Aspergillus clavatus 0.722±0.004 0.373±0.042 0.057±0.009 0.221±0.012 22.1
Aspergillus niger A 0.692±0.032 0.461±0.010 0.056±0.001 0.252±0.032 25.2
Aspergillus niger B 0.843±0.019 0.545±0.026 0.055±0.008 0.103±0.022 10.3
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arsenic by different microorganisms (Sakurai 2003;
Qin et al. 2006). However, Pearce et al. (1998) found
that there was no correlation between the initial
concentration of arsenic in the media and the amount
of volatilized arsenic.

One interesting result is the difference in the amount
of biovolatilized arsenic by the Aspergillus niger strains
isolated from the contaminated and uncontaminated
substrates. This higher ability to volatilize arsenic was
observed for the Aspergillus niger B strain, which was
originally isolated from an uncontaminated substrate.
The variability in biovolatilization may be due to the
different strategies used to deal with toxic arsenic
compounds. The strain isolated from contaminated soil
is considered to decreases the uptake of arsenic by
enhanced production of melanin, which may bind this
toxic element (Fogarty and Tobin 1996). However, this
does not exclude the enzymatic intracellular transfor-
mation of arsenic.

5 Conclusion

This work explores the biovolatilization of arsenic by
different fungal strains, which were originally isolated
from a locality highly contaminated with arsenic. We
have observed that all isolated fungal strains are
capable of biovolatilizing arsenic under laboratory
conditions. This research suggests the possible appli-
cation of microscopic filamentous fungi in bioreme-
diation strategies due to the great amount of the
microbially volatilized arsenic in a relatively short
time. Additionally, there is no need to add fungal
inoculum to the contaminated substrate, because this
environment already contains fungal strains capable
of biovolatilizing arsenic.
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Introduction

Arsenic is a ubiquitous and potentially toxic element in the
environment. Its mobility and bioavailability is influenced
not only by abiotic factors (Sadiq 1997, Slaninka et al. 2006),
but also by microorganisms, especially fungi, bacteria and
algae (Gadd 1993). General microbial processes affecting
arsenic behavior in soils, sediments and waters are biosorp-
tion and biovolatilization.

Biosorption is defined as a physico-chemical interaction
which may occur between metal(loid)s and cellular com-
pounds (polysaccharides, proteins and lipids) with amino,
carboxyl, phosphate and sulfate groups (Volesky 2003).
While biosorption is a mechanism of metal(loid) immobili-
zation by biomass; biovolatilization increases mobility of
metal(loid)s in the environment. Biovolatilization is an en-
zymatic conversion of inorganic or organic compounds of
metal(loid)s into their volatile derivates by an intracellular
biochemical reaction, which is well-known as biomethylation
(Cullen & Reimer 1989, Michalke et al. 2000, Stýblo et al.
2002, Mukhopadhyay et al. 2002). Biovolatilization and
biosorption are natural processes responsible for the suc-
cess of bioremediation of environments contaminated with
toxic metal(loid)s (Thompson-Eagle & Frankenberger 1992).
They have also been established as effective mechanisms for
metal(loid) removal under laboratory conditions (Turpeinen
et al. 2002, Visoottiviseth & Panviroj 2001).

The aim of this work was to study the biosorption and
biovolatilization of arsenic by heat-resistant fungi under labo-
ratory conditions, and thereby to evaluate the possible ap-
plication of filamentous fungi for bioremediation of arsenic-
contaminated substrates. We were also interested in the
possible influence of different initial pH values on biovolatili-
zation because of the lack of information in the literature
concerning this topic.

1 Material and Methods

1.1 Isolation of microscopic filamentous fungi

Strains of Neosartorya fischeri, Talaromyces wortmannii, Tala-
romyces flavus and Eupenicillium cinnamopurpureum were
isolated from soil samples after heating to 70°C for 30 min in
Sabouraud agar (SAB – HiMedia Laboratories Ltd., Mum-
bai, India) with Rose Bengal under laboratory conditions
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Abstract

Goal, Scope and Background. The aim of this work is to show the
ability of several fungal species, isolated from arsenic polluted soils,
to biosorb and volatilize arsenic from a liquid medium under labora-
tory conditions. Mechanisms of biosorption and biovolatilization play
an important role in the biogeochemical cycle of arsenic in the envi-
ronment. The quantification of production of volatile arsenicals is
discussed in this article.
Methods. Heat-resistant filamentous fungi Neosartorya fischeri,
Talaromyces wortmannii, T. flavus, Eupenicillium cinnamopurpureum,
originally isolated from sediments highly contaminated with arsenic
(more than 1403 mg.l–1 of arsenic), and the non-heat-resistant fungus
Aspergillus niger were cultivated in 40 mL liquid Sabouraud medium
(SAB) enriched by 0.05, 0.25, 1.0 or 2.5 mg of inorganic arsenic
(H3AsO4). After 30-day and 90-day cultivation under laboratory con-
ditions, the total arsenic content was determined in mycelium and SAB
medium using the HG AAS analytical method. Production of volatile
arsenic derivates by the Neosartorya fischeri strain was also determined
directly by hourly sorption using the sorbent Anasorb CSC (USA).
Results. Filamentous fungi volatilized 0.025–0.321 mg of arsenic from
the cultivation system, on average, depending on arsenic concentra-
tions and fungal species. The loss of arsenic was calculated indirectly
by determining the sum of arsenic content in the mycelium and cul-
ture medium. The amount of arsenic captured on sorption material
was 35.7 ng of arsenic (22nd day of cultivation) and 56.4 ng of ar-
senic (29th day of cultivation) after one hour's sorption. Biosorption
of arsenic by two types of fungal biomass was also discussed, and the
biosorption capacity for arsenic of pelletized and compact biomass of
Neosartorya fischeri was on average 0.388 mg and 0.783 mg of ar-
senic, respectively.
Discussion. The biosorption and amount of volatilized arsenic for
each fungal species was evaluated and the effect of initial pH on the
biovolatilization of arsenic was discussed.
Conclusions. The most effective biovolatilization of arsenic was ob-
served in the heat-resistant Neosartorya fischeri strain, while biotrans-
formation of arsenic into volatile derivates was approximately two
times lower for the non-heat-resistant Aspergillus niger strain.
Biovolatilization of arsenic by Talaromyces wortmannii, T. flavus,
Eupenicillium cinnamopurpureum was negligible. Results from
biosorption experiments indicate that nearly all of an uptaken arsenic
by Neosartorya fischeri was transformed into volatile derivates.
Recommendations and Perspectives. Biovolatilization and biosorption
have a great potential for bioremediation of contaminated localities.
However, results showed that not all fungal species are effective in the
removal of arsenic. Thus, more work in this research area is needed.
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ioez.tu-freiberg.de)
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(Jesenská et al. 1993, Piecková et al. 1994). Fungi were
maintained on Sabouraud agar. Soils were collected from a
locality highly contaminated with arsenic (Pezinok – Kolársky
vrch, Slovakia). The non-heat-resistant Aspergillus niger
strain was isolated from non-contaminated garden soil and
was maintained on Sabouraud agar. All fungal species were
identified at the Institute of Geology.

1.2 Biovolatilization of arsenic by heat-resistant and
non-heat-resistant filamentous fungi

To study the production of volatile arsenic compounds,
100 mL Erlenmeyer flasks containing 40 mL of Sabouraud
(SAB) medium were inoculated with 5 mL spore suspen-
sion. This suspension was prepared from cultures of Neo-
sartorya fischeri, Talaromyces wortmannii, T. flavus, Eupeni-
cillium cinnamopurpureum or Aspergillus niger grown at
room temperature in tubes containing Sabouraud agar. The
SAB medium was autoclaved for 20 minutes at 121°C be-
fore inoculation. The SAB medium was then enriched with
0.25 or 1.0 mg of arsenic in pentavalent form as a solution
of arsenic acid (Merck, Germany, H3AsO4 in 0.5 mol.L–1

HNO3). After 30-day cultivation, compact biomasses of se-
lected fungi were separated from the SAB medium. The
mycelium and SAB medium were analyzed for total arsenic
concentration by HG AAS (hydride generation atomic ab-
sorption spectrometry) according to Bujdoš et al. (2000) and
Hagarová & ðemberyová (2005) (see point 1.5 below). There
were three replicated runs for each experiment. Non-inocu-
lated controls (SAB and desired concentration of arsenic)
were prepared to determine non-spontaneous evolution of
volatile arsenic. There were fungal controls cultivated in the
absence of arsenic.

Volatile arsenic metabolites from mycelial headspaces were
captured using selective sorbent sample tubes (Anasorb
CSC with sorption material made from coconut shell char-
coal, SKC Inc. USA). For this procedure, a Pocket Pump
210-1002 (SKC Inc., USA) with a defined flow rate of
100 mL.min–1 and a sorption time of one hour was used.
Cultivation systems that contained 5 mL of spore suspen-
sion of the Neosartorya fischeri strain, 40 mL of SAB me-
dium and 0.05 mg of arsenic in pentavalent form were pre-
pared. The biovolatilization of arsenic was measured on the
22nd and the 29th day of cultivation. The controls were
sorbent tubes, which sorbed laboratory air for one hour,
and unused sorbent tubes.

The dry matter of fungus was determined by drying myce-
lium at 40°C to a constant weight.

1.3 Biosorption of arsenic by compact and pelletized form
of Neosartorya fischeri

45 ml of deionized water was enriched with 5 mL of solu-
tion with 2.5 mg of arsenic in pentavalent form (Merck,
Germany, H3AsO4 in 0.5 mol.L–1 HNO3). Compact mycelia
were prepared by inoculation of 45 mL SAB medium with
5 mL spore suspension of Neosartorya fischeri. After a 30-
day cultivation, compact microbial biomass (mycelium) was
separated and moved to the prepared arsenic solution for
one hour. A pelletized form of mycelium was prepared by

12-day cultivation of a 10 mL spore suspension in 100 mL
SAB medium on the shaker (90 rpm; Unimax 2010, Hei-
dolph, Germany). Pellets had a spherical shape with a maxi-
mum radius of 0.5 cm. The biomass was than filtered and
moved to a prepared solution of arsenic for biosorption.
After an hour's sorption, compact and pelletized biomasses
were analyzed for the total content of arsenic by HG AAS.
All experiments were replicated in three runs.

1.4 Biovolatilization of arsenic by strain Neosartorya fischeri
in neutralized and non-neutralized systems

Two systems were prepared. The first contained 40 mL SAB
medium, 5 mL spore suspension of the Neosayrtorya fischeri
strain and 5 mL arsenic solution with 2.5 mg of arsenic in
pentavalent form. The pH value of this system was 1.8±0.1.
The second system contained the same, but its pH value
was adjusted to pH 7±0.1 by using 0.1 and 1 M solution of
NaOH. After a 90-day cultivation, the SAB medium and
mycelium were analyzed for total content of arsenic. All
experiments were replicated in three runs.

1.5 Analytical method

The arsenic standard was prepared by a dilution of stock
solutions of As 1.000 g.L–1 (Merck, Germany, H3AsO4 in
0.5 mol.L–1 HNO3).

Decomposition of samples: Each sample was digested with
5 mL of concentrated HNO3 in a stainless-steel coated
polytetrafluoroethylene (PTFE) pressure bomb at 160°C in
an electric oven for 6 hours. The cool digest was transferred
into a 50 mL volumetric flask and mixed. A 25 mL portion
of solution was transferred into a PTFE beaker, 5 mL of
concentrated H2SO4 was added and covered and digested
on the sand bath for three hours. The solution was then
evaporated to approximately 5 mL, transferred to a 15 mL
volumetric flask and made up to the volume required.

Arsenic determination: The total concentration of arsenic
in the mycelium and culture medium was analyzed by us-
ing hydride generation atomic absorption spectrometry
(HG AAS), using the Perkin-Elmer Atomic Absorption Spec-
trometer model 1100 (USA) equipped with a hydride gen-
erator Labtech HG-2 (Czech Republic).

Pre-reduction with KI: HG AAS requires arsenic to be present
in the As(III) form in the sample solution. An efficient pre-
reduction step must be involved in the analytical procedure.
A 5 mL aliquot of sample, standard and culture medium
was transferred to a 50 mL volumetric flask. 20 mL of re-
distilled water, 5 mL of concentrated HCl and 2 mL of 20%
m/v KI solution was added. After 15 min, 2 mL of 10% m/v
ascorbic acid solution was added and left for 60 min
(„elková et al. 1996).

Verification of the analytical procedure: The accuracy of the
whole analytical procedure was tested by analysis of certi-
fied reference materials (CRM) of plants NCS DC 73349 (Bush
Branches and Leaves) and NCS DC 73350 (Poplar Leaves),
human hair NCS DC 73347, all from the China National
Analysis Centre for Iron and Steel (Beijing, China) and soil
CRM SO-4 (CANMET, Canada) with a high content of or-
ganic matter. All results agreed with certified values.
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2 Results

2.1 Biovolatilization of arsenic by heat-resistant
filamentous fungi

The ability of heat-resistant filamentous fungi to volatilize
arsenic is shown in Table 1 and Table 3. These results were
calculated as the difference between the content of total
arsenic before cultivation and the sum of arsenic in the myce-
lium and SAB medium. The average amount of volatilized
arsenic was 0.025 mg and 0.028 mg of arsenic for cultiva-
tion systems originally enriched with 0.5 mg of inorganic
arsenic for the Talaromyces wortmannii, T. flavus and
Eupenicillium cinnamopurpureum species. For systems en-
riched with 1 mg of inorganic arsenic, the average amount
of arsenic volatilized by these species was higher (0.088–
0.090 mg of arsenic). Neosartorya fischeri volatilized an
average of 0.180 and 0.321 mg of arsenic from systems
originally enriched with 0.5 and 1.0 mg of inorganic ar-
senic, respectively.

The non-heat-resistant strain Aspergillus niger volatilized
an average of 0.068 mg (Table 2) and 0.252 mg (Table 4) of
arsenic from systems originally enriched with 0.5 and 1.0 mg
of inorganic arsenic, respectively.

There was no arsenic in fungal controls which were culti-
vated in the absence of arsenic. No loss of arsenic was deter-
mined in cultivation systems without microorganisms. These

systems included only a 45 mL SAB medium enriched with
only the desired amount of arsenic.

The highest biovolatilization factor (the amount of volatil-
ized arsenic/amount of dry mycelium*100) was calculated
for the Neosartorya fischeri strain (35.9% and 70.5% for
0.25 mg and 1 mg of arsenic, respectively). This fungal spe-
cies was then used for the direct determination of the pro-
duction of volatile arsenicals on the 22nd and the 29th day
of cultivation in a system enriched with 0.05 mg of inor-
ganic arsenic. Direct determination of volatilized arsenic was
carried out by capturing volatile arsenicals on sorption ma-
terial (sorbent tubes). The amount of arsenic captured on
sorption material was 35.7 ng of arsenic (22nd day of culti-
vation) and 56.4 ng of arsenic (29th day of cultivation). No
arsenic was determined in either type of control for sorp-
tion material.

2.2 Biosorption of arsenic by compact and pelletized forms
of Neosartorya fischeri

The ability of two forms of biomass to bind arsenic from
aqueous systems is shown in Table 6. Because of the higher
wet weight of pellets, biosorption of arsenic by this form of
biomass is also higher and represents 31.5% of the original
amount of arsenic (2.5 mg) in the system. Biosorption of
arsenic by the compact form of mycelium is lower and rep-
resents 15.2% of the original arsenic content.

Heat-resistant fungi Arsenic content in 
SAB media 

(mg) 

Dry weight of biomass 
(g) 

Arsenic biosorbed in 
mycelium  

(mg) 

Calculated amount of 
volatilized arsenic 

(mg) 

Eupenicillium cinnamopurpureum 0.199±0.012 0.309±0.072 0.023±0.004 0.028±0.013 

Talaromyces wortmannii 0.194±0.010 0.435±0.024 0.029±0.003 0.027±0.012 

Talaromyces flavus 0.199±0.011 0.510±0.051 0.025±0.003 0.025±0.010 

Neosartorya fischeri 0.067±0.011 0.501±0.010 0.003±0.000 0.180±0.011 

Non-heat-resistant fungus Arsenic content in 
SAB medium 

(mg) 

Dry weight of biomass 
(g) 

Arsenic biosorbed in 
mycelium  

(mg) 

Calculated amount of 
volatilized arsenic 

(mg) 

Aspergillus niger 0.167±0.001 0.562±0.088 0.015±0.001 0.068±0.011 

Heat-resistant fungi Arsenic content in 
SAB media 

(mg) 

Dry weight of biomass 
(g) 

Arsenic accumulated in 
mycelium  

(mg) 

Calculated amount of 
volatilized arsenic 

(mg) 

Eupenicillium cinnamopurpureum 0.814±0.048 0.317±0.029 0.099±0.017 0.088±0.036 

Talaromyces wortmannii 0.796±0.018 0.495±0.007 0.114±0.009 0.090±0.026 

Talaromyces flavus 0.801±0.020 0.561±0.029 0,111±0.010 0.088±0.017 

Neosartorya fischeri 0.619±0.010 0.455±0.049 0.060±0.022 0.321±0.015 

Table 1: Biovolatilization of arsenic by heat-resistant fungi after a 30-day cultivation period (initial arsenic content in SAB medium was 0.25 mg)

Table 2: Biovolatilization of arsenic by the non-heat-resistant Aspergillus niger strain after a 30-day cultivation period (initial arsenic content in SAB
medium was 0.25 mg)

Table 3: Biovolatilization of arsenic by heat-resistant fungi after a 30-day cultivation period (initial arsenic content in SAB medium was 1.00 mg)
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2.3 Biovolatilization of arsenic by the Neosartorya fischeri
strain in neutralized and non-neutralized systems

The loss of arsenic in cultivation systems after 90-day culti-
vation was almost the same for both experiments (Table 5).
On average it was 0.168 and 0.198 mg, respectively, of vola-
tilized arsenic in average for neutralized and non-neutral-
ized systems.

3 Discussion

Microscopic filamentous fungi are highly adaptable organ-
isms in extreme environmental conditions such as a lack of
nutrients, high temperature, low or high pH values, or con-
tamination with potential toxic chemical elements and com-
pounds (Piecková et al. 1994, Šimonovi…ová & Franková
2001). They are even more resistant than other microorgan-
isms such as bacteria (Frostegård et al. 1996). The heat-
resistant microscopic filamentous fungi used in this experi-
ment were isolated from sediments highly contaminated with
arsenic (more than 1 403 mg.kg–1 of total arsenic). Previous
research conducted by these authors has shown that fungi
(especially from the species Aspergillus niger and Neo-
sartorya fischeri) were able to survive and grow under high
arsenic contamination with a concentration of 300 mg.l–1 in
bioavailable pentavalent form (H3AsO4) („erÁanský et al.
2004). This environmentally dominant form of arsenic was
used in this experiment.

The results from this experiment have shown that micro-
scopic filamentous fungi are capable under laboratory con-
ditions of volatilizing arsenic at high levels. The calculated

results of volatilized arsenic evaluate the ability of isolated
fungal species to produce volatile arsenicals. This loss of
arsenic was measured indirectly by the determination of the
total arsenic in the mycelium and SAB. There is no correla-
tion between the heat-resistant characteristics of the experi-
mental fungal species and the ability of these species to form
volatile arsenic. This research has shown that even the non-
heat-resistant species Aspegillus niger is capable of volatil-
izing arsenic at high levels (see Table 2 and Table 4).

After a 30-day cultivation period, values of volatilized ar-
senic for each fungal strain were different (see Table 1–4).
This showed that biovolatilization depends on the fungal strain
used. The highest potential to volatilize arsenic was observed
in the Neosartorya fischeri strain. This strain was used in
other experiments for the direct and indirect determination
of loss of arsenic (biovolatilization) during cultivation.

The effect of neutralization of culture medium on the bio-
volatilization of arsenic by Neosartorya fischeri (see Table
5) was very interesting. The amounts of volatilized arsenic
were not too different, but the weight of biomass (myce-
lium) varied under different pH values. It seems that the
mass of biomass itself does not influence biovolatilization,
but maybe the mobility of arsenic ions in solutions or the
contact surface of biomass with the arsenic solution. The
radius of the contact surface was the same in both experi-
ments, so the uptake of arsenic was perhaps constant in
both cases.

Another aspect of this experiment was biosorption. This is
represented by the sum of remaining arsenic in the myce-

Heat-resistant fungus pH value before 
cultivation 

Arsenic content in 
SAB media 

(mg) 

Weight of wet 
biomass  

(g) 

Arsenic biosorbed in 
mycelium  

(mg) 

Calculated amount of 
volatilized arsenic  

(mg) 

Neosartorya fischeri 1.8±0.1 2.007±0.058 3.939±0.605 0.255±0.039 0.168±0.018 

Neosartorya fischeri 7.0±0.1 1.937±0.049 6.284±0.389 0.369±0.029 0.195±0.020 

Heat-resistant fungus Form of microbial biomass Weight of wet biomass  
(g) 

Arsenic biosorbed on biomass 
(mg) 

Neosartorya fischeri compact 4.128±0.369 0.388±0.040 

Neosartorya fischeri pelletized 26.270±5.253 0.783±0.133 

Table 6: Hourly biosorption of arsenic by two forms of microbial biomass – a compact microbial biomass (static cultivation) and a palletized form (dynamic
cultivation) (arsenic content in solution was 2.50 mg)

Table 5: Biovolatilization of arsenic by heat-resistant fungi after a 30-day cultivation period (initial arsenic content was 2.50 mg)

Non-heat-resistant fungus Arsenic content in  
SAB medium 

(mg) 

Dry weight of biomass 
(g) 

Arsenic biosorbed in 
mycelium  

(mg) 

Calculated amount of 
volatilized arsenic 

(mg) 

Aspergillus niger 0.692±0.032 0.461±0.001 0.056±0.001 0.252±0.032 

Table 4: Biovolatilization of arsenic by the non-heat-resistant Aspergillus niger strain after a 30-day cultivation period (initial arsenic content was 1.00 mg)



Subject Area 5 Arsenic Removal

Env Sci Pollut Res 1414141414 • Special Issue 11111 (2007) 35

lium after the cultivation period (see Table 1–5). But these
data also include arsenic sequestrated into intracellular com-
partments, either as free arsenic compounds or as conju-
gates with glutathione or other thiols. Therefore, further
experimentation was carried out to determine the amount
of arsenic that was bond to the surface of Neosartorya
fischeri mycelium. These results are shown in Table 6. The
results suggest that all arsenic, represented by its uptake
into the fungal cells is transformed into volatile derivates,
because the amount of arsenic determined in the mycelium
after the 90-day cultivation period in the presence of the
same initial arsenic concentration (2.5 mg of arsenic) is al-
most the same (see Table 5).

4 Conclusions

In this study, arsenic biosorption and biovolatilization by
various fungi was investigated. The most effective bio-
volatilization of arsenic was observed in the heat-resistant
Neosartorya fischeri strain, while biotransformation of ar-
senic into volatile derivates was approximately two times
lower for the non-heat-resistant Aspergillus niger strain.
Biovolatilization of arsenic by Talaromyces wortmannii,
T. flavus and Eupenicillium cinnamopurpureum was negli-
gible. Thus, biovolatilization is probably not associated with
the ability to survive under extreme thermal conditions and
it seems to be specific for each fungal species. The initial
pH value of the SAB medium did not affect the removal of
arsenic by Neosartorya fischeri. Results from biosorption
experiments indicate that almost all of the arsenic taken up
by Neosartorya fischeri was transformed into volatile
derivates. Biosorption of arsenic by two types of fungal bio-
mass was observed, and the biosorption capacity for ar-
senic of the pelletized and of the compact biomass of Neo-
sartorya fischeri was 0.388 mg and 0.783 mg of arsenic, on
average, respectively.

5 Recommendations and Perspectives

Biovolatilization and biosorption are mechanisms that can
be effectively used in technology for bioremediation of ar-
senic-contaminated localities. Identification and quantifica-
tion of the potential of arsenic immobilization and transfor-
mation into the volatile derivates by microscopic filamentous
fungi is the first step in understanding the role of microor-
ganisms in these mechanisms. These mechanisms form an
important role in the global biogeochemical cycle of arsenic.
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The biosorption of cadmium and arsenic from aqueous solutions onto the unmodified compact 
biomass of microscopic filamentous fungus Aspergillus clavatus DESM. was studied in the concen-
tration range of 0.25 – 100 mg.l-1. The experimental biosorption results for arsenic and cadmium 
followed well the Freundlich equilibrium sorption model. 
 
Key words: Biosorption, arsenic, cadmium, microscopic filamentous fungi. 

 
 
INTRODUCTION 
 
Microscopic filamentous fungi as a part of microbial com-
munities influence transformation and distribution of 
metal (loid)s in the environment. Interactions between 
microorganisms and ions of different metal (loid)s can be 
divided in two basic categories; transformations, that lead 
to the mobilization of heavy metals (bioleaching, biolo-
gical methylation and reduction), and transformations that 
immobilize metal(loid)s, such as biosorption, or different 
types of microbial precipitation, or binding of metalloids to 
macromolecules (Gadd, 2000; Slaninka et al., 2006; 
Šimonovi�ová and Franková, 2001). 

Nowadays, environmental biotechnologies use these 
interactions to decrease concentration of potentially toxic 
chemicals in wastewaters or industrial substrates. The 
most frequent biotechnology is biosorption. The biosorp-
tion is passive non-metabolic process of binding various 
chemicals on biomass (Volesky, 1990), including physic-
co-chemical interactions, adsorption and ion exchange 
(Gadd and White, 1993). In case of biosorption, ion exc-
hange is the most important mechanism, that is realized 
by  interaction  between  ions  of  metal  (loid)s and active 
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groups on cell wall biopolymers. The biomass represents 
polyelectrolyte with amino, carboxyl, phosphate, phenol 
and sulphydril active groups (Naja et al., 2005). 

Biosorption by the biomass of microscopic filamentous 
fungi represents economically and technically relevant 
technology for bioremediation of wastewaters contamina-
ted with metal (loid)s (P�mpel and Scinner, 1993). In this 
paper was studied potential of microscopic filamentous 
fungus Aspergillus clavatus to sorb ions of cadmium and 
arsenic from aqueous solutions. 
 
 
MATERIALS AND METHODS 
 
Preparation of biomass 
 
As a sorbent was used biomass of microscopic filamentous fungus 
A. clavatus DESM. isolated from a locality Pezinok – Kolársky vrch 
(Slovakia), highly contaminated with metal(loid)s. The biomass 
used in experiment was prepared by static cultivation. 50 mL of 
Sabouraud medium (SAB – Himedia, Mumbai, India) were inocu-
lated with 5 mL of spore suspension of microscopic filamentous 
fungus A. clavatus. The biomass was cultivated for two weeks 
under laboratory conditions. Prepared biomass was 5 to 6 cm in 
diameter and 0.5 cm in height. The biomass was then isolated from 
the SAB medium by filtration and centrifugated for 10 min to 
remove the rest of the medium (3000 rpm; MPW-340, Mechanika 
Precyzyjna, Poland). The biomass was than dried and subsequently 
the weight for each sample was adjusted to 1.11 g. 
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Table 1. Amount of immobilized arsenic for aqueous solution by microscopic filamentous fungus Aspergillus clavatus (n = 3). 
 
Amount of cadmium in 50 ml of 
solution before sorption (mg) 

Amount of arsenic in 50 ml of 
solution after sorption (mg) 

Amount of immobilized 
arsenic by biomass (mg) 

Arsenic immobilized 
by biomass (%) 

0.0125 0.0108 0.0017 13.6 
0.025 0.0214 0.0036 14.4 
0.05 0.0456 0.0044 8.80 

0.125 0.1147 0.0103 8.24 
0.25 0.2207 0.0293 11.7 
0.5 0.4547 0.0453 9.06 

1.25 1.1434 0.1066 8.53 
2.5 2.3567 0.1433 5.73 
5.0 4.5400 0.4600 9.20 

 
 
 

Table 2. Amount of immobilized cadmium for aqueous solution by microscopic filamentous fungus Aspergillus clavatus (n = 3). 
 

Amount of cadmium in 50 ml of 
solution before sorption (mg) 

Amount of cadmium in 50 ml 
of solution after sorption (mg) 

Amount of immobilized 
cadmium by biomass (mg) 

Cadmium immobilized 
by biomass (%) 

0.025 0.0137 0.0113 45.2 
0.05 0.0253 0.0247 49.4 

0.125 0.0838 0.0412 33.0 
0.25 0.1986 0.0514 20.6 
0.5 0.4544 0.0456 9.12 

 
 
 
Biosorption of arsenic and cadmium from aqueous solutions 
 
Aqueous solutions (50 mL) with desired concentration of arsenic 
(0.25, 0.5, 1, 2.5, 5, 10, 25, 50 or 100 mg.L-1 As) or cadmium (0.5, 
1, 2.5, 5 or 10 mg.L-1 Cd) were prepared from stock solutions of 
pentavalent arsenic oxyanion (AsO4

-3) or bivalent cadmium ion 
(Cd(NO3)2) stabilized in 0.5 M HNO3 (Merck, Germany). All experi-
ments were replicated in three runs. The biomass was in direct 
contact with prepared aqueous solution for one hour. Each system 
was shaking for 1 h on shaker (120 rpm, Unimax 2010, Heidolph, 
Germany). After an hour's sorption, compact biomass was mecha-
nically isolated from solution and washed with 20 ml of deionized 
water. Subsequently the total arsenic and cadmium content in 
aqueous solution was measured as described below (Bujdoš et al., 
2000). 
 
 
Analytical method 
 
The arsenic standard was prepared by a dilution of stock solutions 
of As 1.000 g.L–1 (Merck, Germany, H3AsO4 in 0.5 mol.L–1 HNO3) 
and of Cd 1.000 g.L-1 (Merck, Germany, H3AsO4 in 0.5 mol.L–1 
HNO3). The total concentration of arsenic in aqueous solution was 
analyzed by using hydride generation atomic absorption spectro-
metry (HG AAS), using the Perkin-Elmer Atomic Absorption 
Spectrometer model 1100 (USA) equipped with a hydride generator 
LabTech HG-2 (Czech Republic). Cadmium was analyzed by using 
flame atomic absorption spectrometry (FAAS), using the Perkin-
Elmer Atomic Absorption Spectrometer model 1100 (USA). 
 
 
RESULTS AND DISCUSSION 
 
In this paper was determined the ability of fungal A. 
clavatus strain to biosorb (immobilize) oxyanions of arse-

nic (0.25 – 100 mg.L-1) and bivalent ion of cadmium (0.5 - 
10 mg.L-1 Cd) from aqueous solutions. Amounts of 
biosorbed arsenic and cadmium onto fungal biomass are 
shown in Tables 1 and 2. The results has shown that ar-
senic oxyanions and cadmium behave differently by the 
low concentrations of metal (loid)s in aqueous solution. 
Sorption of arsenic onto unmodified biomass of A. cla-
vatus in concentration range from 0.5 to 5 mg.L-1 is low 
(around 10 % from original amount of arsenic in solution), 
while the biosorption of cadmium is nearly three times 
higher. Lower sorption of arsenic by biomass, which is in 
solution presented as negative charged oxyanion, may 
relate with repulse electrostatic interactions between 
negatively charged surface of biomass and AsO4

3-. 
Experimental results from biosorption are usually quan-

titative evaluated by using adsorption isotherm models, 
which show dependency of sorbed amount of certain 
chemical compound in sorbent Seq (concentration of 
metal (loid) in biomass of microscopic filamentous fun-
gus) and concentration of this chemical compound in 
aqueous solution Ceq (equilibrium concentration of metal 
(loid) in aqueous solution after biosorption). 

Quantitative evaluation of biosorption using equilibrium 
adsorption models is important for constructing and opti-
mizing parameters of adsorption system for removal of 
toxic metal (loid)s from waters. Biosorption of arsenic and 
cadmium were evaluated in this paper using standard 
adsorption model, Freundlich isotherm, which expects 
heterogeneous distribution of energy of adsorption sites 
on sorbent. Freundlich adsorption isotherm has form: 
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Table 3. Freundlich constants for biosorption of cadmium and arsenic onto biomass of Aspergillus 
clavatus strain from aqueous solutions. 
 

Metal logKF (mg.g-1)/(mg.ml-1)N N R2 
Cadmium Cd2+ -0.685 (-1.09 – -0.282) 0.435 (0.289 – 0.580) 0.762 
Arsenic AsO4

3- 0.413 (0.253 – 0.574) 0.890 (0.826 – 0.955) 0.970 
 
 
 

 
 
Figure 1. Application of Freundlich model to arsenic and 
cadmium biosorption onto biomass of fungal Aspergillus 
clavatus strain. 

 
 
 

N
eqFeq CKS =                                      (1) 

 

and its linear form is: 
 

eqFeq CNKS logloglog +=            (2) 
 

where Seq is adsorbed amount of metal(loid) onto bio-
mass (mg.g-1), Ceq is equlibrium concetration of metal 
(loid) in aqueous solution (mg.ml-1), KF and N are 
Freundlich constants.  

For determination of Freundlich constants its linear 
form (2) was used and their values along with determi-
nation coefficients for biosorption of arsenic and cadmium 
are shown in Table 3.  

The experimental biosorption results for arsenic and 
cadmium followed well the Freundlich equilibrium sorp-
tion model in the concentration range of 0.25 – 100 mg.l-1 
(Figure 1), and dependency of Seq and Ceq were statis-
tically significant (P < 0,001 for As and P < 0,05 for Cd). 
Adsorption isotherm for biosorption of arsenic is relatively 
linear because Freundlich exponent N is around 1 (Table 
3). This shows that there were not all of the active sites 
occupied in certain concentration range, while the absor-
ption capacity of biomass did not change. The ability of 
biomass to sorb arsenic without respect to initial concen-
tration of arsenic in aqueous solution also support relative 
constant of immobilized arsenic by biomass, which are 
shown in Table 1. On the other hand, adsorption isotherm 
of cadmium is significantly nonlinear and has convex 

form (N < 1), which refers to lower affinity of cadmium to 
biomass in higher initial concentration of cadmium in 
aqueous solution. This means that sorption capacity of 
biomass for cadmium ions is limited in this concentration 
range (Table 2). 
 
 

Conclusion 
 

Application of biosorption for removal of potentially toxic 
metal (loid)s from contaminated waters is a problem that 
is mostly studied under laboratory conditions. But we can 
plan real technologies useable for in situ bioremediation 
only when all of the parameters of this technology are 
verified mathematically to guarantee economical advent-
age of this technology in comparison with conventional 
chemical methods. This is why laboratory experiments 
represent important step before the construction of large-
scale bioreactor. In this paper the biosorption of cadmium 
and arsenic from aqueous solutions onto the unmodified 
compact biomass of microscopic filamentous fungus A. 
clavatus DESM. was studied in the concentration range 
of 0.25 – 100 mg.l-1. Mathematical model (Freundlich 
isotherm) from experimental results suggests potential of 
biomass of microscopic filamentous fungi for removing of 
toxic metal (loid)s from contaminated waters. 
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